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ABSTRACT 
 

REVEALING THE BIOGEOCHEMISTRY AND HYDRODYNAMIC EXCHANGE 
PROCESSES OF FLOCCULENT SEDIMENTS IN SHALLOW FRESHWATERS 

 
By 

 
Dustin William Kincaid 

 
Although often small in area, shallow freshwaters are abundant in many landscapes, and 

their roles in watershed biogeochemical cycles are increasingly appreciated. However, shallow 

waterbodies have been far less studied than larger lakes and rivers. To understand the aggregate 

role of small waterbodies at watershed scales, their distinctive features need more investigation.  

Biogeochemical processes in waterbodies are strongly influenced by sediment-water 

interactions, which influence aquatic ecosystem metabolism and productivity, fluxes of nutrients 

to downstream ecosystems, and atmospheric greenhouse gas exchanges. The influence of the 

sediment-water interface (SWI) is especially great in smaller waterbodies because of their 

shallow depths and high biological productivity, and because they often receive high inputs of 

groundwater, nutrients, and detrital organic matter.  

Thick accumulations of flocculent sediments, or floc, are common in many shallow 

freshwaters that have productive aquatic and/or riparian vegetation and lack strong current or 

wave action. Loosely structured floc layers form a transitional zone that is potentially more 

connected to overlying water than relatively consolidated sediments, and are subject to dynamic 

variation in physical structure, thermal stratification, and reduction-oxidation (redox) status. 

Despite the prevalence of floc, its biogeochemical importance has been little studied. These 

sediments represent a potentially reactive SWI that can be considered an ecotone between 

overlying water, sediment porewater, and deeper groundwater. As with other better studied SWIs 

(e.g., deep lacustrine and marine waters, river hyporheic zones), floc sediments may play an 



important role in the biogeochemical cycles of freshwater ecosystems, and their distribution in 

shallow waters may be very extensive. 

In this dissertation I employ a broad array of approaches to reveal the biogeochemical 

importance of floc in shallow freshwaters. In Chapter 1, I describe the physicochemical 

properties of floc and examine which environmental features serve as predictors of floc thickness 

across a diverse set of shallow waterbodies in southwestern Michigan. In Chapter 2, I investigate 

organic matter decomposition rates in floc and quantify the temperature-sensitivity of this 

process. In Chapter 3, I consider the potential for floc to remove nitrate from overlying waters 

and compare nitrate removal rates for floc to rates reported in the literature for other common 

sediment types. Finally, in Chapter 4, I evaluate two physical exchange processes, diffusion and 

buoyancy-induced flow, using heat transport modeling and direct observation of flow to 

determine the drivers of solute exchanges between overlying waters and floc porewaters. 

This research confirms that floc is abundant in shallow freshwaters and reveals that floc 

can be distinguished by high organic matter percentages, low bulk densities, and high volumes of 

occluded gas bubbles compared with other organic sediments. Floc layers are active sites for 

decomposition despite persistent anoxia, and results suggest floc accumulations are sustained by 

particularly high rates of organic matter input rather than slow decomposition. Further, 

decomposition rates could increase 12-56% with a 1-4°C increase in water temperatures—a 

likely scenario for this region in the next 100 years. Third, floc has the potential to remove 

nitrate from overlying waters, but the limitations of our approach hinder our ability to conclude 

that removal rates are much greater than those measured with other sediments. Lastly, buoyancy-

induced mixing of overlying water and floc porewaters is an important mechanism driving the 

exchange of heat and fluid across the SWI in shallow waterbodies, at least seasonally.
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overlying water, a feature also noted in our ADCP observations. .............................................. 176	
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CHAPTER 1  
 

PHYSICOCHEMICAL PROPERTIES AND PREVALENCE OF FLOCCULENT ORGANIC 
SEDIMENT IN SHALLOW FRESHWATERS 

 

ABSTRACT 

 Shallow freshwater ecosystems often disproportionately contribute to nutrient cycling 

and carbon storage relative to deeper waterbodies, yet have not received as much study. Shallow 

waters are often highly productive and their biogeochemical processes are strongly influenced by 

sediment-water interactions. I surveyed a rarely investigated sediment type found in many 

shallow waterbodies—flocculent organic sediment (floc)—that represents a potentially reactive 

sediment-water interface (SWI) that may modulate biogeochemical fluxes and carbon storage in 

shallow freshwaters. Here I describe the physicochemical properties of floc, compare these to the 

properties of organic sediments from other freshwaters, and examine which environmental 

features serve as predictors of the thickness of floc layers in a variety of shallow freshwaters in 

southwestern Michigan. Thick accumulations (>10 cm) of floc were abundant in most of the 

shallow waters I surveyed. The physicochemical properties of floc do not differ much from other 

organic sediments found in freshwaters, with the exception of their relatively high OC 

concentrations, low bulk densities, and high volumes of occluded gas bubbles. However, these 

distinctive features may have consequences for the exchange of solutes across the SWI and 

carbon burial, especially given the prevalence of floc in shallow waters. I suggest that a greater 

focus on exchange processes and resulting biogeochemical rates at the floc-water interface would 

enhance our understanding of biogeochemical processes in shallow waterbodies.  
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INTRODUCTION 

 Although often small in area, shallow aquatic ecosystems are recognized as being 

abundant in many landscapes, and their cumulative roles in global biogeochemical cycles 

(including carbon sequestration and nitrogen retention) are increasingly appreciated (Downing et 

al. 2008; Harrison et al. 2009; Tranvik et al. 2009; Cheng and Basu 2017). However, shallow 

waters have been far less studied than larger and deeper lakes and rivers (Smith et al. 2002; 

Harrison et al. 2009; Downing 2010; Raymond et al. 2013). To understand the aggregate role of 

shallow waters at watershed scales, their distinctive features need more investigation. And to 

scale results to watersheds, it is necessary to relate those features to waterbody characteristics, 

vegetation, and abiotic factors like temperature. 

Biogeochemical processes in waterbodies are strongly influenced by sediment-water 

interactions (McClain et al. 2003; Abbott et al. 2016; Bernhardt et al. 2017), which influence 

aquatic ecosystem metabolism and productivity, fluxes of nutrients to downstream ecosystems, 

and atmospheric greenhouse gas exchanges (Grimm and Fisher 1984; Golterman 2004; 

Megonigal et al. 2004). The influence of the sediment-water interface (SWI) is especially great 

in smaller waterbodies because of their shallow depths and high biological productivity, and 

because they often have high watershed inputs of groundwater, nutrients and organic matter 

(Wetzel 1992; Alexander et al. 2000; Beaulieu et al. 2011; Helton et al. 2011). 

Thick accumulations of flocculent organic sediments, or floc, are common in many 

shallow freshwater ecosystems that have productive aquatic and/or riparian vegetation and lack 

strong current or wave action. Loosely structured floc layers, often exceeding 10 cm depth, form 

a transitional zone that is potentially more connected to overlying water than relatively 

consolidated sediments, and are subject to dynamic variation in physical structure, thermal 
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stratification, and reduction-oxidation (redox) status. Despite the very common occurrence of 

these sediments in a diversity of shallow waterbodies, their biogeochemical and ecological 

importance has been little studied, and they are often incorrectly sampled using core methods 

developed for relatively consolidated sediments, or simply avoided in sediment studies. These 

floc sediments represent a potentially reactive SWI that can be considered an ecotone continuum 

between the water column and the sediment porewater and deeper groundwater. As with other 

better studied SWIs (e.g., deep lacustrine and marine waters, river hyporheic zones), floc 

sediments may play an important role in the biogeochemical cycles of freshwater ecosystems, 

and their distribution in shallow waters may be very extensive. 

 Here I present the results of multiple surveys of flocculent sediments in shallow 

waterbodies of southwestern Michigan, USA. My primary objectives were to (1) describe the 

physicochemical properties of particulate floc and the floc layer, (2) compare these to the 

properties of organic sediments from other freshwaters, and (3) examine which environmental 

features serve as predictors of floc abundance—measured as thickness of the floc layer—in 

shallow freshwaters. I used a structural equation modeling approach to infer the relative 

importance of waterbody characteristics, aquatic vegetation, and temperature to predict the 

thickness of floc sediment in shallow wetlands and lake littoral zones. 

 

METHODS 

Site selection 

 I conducted multiple surveys of flocculent sediments in a variety of shallow freshwater 

ecosystems near the Kellogg Biological Station in Barry and Kalamazoo Counties, Michigan, 

USA (see Appendix Table A1.1 for site information). These sites included the littoral zones of 
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lakes, shallow through-flow wetlands, submarine deltas where streams entered lakes, and 

depositional zones on the margins of stream channels. Waterbodies in this region are embedded 

in a heterogeneous rural landscape consisting mostly of agricultural land and unmanaged 

terrestrial uplands (primarily secondary deciduous forest and successional old fields). Many of 

the lakes and wetlands in this area occupy glacial depressions (kettles) and submersed and 

floating aquatic vegetation communities tend to be abundant in waters less than about 2.5 m deep 

during the summer. Dominant aquatic vegetation species include Myriophyllum spp., 

Potamogeton spp., Chara spp., Nuphar advena, Nymphaea odorata, and Brasenia schreberi. 

Streams draining the glacial terrain often originate or pass through lakes and wetlands and are 

commonly fringed by riparian fen wetlands. Because there is a high degree of linkage between 

surface water and groundwater in the area and surface runoff is low, most surface waters are 

heavily influenced by groundwater discharge and many have relatively stable water levels as a 

result (Grannemann et al. 2000; Hamilton 2015). 

 

Surveys of flocculent sediments 

Intact flocculent sediment core survey—I collected intact (undisturbed) cores of flocculent 

sediment from a variety of shallow (<1 m depth) freshwater ecosystems in July and August 

2014. I targeted locations largely devoid of vascular plant growth, though often these were small 

open patches surrounded by dense aquatic vegetation. The coring device I used (Figure 1.1) was 

modeled after a corer designed by Gardner et al. (2009), which was developed to collect intact 

cores of soft sediments in marine environments. To minimize compaction of the floc sediment 

during collection, I used a wide transparent acrylic coring tube (15.2 cm outer diameter, 14.6 cm 

inner diameter, varying lengths to suit site needs, Delvie’s Plastics, Salt Lake City, Utah) with a 
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beveled edge at the bottom to create a sharp edge. I then fitted the coring tube with a check-valve 

coring head, which allowed air and water to pass through the top of the coring tube during 

deployment, but closed during retrieval of the core (Gardner et al. 2009). The coring head 

consisted of a plumbing check-valve (5.1 cm [2 in.] inlet and outlet inner diameter) connected to 

a 10.2 cm (4 in.) to 15.2 cm (6 in.) rubber plumbing adapter using a 10.2 cm (4 in.) to 5.1 (2 in.) 

pipe reducer bushing. To facilitate sampling of porewater directly from the sediment core, I also 

drilled a series of small holes (2.5 mm diameter) into the coring tube every 1 cm along the entire 

length of the tube on four sides. Prior to deployment, I sealed the holes with continuous lengths 

of vinyl electrical tape. I collected the cores by carefully inserting the coring device into the floc 

layer while rotating it until the coring tube reached the consolidated sediment below the floc. If 

substantial ebullition (release of trapped gas bubbles) occurred during core retrieval or I 

observed disturbance of the sediment through the core liner, I discarded the core and collected a 

new one. I then capped both ends of the coring tube with a pipe end cap made of flexible PVC 

(16 cm inner diameter, Fernco Inc., Davison, Michigan) leaving enough overlying water in the 

core to completely fill the space between the top of the floc layer and the top of the coring tube 

(i.e., no headspace). Cores were processed after careful transport back to the lab. 
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Figure 1.1. Sediment coring device used to collect intact (undisturbed) cores of flocculent 
sediment. The corer was modeled after a design by Gardner et al. (2009) and consists of a check-
valve coring head with a release valve and an exchangeable transparent acrylic coring tube. Here 
small holes drilled into the coring tube to facilitate porewater sampling are covered with lengths 
of vinyl electrical tape. Also pictured is an example of the round end cap used to seal the coring 
tube during transport. 

Following porewater sampling in the laboratory (see below), I removed the water 

overlying the floc and sectioned the cores into 1-5 cm depth intervals by extruding the sediment 

out of the top of the core. If the water content of the floc was too high (often the case in the 

upper several centimeters), I scooped the section out of the core. 

Before collecting the intact core, I sampled the water overlying the floc. I did this by 

collecting approximately 250 mL of overlying water and immediately filtering it through Supor 

polyethersulfone membrane filters (0.45 µm pore-size; Pall Corp., Port Washington, New York). 

Samples were stored at 4°C until analysis within 5 days of sample collection. 
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Survey of floc abundance and physicochemical characteristics—I surveyed flocculent sediments 

along the littoral margin (from the shore to water no more than approximately 2 m in depth) of 

13 waterbodies in June and early July 2015. I made measurements at approximately 10 sites in 

each waterbody representing the dominant habitat types in each ecosystem (e.g., open water 

versus vegetated, confluence of flowing waters with non-flowing waters). At each site, I 

measured the depth of the water column and the thickness of the floc layer. I partitioned the 

sediments into floc and underlying consolidated layers and other types of organic-rich deposits 

(e.g., peat) by adopting an operational definition of the floc layer depth based on the depth to 

which a 0.33-kg, 0.64-cm diameter cylinder sank on its own weight or I could no longer freely 

swirl the cylinder without feeling resistance. I also measured water temperature, floc 

temperature, and estimated percent cover of emergent, floating, and submerged vegetation.  

At a subset of sites, I collected additional samples to characterize the physicochemical 

characteristics of floc. At these sites, I collected samples of the upper 15-20 cm of the floc layer 

using a smaller coring tube (coring tube inner diameter, 5.4 or 6.2 cm). I also measured the bulk 

volume of occluded (trapped) gas in the floc layer in an undisturbed area of floc near the core 

selection site. To do this I submersed a bowl (inner diameter, 23 or 38 cm) in the water column 

to remove all of the air and then inverted the bowl in the water column above the floc layer. 

While holding the inverted bowl in a constant location, I used a canoe paddle to disturb the floc 

layer beneath the bowl and captured the released gas bubbles in the bowl. I then estimated the 

volume of gas in the bowl and collected a subsample in a 60-mL syringe with a 3-way valve by 

piercing a rubber septum embedded in the bowl. Gas volumes are expressed per area (L m-2) or 

per volume of floc (L m-3) by multiplying the area of the sampling bowl by the thickness of the 

floc layer. I quantified the percent composition of nitrogen (N2) and methane (CH4), which 
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comprised most of the gas in these samples, via gas chromatography within 24 hours. At the 

same subset of locations, I sampled the water overlying the floc. I did this by collecting 

approximately 250 mL of overlying water and immediately filtering it through Supor 

polyethersulfone membrane filters (0.45 µm pore-size; Pall Corp., Port Washington, New York). 

I stored samples at 4°C until analysis within 5 days of sample collection. 

 

Porewater sampling 

Intact cores—I collected samples of porewater directly from the intact cores to measure 

dissolved gas and solute concentrations at multiple depths throughout the vertical profile of the 

floc core. I began sampling at approximately 1 cm below the floc-water interface and then 

collected samples every 1 cm for the first 5 cm and then every 2-3 cm for the remaining depths. 

Each sample was collected from a different side of the core than the previous one to ensure I 

sampled undisturbed porewater. To extract the porewater from the core, I pierced the vinyl 

electrical tape and carefully inserted a 10 cm long Rhizon sampler (0.15 µm mean pore-size; cat. 

no. 19.21.21, Rhizosphere Research Products, Wageningen, The Netherlands) horizontally into 

the floc. I minimized water loss and held the Rhizon samplers in place using additional vinyl 

electrical tape to secure the samplers on the outside of the core. I slowly extracted an initial 2 mL 

of pore water using a spring-loaded 30-mL syringe connected to the Rhizon via a 3-way syringe 

valve with a standard Luer lock. After discarding this initial volume, I collected another 3 mL of 

pore water for determination of dissolved gas concentrations. I then attached a new syringe and 

3-way valve to the Rhizon sampler, extracted an additional 14 mL of porewater, and immediately 

added subsamples of the filtered porewater into reagents to produce stable colorimetric 

complexes with dissolved Fe2+ and ΣH2S (i.e., H2S + S2-). Finally, I extracted an additional 5 mL 
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of pore water and stored this filtered sample at 4°C until analysis within 5 days of sample 

collection. Once all samples were collected, I extracted the dissolved gases from the porewater 

sample into a gaseous headspace (ambient lab air) using a static headspace equilibration (Ioffe 

and Vitenberg 1984) and stored the headspace sample in a glass vial sealed with a septum. I 

determined the concentration of carbon dioxide (CO2) and CH4 via gas chromatography within 

30 days. 

 

In situ sampling—I collected samples of porewater in situ using two methods. In mid-September 

and early October 2015, I collected porewater samples at multiple depths (intervals, ≥ 1 cm) of 

the floc layer in 6 different waterbodies at locations with water columns <1 m deep. To facilitate 

collection of undisturbed porewater samples at known depths, I attached 10-cm long Rhizon 

samplers to a customized sliding plate device (Figure 1.2) carefully inserted the device into the 

floc, and slid the samplers horizontally into undisturbed floc adjacent to the sliding plate 

sampler. I extracted 15 mL of porewater from each depth using a spring-loaded 30-mL syringe 

connected to the Rhizon via Tygon PVC tubing. In 2016, I collected a depth-integrated 

porewater sample from the upper 10 cm of floc at a variety of shallow (<1 m) freshwater 

ecosystems in July, August, and October. Instead of using the sliding plate sampler method, I 

inserted a 10-cm long Rhizon sampler vertically into the floc layer and slowly extracted 20 mL 

of porewater using a spring-loaded 30-mL syringe connected to the Rhizon via Tygon PVC 

tubing. For both sampling approaches, I added subsamples of the filtered porewater into reagents 

in the field to produce stable colorimetric complexes with dissolved Fe2+ and ΣH2S. The 

remaining filtered portion stayed cold on ice until return to the laboratory. I stored all filtered 

samples at 4°C until analysis within 5 days of sample collection. 



 

 26 

 

Figure 1.2. Customized sliding plate sampler for sampling porewater in flocculent sediments at 
multiple depths with Rhizon samplers. The photo on the left depicts the sampling setup before 
deployment and the photo on the right depicts the sampler deployed in flocculent sediment. 

Floc chlorophyll a profiles 

In late June and early July 2016, I collected intact cores of flocculent sediment from 10 

waterbodies to measure chlorophyll a (chl a) concentrations throughout the floc profile. Once 

again, I targeted locations with water columns <1 m deep that were also largely devoid of 

vascular plant growth. I collected floc cores using a transparent coring tube (inner diameter, 7.2 

cm) and then transported them back to the lab for processing. The cores were sectioned into 1-5 

cm depth intervals by extruding the sediment out of the top of the core. If the water content of 

the floc was too high, I scooped the section out of the core. I collected a homogenized 0.3 mL 

subsample of floc from each core slice using a cutoff 3-mL syringe. To dewater the floc, I 

centrifuged the subsample in a 15-mL centrifuge tube at 4000 rpm for 3 min. and then removed 

the liquid layer from the top using a pipette. Samples were capped and frozen until extraction. To 
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determine chl a concentrations, I extracted pigments from the sediment in 90% acetone for 24 

hours at 4°C, followed by measurement of chl a concentrations on filtered subsamples using a 

calibrated Turner Designs fluorometer (TD-700, Turner Designs, Sunnyvale, CA, USA). Data 

are expressed both gravimetrically (µg per sediment dry weight, DW, µg g-1 DW) and 

volumetrically (µg per volume of sediment, µg cm-3). 

 

Water and gas analyses 

 I determined the concentrations of solutes in overlying water and porewater using the 

following analytical methods. I measured concentrations of major ions using Dionex membrane-

suppression ion chromatography. Analysis of NH4
+ differed for overlying water and porewater 

samples: I determined NH4
+ concentrations in porewater samples using ion chromatography and 

in overlying water colorimetrically using the phenylhypochlorite technique (Aminot et al. 1997). 

I measured soluble reactive phosphorus (SRP) concentrations colorimetrically using the 

molybdate blue method and long-path-length spectrophotometry (Murphy and Riley 1962) and 

dissolved organic carbon (DOC) using the non-purgeable organic carbon (NPOC) method on a 

Shimadzu carbon analyzer equipped for high-temperature, Pt-catalyzed combustion and gas 

chromatographic measurement of the resultant CO2. I measured dissolved Fe2+ in porewater 

colorimetrically using a ferrozine reaction method modified from (Lovley and Phillips 1987) and 

(Stookey 1970), in which I added filtered porewater to a solution of 50 mM 4-(2-hydroxethyl)-1-

piperazineethanesulfonic acid buffer containing ferrozine (1 g l-1). I measured ΣH2S in 

porewaters using the methylene blue spectrophotometric method (Golterman and Clymo 1969). 

 I determined the concentrations and percent composition of gases using the following 

analytical methods. To determine the partial pressures of CO2 and CH4 in the extracted gas 
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samples from the intact core survey, I used an Agilent 7890 gas chromatograph equipped with a 

flame ionization detector for CH4 and Licor 820 infrared gas analyzer for CO2. To measure the 

percent composition of N2 and CH4 in the occluded gas bubbles, I used gas chromatography 

equipped with a flame ionization detector (CH4) and a thermal conductivity detector (CO2).  

 

Sediment analyses 

 I analyzed sediment samples for water and organic matter content, dry bulk density, 

porosity, and total particulate carbon and nitrogen content using the following methods. I 

determined the water content (% of wet weight) by drying homogenized subsamples in the oven 

at 60°C. After weighing the dried subsamples, I determined organic matter content (% of dry 

weight) by loss on ignition (LOI) upon combusting the subsamples at 550°C for two hours. I 

calculated the dry bulk density and porosity of each depth layer assuming a sediment particle 

density of 1.25 and 2.65 g cm-3 for organic particles and inorganic particles, respectively 

(Avnimelech et al. 2001). I also determined total carbon and nitrogen content of the particulate 

fraction of floc by combusting dried and finely ground subsamples in a Costech CHN automated 

combustion analyzer. Prior to analysis in the CHN analyzer, I removed inorganic C from the 

samples via HCl fumigation (Harris et al. 2001). I performed the previous analyses on 

subsamples of the bulk core samples from the floc abundance survey and on subsamples from 

the individual depth intervals for the intact cores and chl a samples. 

 

Data analysis 

 I used a structural equation modeling (SEM) approach to infer the relative importance of 

waterbody characteristics (catchment slope and depth to consolidated bottom [depth to bottom]), 
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aquatic vegetation cover (combined emergent and floating cover [surface vegetation] and 

submerged vegetation cover), and temperature (water column and floc sediment) to the thickness 

of floc in shallow wetlands and the littoral zones of lakes. The SEM allowed me to evaluate the 

nature and magnitude of direct and indirect effects of a hypothesized network of causal 

relationships that together influence the thickness of floc in shallow waters. In lieu of the 

traditional variance covariance-based SEM, I fit a piecewise SEM (Shipley 2009; Lefcheck 

2016) using the ‘piecewiseSEM’ package in R (Lefcheck 2016). This approach is able to (1) 

piece together multiple generalized linear models fit to different distributions to a single causal 

network, (2) account for hierarchy by nesting variables in a mixed model framework, and (3) use 

Shipley’s test of direct separation (d-separation) to examine missing paths in the model and 

overall model fit (Shipley 2013; Lefcheck 2016).  

I constructed the piecewise SEM based on a meta-model depicting the hypothesized 

potential relationships (Appendix Figure A1.1). The data I used for this analysis were from 

waterbodies with low flow measured during the 2015 survey of floc abundance (not including 

measurements from Morrow Lake, a run-of-river reservoir in the Kalamazoo River). I fit each 

component model of the piecewise SEM as linear models fit to a negative binomial distribution 

for floc thickness, binomial distributions for vegetation cover proportion data, and normal 

distributions for water column and floc sediment temperatures. To properly model the 

overdispersion in the vegetation cover proportion data, I included an observation-level random 

effect in both of those models (Harrison 2014; Harrison 2015). I included site (waterbody) as a 

random effect in all models to account for between-site variation and correlations between 

measurements made in the same site while assessing the independent variables. I evaluated 

overall fit of the piecewise SEM using Shipley’s test of d-separation: Fisher’s C statistic 
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(Shipley 2009), the Akaike information criterion (AIC), and AIC corrected for small sample 

sizes (AICc) (Shipley 2013). I added missing paths that would significantly improve model fit as 

indicated by the test of d-separation (p < 0.05) if they were also ecologically relevant. The 

pseudo-R2 values for each component model were estimated using the Nakagawa and Schielzeth 

approach (Nakagawa and Schielzeth 2012) in the ‘piecewiseSEM’ and ‘r2glmm’ packages 

(Jaeger 2017) in R. All statistical analyses were completed in R v.3.4.3 (R Core Team 2017) 

using RStudio v.1.1.383 (RStudio Team 2017). 

 

RESULTS 

Physical properties and organic content of floc 

 The upper 20 cm of floc sediments in shallow waterbodies of southwestern Michigan 

have high water contents (Figure 1.3A, median = 88%) and are loosely consolidated with a 

median dry bulk density of 0.13 g cm-3 (Figure 1.3B) and a median porosity of 0.94 (Figure 

1.3C). Organic matter and organic carbon concentration ranged widely (Figure 1.3D, E), with 

median values of 40% and 20% by dry weight, respectively. The median C:N molar ratio of 

particulate floc was 11.7 (Figure 1.3F). 
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Figure 1.3. Histograms showing the distributions of (A) water content, (B) dry bulk density, (C) 
porosity, (D) organic matter content estimated as loss-on-ignition, (E) organic carbon content, 
and (F) C:N molar ratios of the upper 20 cm of flocculent sediment in shallow waterbodies in 
southwestern Michigan, USA. The vertical dashed lines represent the median. 

Algal biomass 

 Chlorophyll a concentrations varied widely in the upper 5 cm of floc sediments (9.3-

266.1 µg g-1 DW or 1.2-26.3 µg cm-3) and decreased with depth (Figure 1.4). Detectable levels of 

chl a often remained at depths of more than 20 cm below the floc-water interface. I did not seek 

to identify the algae present in the floc sediment cores, but I observed filamentous algae in many 

of the cores, and at one site, the duckweed Wolffia sp. was present throughout the depth of the 

core. 
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Figure 1.4. Vertical profiles of chlorophyll a content (per sediment dry weight, DW) in 
flocculent sediments in 10 different shallow waterbodies in southwestern Michigan, USA. Open 
circles represent measured concentrations and the lines represent a LOESS curve fit to each 
profile. Zero on the depth axis represents the interface between flocculent sediment and 
overlying water. 

Porewater chemistry 

 Concentrations of DOC, SRP, and NH4
+ in the upper 10 cm of the floc layer typically 

exceeded concentrations in overlying waters by factors ranging from approximately 2 to 6, 0 to 

600, and 7 to 2100, respectively (Figure 1.5A-C). Conversely, floc porewater concentrations of 

NO3
- and SO4

2- were typically less than concentrations in overlying waters (Figure 1.5D, E). 

Dissolved nutrient concentrations in the upper 10 cm of the floc layer were found at detectable 

levels in most samples, with the exception of NO3-N, which was near or below the analytical 

detection limit (~15 µg L-1) for most porewater samples. 
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Figure 1.5. Surface water (SW) and flocculent sediment porewater (PW) concentrations of (A) 
dissolved organic carbon (DOC), (B) soluble reactive phosphorus (SRP), (C) ammonium (NH4

+), 
(D) nitrate (NO3

-), and (E) sulfate (SO4
2-) in shallow waterbodies in southwestern Michigan, 

USA. Porewater concentrations represent the mean concentration of each solute in the upper 10 
cm of the floc layer. Lines in the scatterplots represent the 1:1 ratio. 

 The shape of vertical porewater profiles through the floc layer, which reflects net 

production or consumption of solutes, was dependent on the solute. The profiles for Fe2+, ΣH2S, 

SRP, NH4
+, CO2, and CH4 (Figure 1.6A, B, D, E, G, H) were typically concave implying net 

production of these solutes within the floc sediment layer (Lerman 1979; Berner 1980). 

Conversely, the profiles of SO4
2- and NO3

- (Figure 1.6C, F) were typically convex implying net 
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removal of these solutes in the floc sediment layer, though there was one site where NO3
- 

increased with depth. Zones of production or consumption based on visual inspection of the 

profile curves seemed to occur in the upper 15-20 cm of the floc layer, with the exception of 

NO3
-, which was nearly undetectable in most profiles below upper 1 cm of the floc layer. 

 

Figure 1.6. Vertical profiles of flocculent sediment porewater concentrations of (A) dissolved 
ferrous iron (Fe2+), (B) dissolved free sulfide (ΣH2S), (C) sulfate (SO4

2-), (D) soluble reactive 
phosphorus (SRP), (E) ammonium (NH4

+), (F) nitrate (NO3
-), (G) dissolved carbon dioxide 

(CO2), and (H) dissolved methane (CH4) from shallow waterbodies in southwestern Michigan, 
USA. Profiles were collected from intact cores of flocculent sediment and in situ sampling 
events. Open circles represent measured concentrations and the lines represent a LOESS curve fit 
to each profile. Zero on the depth axis represents the interface between flocculent sediment and 
overlying water. 

Occluded gas volume and chemistry 

 The total volume of occluded gas in flocculent sediments ranged from 0.2 to 10.6 L m-2 

with a median volume of 2.4 L m-2 (Figure 1.7A). Gas volume expressed per volume of floc 

ranged from 2.2 to 80.2 L m-3 with a median volume of 7.6 L m-3. The composition of occluded 

gas was predominantly CH4 and N2; together these two gases composed between 86 and 95% of 

the total occluded gas volume (Figure 1.7D). I did not quantify the composition of the balance of 
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occluded gas. Methane in the occluded gas ranged from 0.1 to 76%, with a median value of 47% 

(Figure 1.7B). Nitrogen gas ranged from 16 and 95%, with a median value of 42% (Figure 1.7C). 

 

Figure 1.7. Histograms showing the distributions of (A) volume, (B) percent methane (CH4), and 
(C) percent nitrogen gas (N2) of occluded (trapped) gas in flocculent sediments in shallow 
waterbodies of southwestern Michigan, USA. The vertical dashed lines represent the median. (D) 
shows the sum of the percent CH4 and N2 in each sample of occluded gas arranged in order of 
decreasing percent CH4.  

 Occluded gas volume, CH4 content, and CH4 to N2 ratios were correlated with various 

environmental variables (Figure 1.8), but not to measures of organic matter content (LOI or OC 

content, p > 0.05), N content of particulate floc (C:N molar ratio, p > 0.05), or sediment structure 
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(dry bulk density or water content, p > 0.05). The volume of occluded gas was positively 

correlated with floc thickness (Figure 1.8A, p < 0.001, R2 = 0.29, slope = 0.034, standard error 

[SE] = 0.008), but not floc sediment temperature (Figure 1.8B) or emergent vegetation cover 

(includes both emergent and floating vegetation cover; Figure 1.8C). Percent CH4 was positively 

correlated with floc thickness (Figure 1.8D, p = 0.006, R2 = 0.15, slope = 0.23, SE = 0.08) and 

floc sediment temperature (Figure 1.8E, p = 0.004, R2 = 0.17, slope = 2.90, SE = 0.96), but 

negatively correlated with emergent vegetation cover (Figure 1.8F, p 0.014, R2 = 0.12, slope = -

0.25, SE = 0.10). The ratio of CH4 to N2 (by % volume) in occluded gas was positively 

correlated with floc thickness (Figure 1.8G, p = 0.001, R2 = 0.21, slope = 0.02, SE = 0.005) and 

negatively correlated with emergent vegetation cover (Figure 1.8I, p = 0.024, R2 = 0.10, slope = -

0.01, SE = 0.006). With the exception of percent CH4, which was negatively correlated with 

organic matter contents (p = 0.037, R2 = 0.09, slope = -0.24, SE = 0.11), the volume of occluded 

gas and its composition were not significantly correlated with percent organic matter, percent 

organic C, or C to N ratios of particulate floc. 

 

Floc thickness 

 Floc sediments along the littoral margins of shallow waterbodies ranged from 1 to 190 

cm in thickness (Figure 1.9, median = 30 cm). 
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Figure 1.8. Relationships between (A, D, G) floc thickness, flocculent sediment temperature (B, 
E, H), or (C, F, I) emergent vegetation cover (includes the sum of emergent and floating 
vegetation cover) and (A, B, C) the volume, (D, E, F) percent methane (CH4), and (G, H, I) 
percent nitrogen gas (N2) of occluded (trapped) gas in flocculent sediments of shallow 
waterbodies in southwestern Michigan, USA. Shown are measured values (open circles) and 
linear relationships (p < 0.05; black lines). 

 The piecewise SEM fit the data well (p = 0.56 for Fisher’s C statistic; p > 0.05 indicates 

good fit; Shipley 2009) and explained a substantial amount of variation in floc thickness 

(pseudo-R2 = 0.60). Waterbody characteristics and temperature, but not vegetation cover, were 

most important to explaining floc thickness (Figure 1.10). Depth to the consolidated bottom 

directly affected floc thickness (standardized coefficient [β] = 0.43, p < 0.001). Catchment slope 

impacted floc thickness directly (β = 0.14, p = 0.009) and indirectly through surface water 

temperature (β = -0.22, p = 0.04). Floc sediment temperature had a direct effect on floc thickness 
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where warmer temperatures resulted in less accumulation of floc (β = -0.30, p < 0.001). Surface 

water temperature indirectly affected floc thickness through floc sediment temperature (β = 0.63, 

p < 0.001). Neither class of vegetation cover had a significant relationship in the piecewise SEM. 

 

Figure 1.9. Thickness of flocculent sediments in the littoral margins (from the shore to water no 
more than approximately 2 m in depth) of 13 shallow waterbodies in southwestern Michigan, 
USA. The vertical dashed line represents the median. 
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Figure 1.10. Structural equation model of predictors of floc thickness in shallow lentic 
ecosystems in southwestern Michigan, USA. Black paths represent significant relationships (p < 
0.05, piecewise SEM). Gray paths represent non-significant relationships. The path labeled d-
sep. was added to improve model fit based on a test of d-separation.  Solid lines represent 
positive relationships and dashed lines negative relationships. Paths are weighted by standardized 
path coefficients. Values inside of the box are the pseudo-R2 values for that response variable. 
Overall fit of piecewise SEM was evaluated using Shipley’s test of d-separation: Fisher’s C 
statistic (if p > 0.05, then the model is a good fit), Akaike information criterion (AIC), and AIC 
corrected for small sample sizes (AICc). 

DISCUSSION 

Organic carbon and floc sediment structure 

 The median OC concentration of floc sediments (20%; range, 7-43%) is greater than or 

equivalent to the OC concentration of surficial sediments in most lakes of glaciated regions in 

the Northern Hemisphere. Dean and Gorham (1998) reported that English lakes had the lowest 

average OC concentration (7%; range, 4-13%), followed by lakes in Wisconsin, USA (11%) and 

Minnesota, USA (12%; range, 3-29%). Conversely, OC concentration in floc sediments were 

nearly identical to the average concentration in lakes in the Experimental Lakes Area in 
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northwestern Ontario, Canada (20%; range 13-27%)(Dean and Gorham 1998), though the range 

for flocculent sediments in this study was greater.  

 While these observations of OC concentrations in floc are on the high end of ranges 

reported for lakes in similar regions, they are not outside the range reported for sediments in 

other regions and particularly when organic sediments are specifically targeted. For example, in 

a northern Everglades marsh, Florida, USA, average C concentrations were 45-49% in the floc 

layer (defined as the unconsolidated material above the layer researchers visually classified as 

soil) (Corstanje et al. 2006). Wetland soils in Louisiana, USA marshes had OC concentrations 

ranging <4-43% (Gosselink et al. 1984) very similar to floc in this study. In arctic lakes in 

Alaska, USA, organic matter concentrations in sediments ranged from 9 to 81% (Whalen et al. 

2013; Bretz and Whalen 2014; Fortino et al. 2016);  converting OM to OC using a standard 

correction factor (0.469)(Dean 1974) gives a range of OC concentrations in arctic lakes (4-38%) 

similar to floc sediments in this study. Similarly, in a study focused on organic sediments in 

Danish lakes, Hansen (1959) found that OC concentrations ranged from 2 to 48% (mean, 16%). 

And in organic-rich (muck) sediments of a stream in northern Wisconsin, USA, organic matter 

concentrations ranged from 12 to 81% (Crawford et al. 2014), corresponding to OC 

concentrations in these sediments ranging from approximately 5 to 38%. 

 The elevated OC concentration of flocculent sediments in this study likely results from 

several factors. The first factor is the balance of OM versus inorganic sediment inputs to 

waterbodies in the study landscape. In the watersheds of the study area in southwestern 

Michigan, infiltration rates in upland soils are high and surface runoff is low (Hamilton 2015) 

and thus, delivery of inorganic sediments from overland flow is low. Conversely, waterbodies 

here continually receive OM from a combination of autochthonous and allochthonous sources. 
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Second, as lakes age and accumulate sediments, the proportion of sediment OM derived from 

emergent vegetation increases (Godshalk and Wetzel 1978; Godshalk and Barko 1985) and is 

generally recalcitrant to decomposition. The third factor may result from my emphasis on 

sediments in shallow waters. Here sediments often receive enough light to support benthic 

primary producers that contribute to sediment OM directly through inorganic C fixation (Wetzel 

2001; Ask et al. 2009) and the production of extracellular polymeric substances (EPS) 

(Gerbersdorf et al. 2009), and indirectly by supporting the growth of microbial communities 

(Murray et al. 1986; Rier and Stevenson 2001; Carr et al. 2005; Kuehn et al. 2014). Also, 

sediment OM in shallow waters may have undergone less diagenesis than sediment OM in 

deeper waters, which may be composed of both freshly deposited OM and older sediment that 

was transported to deeper waters via sediment focusing.  

 A fourth factor, the formation of flocs through the aggregation and stabilization of 

inorganic and organic sediment components (Droppo et al. 1997; Grabowski et al. 2011a), may 

preserve OC inputs in sediments. Flocs often form as OM adheres to coagulated particles, and 

eventually they settle to the benthic sediment layer as they grow in size. At the surface of benthic 

sediments, bacterial and algal communities produce EPS that bridge flocs with polymer fibrils, 

further stabilizing them (Grabowski et al. 2011b; Gerbersdorf and Wieprecht 2015) and 

increasing the OC concentration of sediments (Decho 1990; de Winder et al. 1999; Gerbersdorf 

et al. 2008; Gerbersdorf et al. 2009). High concentrations of dissolved Ca2+, which are typical of 

groundwater-fed surface waters in the study area (Thobaben and Hamilton 2014; Hamilton 2015) 

also promote the flocculation process (Grabowski et al. 2011b). When flocs are bound together 

by iron oxides as they often are (Buffle and Leppard 1995; Liss et al. 1996; Plach et al. 2011; 

Grabowski et al. 2011a; Plach et al. 2014; Elliott and Warren 2014), the OM can become 
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resistant to microbial degradation and OC is preserved (Boudot et al. 1989; Keil et al. 1994; 

Lalonde et al. 2012). This protective mechanism is likely a factor in this study area as dissolved 

Fe2+ is often present at measurable levels in porewaters (Figure 1.6A)(Kinsman-Costello et al. 

2015); however, I did not evaluate this directly. 

 Regardless of the particular mechanisms that enhance OC concentrations in flocculent 

sediments, the elevated OC concentration impacts the structure of the sediment layer. The most 

apparent impact is on the density of floc sediments—as the OC concentration of floc sediments 

increases, the bulk density decreases (Figure 1.11A) and water content increases (Figure 1.11C).  

Consequently, the range of bulk densities for floc sediments in this study (Figure 1.3B, 0.01-0.55 

g cm-3) was on the lower end of the range, 0.09-1.77 g cm-3, reported for 868 measurements 

made in inundated environments around the globe (Avnimelech et al. 2001), though sediments in 

that analysis had OC concentrations less than 10%. However, floc densities were also on the low 

end of the range reported for lake sediments with OC concentrations between 0.5-34% (0.07-

1.29 g cm-3)(Barko and Smart 1986). Conversely, the organic sediments from the Everglades 

marsh and arctic lakes in Alaska that I mentioned previously had densities of 0.001-0.4 g cm-3 

(Corstanje et al. 2006) and 0.06-0.13 g cm-3 (Fortino et al. 2016), respectively. 
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Figure 1.11. (A) Relationship between dry bulk density (DBD) and organic carbon (OC) for 
flocculent sediments from shallow waterbodies in southwestern Michigan, USA. (B) 
Relationship between water content and OC for flocculent sediments. Data in all plots are from 
the 2014 intact core survey (all core slices in the upper 20 cm) and the 2015 survey of floc 
abundance (average of upper 20 cm of the floc layer). 

Algal biomass 

 Floc chl a contents for all depths sampled (1.2-266.1 µg g-1 DW/0.6-26.3 µg cm-3) were 

typically within ranges observed in sediments of shallow lakes in the Alaskan arctic (2.6-37 µg 

cm-3)(Whalen et al. 2013), shallow waters (< 5 m) of a eutrophic lake in Scotland (24-306 µg g-1 

DW)(Spears et al. 2006; Spears et al. 2010), and shallow reservoirs and groin fields in Germany 

(10-248 µg g-1 DW/3-83 µg cm-3)(Gerbersdorf et al. 2009).  Conversely, in all but one of the floc 

cores, chl a contents in the upper 5 cm were greater than the upper range of chl a contents 



 

 44 

observed for less organic littoral sediments in Canadian Shield lakes (2-22 µg g-1 DW)(Cyr and 

Morton 2006). Similarly, 8 of 10 of the floc cores had mean chl a contents in the upper 5 cm 

greater than the upper range of chl a contents observed for floc sediments in Taylor Slough, a 

marsh in the Florida Everglades (16-56 µg g-1 DW). 

 My observations of chl a concentrations in the upper range of those reported for shallow 

sediments is in accordance with other studies that have found correlations between 

microphytobenthos biomass and sediment OM content (Håkanson and Jansson 1983; Shimanaga 

and Shirayama 2000). The presence of algae below the euphotic zone (typically the upper several 

mm of sediment)(MacIntyre et al. 1996; Underwood and Kromkamp 1999) may result from 

physical mixing of floc (Wasmund 1984; Cyr 1998) and the vertical migration of 

microphytobenthos in floc (Round and Eaton 1966; Harper 1969; Underwood and Paterson 

2003). 

 

Solute chemistry in floc 

 The patterns in solute chemistry I observed in floc sediments are congruent with 

expectations for anoxic accumulations of organic sediments. For DOC, I would expect higher 

concentrations in porewaters versus overlying waters. As particulate OM undergoes 

decomposition, a proportion is solubilized to form DOC. Under anoxic conditions, production of 

DOC outpaces consumption and more recalcitrant compounds accumulate in porewaters 

(Burdige and Komada 2015). Consistent with my expectation, floc porewater DOC 

concentrations were consistently greater than SW concentrations (Figure 1.5A). The range of 

DOC concentrations I observed in floc porewater, 0.9-6.7 mM, was well within the range 

reported for various freshwater ecosystems (0.3-15.2 mM)(Barko and Smart 1986; Chen and Hur 
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2015) and similar to the range reported for the floc layer overlying soils in newly constructed 

wetland in Florida, USA (1.9-3.8 mM)(D'Angelo and Reddy 1994).  

Similarly, the production of dissolved P and NH4
+ typically outpaces losses in organic-

rich sediments and these nutrients accumulate in porewaters (Barko and Smart 1986). Dissolved 

P in porewaters results from OM decomposition and desorption of P from clays, amorphous 

metal oxides, and similar materials in the absence of oxygen (Wetzel 2001). Mobile P in 

porewaters diffuses upward, but often accumulates in the upper portion the sediments where it 

becomes bound again to oxidized metal compounds produced by variable redox conditions in 

these upper layers (Mortimer 1941; Kamp-Nielsen 1975; Carlton and Wetzel 1988; Löfgren and 

Boström 1989; Jensen et al. 1992). I observed both the accumulation of SRP in floc porewaters 

relative to overlying water concentrations (Figure 1.5B) and frequent accumulation of SRP in the 

upper portions of floc profile (Figure 1.6D), though concentrations (0.4-69.6 µM) were well 

within the range reported in other North American lake sediments (1.3-302.2 µM)(Barko and 

Smart 1986).  

Ammonium primarily originates from OM decomposition and accumulates in anoxic 

porewaters where the lack of oxygen inhibits its nitrification to NO3
-. OM further promotes NH4

+ 

accumulation in sediment porewaters as NH4
+ regularly adsorbs to sediment OM (Raaphorst and 

Malschaert 1996; Hou et al. 2003; Jellali et al. 2010; Zhang et al. 2015), potentially slowing 

diffusive loss from sediments. In floc sediments I observed accumulation of NH4
+ in porewaters 

relative to concentrations in overlying water (Figure 1.5C) and net production of NH4
+ in most 

floc porewater profiles (Figure 1.6E). Similar to SRP, floc NH4
+ concentrations (1.6-1502.0 

µmol N L-1) were well within those reported in other North American lake sediments (114.2-

3255.5 µmol N L-1)(Barko and Smart 1986). 
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In the absence of oxygen, heterotrophic microoganisms utilize alternative electron 

acceptors to oxidize OM. As anaerobic oxidation processes proceed, electron acceptors are 

usually used in the order of the amount of energy each reduction-oxidation reaction yields. 

Typically, NO3
- is utilized first, followed by Fe3+, and then SO4

2-. In anoxic sediment, this 

usually translates into somewhat predictable solute chemistry as you move from the upper to 

deeper layers (Burgin et al. 2011). In the upper few mm NO3
- is consumed by denitrification. In 

subsequent depths Fe2+ is produced via the reduction of Fe3+, followed by the consumption of 

SO4
2- and the production of H2S. Finally, CH4 is produced as a result of methanogenesis—a 

distinctive form of catabolic metabolism. In floc, the spatial scales and depths at which these 

zones of consumption and production occurred varied by site (Figure 1.6) and general patterns 

were lacking; however, with the exception of one unusual site, NO3
- concentrations were at or 

near the analytical detection limit below the upper 1 cm. 

These observations indicate that floc sediments likely play important roles in determining 

surface water chemistry by serving as a source or sink for certain important nutrients. Given the 

nearly undetectable concentrations of NO3
- in porewaters, floc sediments likely serve to remove 

NO3
- from overlying waters and/or from upwelling groundwater. That said, 50% of the samples 

had NH4
+ porewater concentrations at least 142 times greater than concentrations in overlying 

waters at those sites. This extreme gradient means that floc sediments likely serve as a source of 

inorganic N to overlying waters as NH4
+ diffuses from concentrated porewaters to more dilute 

waters (e.g., O'Brien et al. 2012). If production of NO3
- in the water column from nitrification of 

NH4
+ diffusing from floc porewaters exceeds NO3

- removal by the floc sediment, then floc 

sediments could become a persistent source of NO3
- to overlying waters. Similarly, given the 

extreme difference between SRP concentrations in porewaters and those in the overlying water 
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(Figure 1.5B), floc likely serves as source of dissolved P to overlying waters. The net effects of 

floc sediments on sediment-water exchanges of nutrients and other solutes require more 

investigation. 

In addition to the gradient of solute concentrations, diffusive fluxes across the floc-water 

interface may also be enhanced by the highly porous nature of floc. According to Fick’s first law 

of diffusion, all else being equivalent, sediments with greater porosities will yield greater 

diffusive fluxes (Berner 1980). While diffusive fluxes for both N and P are determined by more 

than sediment structure (e.g., interactions with organic and inorganic compounds), given the high 

porosity of floc sediments (Figure 1.3C, median, 0.94), diffusion coefficients in floc may 

approach those of free water. However, Flury et al. (2015) demonstrated that the presence of 

minor amounts of free gas bubbles in sediments can suppress the diffusivities of solutes. Given 

the volume of occluded gas in floc sediments (Figure 1.7A), this could influence the diffusive 

fluxes of N and P across the floc-water interface. 

 

Occluded gas 

 Total volumes of occluded gas in floc sediments (2.2-80.2 L m-3) ranged more widely 

than those reported in other sediment environments, though I only found a few studies that 

reported these values. Chanton et al. (1989) observed volumes ranging from 7.6 to 14.8 L m-3 in 

the upper 1 m of tidal freshwater sediments in North Carolina, USA. Martens and Chanton 

(1989) reported a volume of 15.1 L m-3 in the upper 1 m of sediments in a small coastal lagoon 

in North Carolina, USA. Maximum volumes from both studies were about 50% of the second 

largest volume I observed in floc sediments (30.1 L m-3). 
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 Floc thickness, floc temperature, and emergent vegetation cover were generally the best 

predictors of the bulk volume (expressed as L m-2) and CH4 content of occluded gas (Figure 1.8). 

The positive correlation between these variables and floc thickness (Figure 1.8A, D, G) likely 

reflects the contribution of gas produced deeper in the floc layer to the bulk volume and methane 

content of occluded gas. Intuitively, the bulk volume of gas per sediment surface area increased 

with floc thickness because there was more sediment volume. The increase in CH4 content with 

increasing floc thickness could be explained by a greater stripping of N2 by bubbles rising 

through the floc. 

 Congruent with other studies (e.g., Chanton and Dacey 1991), the CH4 content of 

occluded gas in floc was negatively correlated with emergent vegetation cover. Rooted emergent 

vegetation directly removes methane from the sediment by ventilating excess gas pressure and 

transporting CH4 to the atmosphere through the stems, thereby reducing bubble formation and 

ebullition. These plants also aerate their root systems, a process which releases oxygen that can 

support CH4 oxidation. 

 

Floc thickness 

  Counter to my prediction, vegetation cover was not a good predictor of floc thickness 

either directly or indirectly. I interpret this result in a couple of ways. First and foremost, I 

hypothesized that vegetation would directly promote floc accumulation by providing OM and 

creating a stable (low-energy, low turbulence) environment where intercepted OM would settle 

to the benthos and accumulate. In this scenario, floc thickness would positively correlate with 

vegetation cover, at least initially. However, feedbacks between sediments and aquatic 

vegetation in littoral habitats lead to complex relationships that are challenging to predict (Barko 
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et al. 1991) and are likely not captured with a single survey of vegetation cover. For example, the 

accumulation of organic sediment often leads to shifts in both plant abundance and community 

composition (Barko et al. 1991). Initially, coarse sediments receiving OM inputs are suitable 

habitat for submersed vegetation to colonize (Sand-Jensen and Sondergaard 1979; Kiorboe 

1980). As OM accumulates, changes in sediment conditions such as reductions in sediment 

densities, persistent anoxia, and changes in nutrient availability, can negatively impact 

submersed vegetation growth (Barko and Smart 1986; Barko et al. 1991; van Wijck et al. 1992). 

Subsequently, vegetation types more tolerant of these conditions, mainly floating-leaved and 

emergent species, may colonize thick organic sediments (Barko et al. 1991; Kłosowski et al. 

2011). However, once established, these rooted plants may promote decomposition of OM in the 

immediate vicinity by aerating sediments with their extensive root structures (Carpenter and 

Lodge 1986). Thus, plant detritus may be more rapidly mineralized within dense stands of 

floating-leaved and emergent vegetation than in adjacent habitats with low densities or no 

vegetation present. Further, colonization of organic sediments can be retarded or prevented if 

these habitats accumulate natural stressors that are toxic to plants at elevated levels (e.g., NH4
+, 

Fe2+, and H2S)(van Wijck et al. 1992; Lamers et al. 2012; Lamers et al. 2013; Kinsman-Costello 

et al. 2015; Myrbo et al. 2017). Regardless, it is clear that vegetation cover did not serve as an 

appropriate proxy for processes that lead to the accumulation of sediment floc layers. 

 While my analysis did not reveal the input processes that lead to accumulation of floc, it 

may have done better at indicating processes that preserve OM and promote floc accumulation. 

Water level drawdowns that expose sediments to the atmosphere promote rapid decomposition of 

sediment OM and compaction, which both work to reduce floc thickness. Accordingly, while 

depth from the water surface to the consolidated bottom—the best predictor of floc thickness—
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obviously constrains maximum floc thickness, it may also correlate with the amount of time the 

floc surface is exposed to drying as a result of water level fluctuations. Thus, deeper sites had 

thicker floc layers. The second most important predictor of floc thickness, floc temperature, also 

functions to preserve OM in floc accumulations, because decomposition rates often positively 

correlate with temperature. Consequently, colder sites promote floc accumulation by preserving 

OM. Because surface temperature influences floc temperature, it also indirectly influenced floc 

thickness. Cold floc temperatures could also be a proxy for groundwater upwelling, which in 

addition to keeping temperatures lower, may help maintain floc by inhibiting settling and 

compaction; settling rates for floc-like material approach groundwater upwelling velocities 

observed in lake and stream sediments (Maggi 2013; Briggs et al. 2014). 

In the SEM, catchment slope had minor predictive value for floc thickness, indirectly and 

directly. Slope indirectly affected floc thickness by correlation with surface water temperatures, 

and thus could be a proxy for groundwater inputs and therefore cooler summer temperatures. 

Most seeps and springs occur where land slopes steeply to the water’s edge. Catchment slope 

also had a positive direct effect, albeit small, on floc thickness. Most studies evaluating 

catchment predictors of C burial in lakes and reservoirs have observed the opposite relationship, 

i.e., that catchments with greater slopes had lower sediment C stocks or accumulation rates 

(Ferland et al. 2012; Mendonça et al. 2017). However, one study focused on C burial found a 

positive relationship with slope, though this seemed to be a result of increased soil erosion from 

agricultural land (Kastowski et al. 2011), which is not common in this study area. It is worth 

noting that average catchment slope did not vary much (~1-6 degrees) for the water bodies in this 

study, so catchment slope may reflect another important predictor in this study that I did not 

measure. 
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CONCLUSIONS 

 Flocculent sediments were abundant in most of the shallow waterbodies I surveyed in 

southwestern, Michigan, USA. While I cannot say for sure that this is the case for shallow 

freshwaters in other regions, I suspect that floc sediments can be found in many similar water 

bodies in low-relief humid landscapes. But because of their loose structure, floc sediments are 

often incorrectly sampled using core methods developed for relatively consolidated sediments, or 

simply avoided in sediment surveys. Thus, surveys that incorrectly sample or avoid floc 

sediments would be biased towards more consolidated sediments.  

The physicochemical properties of floc do not seem to differ much from other organic 

sediments found in freshwaters, with the exception of their relatively high OC concentrations, 

low bulk densities, and high volumes of occluded gas bubbles. However, these distinctive 

features may have consequences for the C burial and the exchange of solutes across the SWI, 

especially given the prevalence of floc sediments in shallow waters. To understand the ecological 

importance of the floc layers as an SWI, future research should focus on (1) the physical 

processes that drive the exchange of oxygen and reactive solutes between overlying waters and 

loosely structure floc layers (Kincaid, Chapter 4), and (2) the consequences these have for 

biogeochemical processes and rates. 
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APPENDIX
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Table A1.1. Names, descriptions, and locations of waterbodies sampled. 

Site name Site ID(s) Location notes Waterbody type County Latitude Longitude Surveys 

37 Street 
Marsh 

37ST, 37M Headwaters of Three Lakes; 
just southwest of 37th St 

Through-flow 
wetland 

Kalamazoo 42.366649 -85.399167 1, 4,5 

Augusta Creek AC, AC1, 
AC2 

AC1 = upstream of DNR 
bridge near East C Ave; AC2 
= downstream of DNR bridge 

Stream Kalamazoo 42.392858 -85.35587 1,4,5 

Brett Bowers' 
Pond 

BBP Private property off of East C 
Ave 

Pond Kalamazoo 42.392265 -85.35562 1 

Brook Ledge BL, RAN Ransom Creek upstream of 
looking pond on Brook Lodge 
property 

Through-flow 
wetland 

Kalamazoo 42.356068 -85.362961 1,3,5 

Butterfield 
Lake 

BL -- Lake Kalamazoo 42.36116 -85.410536 2 

Butterfield 
Lake Outflow 

BLO Portion of Gull Creek 
downstream of Butterfield 
Lake & upstream of Greer Rd 

Stream Kalamazoo 42.357909 -85.411955 2 

Crane's Pond CP Private subdivision Lake Kalamazoo 42.359724 -85.394015 1,2 

Douglas Lake DL, DLGN, 
DLV 

DLGN = southwest side, 
groundwater seep; DLV = 
southwest side, vegetated 

Lake Kalamazoo 42.35638 85.367397 2,4,5 

Douglas Lake 
Outlet 

DLO Near culvert on south side of 
East EF Avenue 

Lake; littoral 
wetland 

Kalamazoo 42.356638 -85.365535 1 

Duck Lake DUCK -- Lake Kalamazoo 42.408537 -85.38212 2 

Eagle Creek EC Upstream of railroad track 
crossing 

Stream Kalamazoo 42.336658 -85.337165 1,4,5 

Fair Lake FL Northeast area of lake; off 
dock of private property 

Lake Barry 42.492258 85.325184 1 

Gilkey Lake 
Outflow 

GLO Outflow from Gilkey Lake off 
of Letchs Lane 

Through-flow 
wetland 

Barry 42.481548 -85.355481 1 

Graham Lake GL -- Lake Kalamazoo 42.363662 -85.40143 2 
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Table A1.1 (cont’d)       

Graham Lake 
Outflow 

GLO Portion of Gull Creek 
downstream between Graham 
& Butterfield Lakes 

Stream Kalamazoo 42.363709 -85.406568 2 

Kalamazoo 
River 

KR Riparian groundwater seepage 
near River Rd 

River Kalamazoo 42.335607 -85.341133 1 

Kellogg Forest 
Pond 

KFP, KFPL2, 
KFPL3 

W.K. Kellogg Experimental 
Forest 

Through-flow 
wetland 

Kalamazoo 42.362832 -85.354426 1,3,4,5 

Little Long 
Lake 

LLL, LLLV, 
LLLNV 

Mainly southern half of lake; 
LLLV = vegetated site; 
LLLNV = non-vegetated site 

Lake Kalamazoo 42.417624 -85.443422 2,5 

Loosestrife 
Fen 

LF LF = non-vegetated site; LFV 
= vegetated site 

Through-flow 
wetland 

Kalamazoo 42.368423 -85.361267 1,3,5 

Lower 
Crooked Lake 

LCL -- Lake Barry 42.463628 -85.473193 2 

Lux Arbor 
Pond 10 

-- Lux Arbor Reserve; southwest 
side of pond 

Pond Barry 42.470917 -85.461547 1 

Lux Arbor 
Pond 28 

-- Lux Arbor Reserve; north of 
dirt road crossing 

Pond Barry 42.492874 -85.453312 1 

LTER Kettle 
Pond 

KP, KET Kellogg Biological Station 
LTER main site 

Kettle pond Kalamazoo 42.412995 -85.374143 1,4 

Mill Pond MP Part of the Gull Creek system 
near intersection of N 37th St 
& E G Ave 

Pond Kalamazoo 42.341407 -85.403298 2 

Morrow Lake ML Mostly upstream of River 
Oaks County Park 

Reservoir Kalamazoo 42.276457 -85.444555 2 

Sheriff's 
Marsh - W1 

SMW1, SM West side of N 45th Street; 
groundwater seep south of 
culvert 

Wetland; 
groundwater 
seep 

Kalamazoo 42.401364 -85.328643 1,3,4,5 

Sheriff's 
Marsh - W2 

SMW2 West side of N 45th Street just 
west of culvert 

Wetland Kalamazoo 42.401364 -85.328643 1 
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Table A1.1 (cont’d)       

Three Lakes, 
Lower 

LTL, L3L Most work done in through-
flow between Middle & Lower 
Three Lakes 

Lake Kalamazoo 42.354355 -85.426796 2,3,5 

Three Lakes, 
Upper 

UTL, UP3 -- Lake Kalamazoo 42.348608 -85.438807 2,4 

Turkey Marsh TM North of E Gull Lake Dr 
across the road from the 
Kellogg Biological Station 
main campus 

Wetland Kalamazoo 42.408563 -85.398913 1,2,5 

Windmill 
Pond 

WP Surrounding Windmill Island 
on Kellogg Biological Station 
main campus 

Pond Kalamazoo 42.403328 -85.400226 5 

Wintergreen 
Lake 

WL, WLN, 
WLNV 

WLN - vegetated site on north 
side; WLNV - non-vegetated 
site on north side 

Lake Kalamazoo 42.398767 -85.383592 2,3,4,5 

Wintergreen 
Lake Outlet 

WLO Outflow of Wintergreen Lake 
in Kellogg Bird Sanctuary just 
north of drainage culvert 

Through-flow 
wetland 

Kalamazoo 42.395713 -85.39117 1,5 

* Indicates in which survey or study the waterbody was sampled: 1 = 2014 intact core survey; 2= 2015 floc abundance survey; 3 = 2015 redox oscillation study; 4 
= 2015 chlorophyll a intact core survey; 5 = 2016 cotton strip decomposition study
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Figure A1.1. Meta-model representing the relationships between waterbody characteristics 
(depth to bottom, catchment slope), aquatic vegetation cover (surface vegetation and submerged 
vegetation cover), water and flocculent sediment temperatures, and floc thickness.
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CHAPTER 2  
 

DECOMPOSITION IN FLOCCULENT SEDIMENTS OF SHALLOW FRESHWATERS 
 

ABSTRACT 

Shallow waterbodies are abundant in many landscapes across the globe and are 

increasingly acknowledged for their role in freshwater carbon (C) cycling. In these ecosystems, 

the fate of C is largely determined by sediment processes, which have received much less 

attention in shallow freshwaters than deeper freshwater and marine settings. In this study I 

investigated rates of organic matter decomposition in a rarely investigated, but common 

sediment type—flocculent organic sediment—and how temperature and other environmental 

factors affect decomposition rates. I then compared the results to those reported for other 

freshwater settings. In spite of the high accumulation of organic matter, decomposition rates in 

floc sediments were on average 1.7 times greater than rates measured in oxic overlying waters, 

and were generally only eclipsed by temperature-adjusted rates reported in streams, which are 

well oxygenated, flowing environments. Rates were positively correlated with sediment 

porewater concentrations of soluble reactive phosphorus and dissolved iron, and negatively 

correlated with ammonium. Warmer temperatures also resulted in increased decomposition rates, 

and the temperature sensitivity results suggest that rates of decomposition in flocculent 

sediments could increase 12-56% with a 1-4°C increase in water temperatures, a range of 

increase likely for this region in the next 100 years if climate change continues at the current 

pace.  
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INTRODUCTION 

Analyses of global carbon (C) budgets suggest that freshwaters store significant amounts 

of organic carbon (OC) in their sediments (Cole et al. 2007; Tranvik et al. 2009; Battin et al. 

2009). Interestingly, subsequent studies have demonstrated that the greatest areal rates of OC 

burial tend to occur in small lakes, reservoirs, and ponds (Kortelainen et al. 2004; Downing et al. 

2008; Brainard and Fairchild 2012; Ferland et al. 2012). In these systems inputs of allochthonous 

and autochthonous OC are high, settling times in oxygenated water columns are short, and 

sediment resuspension is limited or only occurs episodically, especially in small, wind-protected 

waterbodies (Ferland et al. 2012; Ferland et al. 2014). Consequently, sediment processes play a 

large role in determining the fate of OC (i.e., burial vs. mineralization) in freshwaters; however, 

these process have received much less attention in freshwater sediments than in marine 

sediments (Burdige 2007; Sobek et al. 2011), especially in shallow waterbodies (Downing 2010). 

Decomposition in sediments is regulated by a few main interacting factors including the 

physicochemical environment (particularly temperature and the availability of terminal electron 

acceptors such as oxygen, nitrate, manganese, iron, and sulfate), the quantity and quality of OC, 

and the activity of microbes and detritivorous invertebrates (Fenchel et al. 2012). In fine 

sediments, including organic sediments, oxygen is often depleted within the first few millimeters 

of the sediment layer versus several cm in sandy sediments (Glud 2008; Sobek et al. 2009). 

Thus, decomposition beneath the surface of organic sediments likely occurs with limited oxygen, 

potentially reducing rates relative to more oxygenated environments. Also, anoxic sediment 

porewaters tend to accumulate inorganic nutrients (e.g., ammonium and phosphorus) (Wetzel 

2001) and potentially toxic substances (e.g., ammonia and dissolved sulfide and iron) (Kinsman-

Costello et al. 2015), though their effect on decomposition depends on conditions that vary 
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among sediments. For example, in the absence of C limitation, decomposition is often 

constrained by the relative availability of N and P (i.e., N:P ratio) in organic matter and in the 

environment (Güsewell and Gessner 2009), which depend on differing production, removal, and 

adsorption processes for N and P in sediments. Further, while very high concentrations of sulfide 

or ammonium can inhibit the activity of decomposers, levels of inhibition depend on factors 

including environmental conditions (temperature and pH) and the community composition of 

decomposers (e.g., some organisms are more tolerant of these substances than others) (Chen et 

al. 2008). 

Environmental conditions characteristic of sediments underlying shallow water columns 

may modulate these key factors and thereby influence decomposition rates. For example, 

shallow-water sediments tend to receive more light and experience greater temperatures than 

sediments in deeper waters, at least seasonally. Light availability promotes the growth of algae 

and cyanobacteria in the upper layers of the sediment. These organisms influence decomposition 

by generating diel oscillations of oxygen and dissolved inorganic carbon concentrations via 

photosynthesis and respiration, affecting redox potential and pH in the sediment (Revsbech et al. 

1988; Fenchel et al. 2012), and by releasing organic substrates, thereby stimulating microbial 

catabolism and nutrient mineralization (Wetzel 2001; Fenchel et al. 2012; Rier et al. 2014; 

Kuehn et al. 2014). Warmer temperatures also promote metabolic activity, which often results in 

greater rates of sediment decomposition in shallow waters relative to sediments in colder waters 

(Gudasz et al. 2010; Gudasz et al. 2015). 

In this study, I examine decomposition rates and their controls in an understudied organic 

sediment commonly found in shallow freshwaters—flocculent (hereafter called floc) sediment. 

In shallow waterbodies that are continuously inundated, floc sediments—loosely consolidated 
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organic deposits with dry bulk densities frequently <0.1 g cm-3 and water contents frequently 

>90% (Kincaid, Chapter 1)—often occur as thick layers. In a recent survey of shallow lakes, 

wetlands, and the margins of streams in southwestern Michigan, floc accumulations ranged from 

0.01 to >2 meters in thickness and were found in a wide variety of semi- to permanently 

inundated habitats with productive aquatic and/or riparian vegetation and a lack of strong current 

or wave action (Kincaid, Chapter 1). These habitats include, but are not limited to, the littoral 

zones of lakes, small reservoirs, persistently inundated wetlands, stream outlets in lakes, 

depositional zones in flowing systems, and groundwater seeps. Despite the common occurrence 

of floc in a diversity of shallow waterbodies, little is known about how these sediments influence 

ecosystem processes, including decomposition and nutrient cycling. I begin addressing this 

knowledge gap by quantifying rates of decomposition in floc for three seasons and examining 

how physicochemical conditions in floc accumulations affect these rates. 

The primary objective of this study was to understand how decomposition rates in floc 

accumulations compare to those reported for other freshwater settings. To accomplish this, I 

quantified decomposition rates by deploying a standardized substrate—cotton strips—within and 

above the floc layer during three seasons. The cotton strip assay has been used in a variety of 

freshwater ecosystems and habitats, and thus I was able to compare the rates I measured to those 

reported in the literature for a variety of other freshwater settings (e.g., stream and riparian 

habitats). I predicted that because floc layers are evidently persistently anoxic—as evidenced by 

the consistent presence of reduced iron or hydrogen sulfide in floc porewaters and nearly 

undetectable levels of nitrate (Kincaid, Chapter 1)—decomposition rates in floc would be 

reduced relative to rates measured in more oxic environments (including the water overlying the 
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floc sediment surface). This would imply that C turnover times are long in these abundant 

accumulations, which might explain, in part, why these thick layers accumulate over time.  

My second objective was to determine which environmental variables are the best 

predictors of decomposition rates in floc. To do this, I measured decomposition rates within floc 

layers across naturally occurring gradients in porewater chemistry. Again I used the cotton strip 

assay, which allowed us to control for OC quality and assess the effect of site differences on 

decomposition rates (Harrison et al. 1988). Lastly, to understand how decomposition rates in floc 

will respond to rising water temperatures, I quantified the apparent temperature sensitivity of this 

process and compared these values to those predicted by metabolic theory and reported in the 

literature in other freshwater settings. In spite of the high accumulation of organic matter, I show 

that decomposition rates in floc sediments are as high or higher than many other freshwater 

sediments that have been studied, and not much different than the decomposition rates measured 

on the sediment surfaces of flowing, well-oxygenated streams.  

 

METHODS 

Site selection 

I measured decomposition rates in thick accumulations (>10 cm) of floc and in the water 

just above the sediment surface in a variety of shallow (<1 m) freshwater ecosystems. All sites 

were located in Kalamazoo County, MI, USA and included the littoral zones of lakes, shallow 

through-flow wetlands, and depositional zones on the margins of stream channels. The sites 

remain inundated in most or all years, often because they receive groundwater discharge. Most 

sites were devoid of vegetation, but a few sites had stands of emergent vegetation (Nuphar 

advena, Nymphaea odorata, Brasenia schreberi) or were among low densities of mixed 
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communities of submerged aquatic vegetation (e.g., Ceratophyllum demersum, Chara spp., 

Myriophyllum spp., Potamogeton spp.). 

 

Cotton strip decomposition assays 

 I measured decomposition rates by deploying vertical arrays of cotton strips (95% 

cellulose; Figure 2.1) during three seasons in 2016: late spring (June: 2–22 June), mid-summer 

(August: 26 July – 5 Aug), and autumn (October: 6–20 Oct). The cotton strip approach is 

appealing for several reasons. These strips have low nutrient contents and are ~95% cellulose, 

which is the main detrital polymer in terrestrial ecosystems and is part of the complex material, 

lignocellulose, that makes up the majority of OC deposited in freshwater habitats (Megonigal et 

al. 2004). The floc accumulations I chose are located in diverse habitats and the sources and 

forms of organic material in these accumulations are likely variable among these settings. Thus, 

the use of standardized cotton strips allows us to control for OC quality and assess the effect of 

site differences on decomposition rates (Harrison et al. 1988). Further, the cotton strip assay has 

been employed in a variety of freshwater ecosystems and habitats, which allows me to compare 

these rates to those measured in other settings. 
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Figure 2.1. (A) Illustration of a cotton strip array in the lab (numbers are depths relative to the 
floc-water interface when deployed in the field) and (B) two replicate arrays deployed in the 
field. 

I standardized the individual cotton strips following the protocol described by (Tiegs et 

al. 2013a). Briefly, I cut cotton strips (8 x 2 cm) from bolts of Fredrix-brand unprimed 12-oz. 

heavy-weight cotton fabric, Style #548 (Fredrix, Lawrenceville, GA, USA). I then created 

vertical arrays by attaching seven strips to frames made of galvanized steel using thin cable 

binders (2.3 mm in width; Figure 2.1A). At each site I slowly inserted two vertical arrays into the 

floc layer, leaving the top cotton strip above the floc layer, but still underwater (Figure 2.1B). 

The distances from the floc-water interface to the middle of each cotton strip were 1.4 cm above 

and -1.4, -4.3, -7.1, -9.9, -12.8, and -15.6 cm below the interface. During the August deployment, 

the upper cotton strips at a few sites were buried in floc during an intense storm event. At those 

sites, all strips were located in the floc layer and depths were adjusted so the bottom strip was 
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located at -18.4 cm below the floc-water interface. At the end of the deployment, I carefully 

removed the arrays from the floc, rinsed them gently with deionized water, and soaked the arrays 

in 80% ethanol for approximately 30 seconds to arrest microbial activity. After disassembling the 

arrays, I dried the cotton strips at 40°C for 24 hours. 

 

Tensile strength loss determination 

 I estimated decomposition rates using tensile strength losses (TSL) (Tiegs et al. 2013a). I 

measured tensile strengths on each cotton strip after deployment in the field using a tensiometer 

(Mark-10 brand, Model #MG100, Copiague, NY, USA) at a fixed rate of 2 cm min-1. I 

determined initial tensile strengths on a set of control strips that were not deployed in the field, 

but were rinsed and dried like the deployed strips. I then expressed TSL on the deployed strips as 

percent of the initial tensile strength of control strips lost per day of deployment (TSL day-1, 

hereafter referred to as non-adjusted TSL rates). This linear model describes TSL through time 

more accurately than the exponential model typically used in leaf decomposition studies (Tiegs 

et al. 2013a). To evaluate differences in TSL not due to temperature, I also calculated temperate-

adjusted loss rates (per degree day; TSL degday-1, hereafter referred to as temperate-adjusted 

TSL rates) by replacing time (days) with cumulative daily mean temperature (i.e., degree days) 

(Woodward et al. 2012; Tiegs et al. 2013a; Griffiths and Tiegs 2016). 

 

Temperature measurements and water chemistry 

 During each deployment, I measured water temperature within and above the floc layer 

over time using Thermocron iButton® temperature loggers (models 1912H and 1922L, Maxim 

Integrated, San Jose, CA), recording water temperatures hourly at 2 cm above and -2 and -15 cm 
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below the floc-water interface. I calculated daily means at each of these depths. I estimated daily 

mean temperatures for strips located at depths without thermal loggers (i.e., -4.3, -7.1, -9.9, and -

12.8 cm) by linearly interpolating daily means between -2 and -15 cm.  

 I also sampled overlying water and floc porewater at each site once during each 

deployment, though in August I only sampled the floc porewater. To sample the overlying water, 

I collected approximately 250 mL of water in a clean bottle and stored it on ice until returning to 

the laboratory. Once in the laboratory, I filtered the samples through 0.45 µm pore-size Supor 

polyethersulfone membrane filters (Pall Corp., Port Washington, New York). To sample 

porewater in the upper 10 cm of the floc layer I carefully inserted a 10 cm long Rhizon sampler 

(0.15 µm mean pore size; cat. no. 19.21.21, Rhizosphere Research Products, Wageningen, The 

Netherlands) vertically into the floc layer and slowly extracted 20 mL of porewater using a 

spring-loaded 30-mL syringe connected to the Rhizon via Tygon PVC tubing. I added 

subsamples of the filtered porewater into reagents in the field to produce stable colorimetric 

complexes with dissolved Fe2+ and ΣH2S. The remaining filtered portion stayed cold on ice until 

return to the laboratory. I stored all filtered samples at 4°C until analysis within 5 days of sample 

collection. 

 I measured concentrations of major ions using Dionex membrane-suppression ion 

chromatography. I measured soluble reactive phosphorus (SRP) concentration colorimetrically 

using the molybdate blue method and long-path-length spectrophotometry (Murphy and Riley 

1962) and dissolved organic carbon (DOC) using the non-purgeable organic carbon (NPOC) 

method on a Shimadzu carbon analyzer equipped for high-temperature, Pt-catalyzed combustion 

and gas chromatographic measurement  of the resultant CO2. I measured dissolved Fe2+ in 

porewaters colorimetrically using a ferrozine reaction method modified from (Lovley and 
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Phillips 1987) and (Stookey 1970), in which I added filtered porewater to a solution of 50 mM 4-

(2-hydroxethyl)-1-piperazineethanesulfonic acid buffer containing ferrozine (1 g l-1). I measured 

ΣH2S in porewaters using the methylene blue spectrophotometric method (Golterman and Clymo 

1969). 

 

Fungal biomass 

 I estimated fungal biomass as ergosterol content (Newell 1992; Gessner and Newell 

2002) on field-deployed cotton strips from a subset of depths from all sites in October. After 

gently rinsing the cotton strips with deionized water, I collected two disc subsamples (1.1 cm 

diameter) from strips deployed at 1.4 cm above and -1.4, -7.1, and -15.6 cm below the floc-water 

interface. I placed both subsamples in 10 mL HPLC-grade methanol and refrigerated them in the 

dark at 4°C until analyzed. To extract ergosterol, I placed both subsamples in 5 mL methanol and 

incubated them in a 65°C water bath for 2 hours. I then saponified the samples by adding a 

solution of 4% KOH in 95% ethanol and heating them for an additional 30 minutes. Pentane was 

added to partition the ergosterol extracted from the cotton discs, after which I evaporated the 

sample to dryness with nitrogen gas, and then dissolved the sample again in 0.5 mL HPLC-grade 

methanol. I quantified ergosterol using Dionex high performance liquid chromatography (Gulis 

and Suberkropp 2006). 

 

Data analysis 

Seasonal differences in decomposition rates—To test for seasonal differences in TSL rates, I first 

conducted non-parametric Kruskal-Wallis rank sum tests for TSL rates, analyzing the data for 

overlying water and floc layers independently. Following the rejection of the null hypothesis (α = 
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0.05), I conducted pairwise comparisons of TSL rates among seasons using two-sided Conover-

Iman tests (α = 0.05/2). Again, these were done independently for TSL rates measured in the 

overlying water versus those measured in floc layers. To control the false discovery rate I 

adjusted p-values using the Benjamini-Hochberg procedure (Benjamini and Hochberg 1995). 

 

Differences in and predictors of decomposition rates between overlying water and floc—To test 

for differences in TSL rates between those measured in the overlying water and those measured 

within floc layers across all sites for each season, I first conducted a non-parametric Friedman 

rank sum test to evaluate differences in rates measured at any depth. This test treats each cotton 

strip on a single vertical array as a repeated measure and thus is a more conservative approach 

than the traditional non-parametric Kruskal-Wallis test. Following the rejection of a Friedman 

test (α = 0.05) for a season, I compared TSL rates measured in the overlying water to each depth 

in the floc using Wilcoxon signed rank tests (α = 0.05). To control the false discovery rate I 

adjusted p-values using the Benjamini-Hochberg procedure (Benjamini and Hochberg 1995). 

 I then assessed which environmental variables best explained relative differences in TSL 

rates measured in the water versus the average of those measured within the floc layer at each 

site. To do this I first calculated a TSL ratio for each site: 

!"# !"#$% = !"#$ !"#!"#$%
!"#$ !"#!"#$

 (1)  

Non-adjusted and temperature-adjusted TSL ratios correlated positively with the mean of TSL 

rates measured in the water at each site (TSL day-1: r = 0.83, p < 0.001; TSL degday-1: r = 0.87, 

p < 0.001), but not with the mean of rates measured in floc at each site (TSL day-1: r = -0.06, p = 

0.75; TSL degday-1: r = 0.01, p = 0.94) indicating that differences in TSL ratios were largely 

driven by changes in the magnitude of TSL rates in the overlying water at each site. Given this, I 
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assessed which water chemistry variables were the best predictors of temperature-adjusted TSL 

ratios in June and October (I did not collect overlying water samples in August). To do this I fit a 

generalized least squares (GLS) model starting with temperature-adjusted TSL ratios as a 

response variable and season and concentrations of SRP, DOC, NH4-N, NO3-N, SO4
2-, Mg2+, 

Ca2+, and Cl- as covariates. All continuous covariates had Pearson correlation coefficients < 0.7 

and I centered each of them at their means and scaled them by their standard deviations. 

 

Differences in fungal biomass on cotton strips in October—To test for differences in ergosterol 

concentrations on cotton strips in the overlying water versus those on cotton strips deployed in 

floc layers, I used the same procedure as described previously (i.e., Friedman rank sum tests 

followed by Wilcoxon signed rank test followed by the Benjamini-Hochberg procedure). 

 

Predictors of decomposition rates in floc—I assessed which floc porewater chemistry variables 

were the best predictors of temperature-adjusted TSL rates in floc by fitting a linear mixed 

effects (LME) model. The full model began with temperature-adjusted TSL rates as the response 

variable, season, depth, and concentrations of floc porewater solutes (SRP, Fe2+, ΣH2S, DOC, 

SO4
2-, NH4

+, and Ca2+) as covariates, and site as a random effect. The inclusion of site as a 

random effect allowed us to account for between site variation and correlations between rates 

measured in the same site while assessing the independent variables. Because the cotton strip 

assay is thought to best approximate average in situ decomposition rates at tensile strength losses 

of 50% (Harrison et al. 1988), I limited the data to cotton strips with 25-75% TSL. I also 

excluded rates measured at -18.4 cm in the floc as there were very few of these and they only 

occurred in August. I did not include floc porewater NO3
- as a covariate as most of my 
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measurements were at or below the detection limit. All continuous covariates had correlations < 

0.7 and I centered each of them at their means and scaled them by their standard deviations. 

  

Apparent temperature sensitivity of decomposition in the floc—I assessed the apparent 

temperature sensitivity of TSL rates in floc sediments using the Boltzmann-Arrhenius function 

derived from metabolic theory (Brown et al. 2004). This function quantifies temperature 

sensitivity as activation energy (Ea); the greater the value of the Ea, the more sensitive biological 

activity is to temperature. Because the decomposition of cellulose involves multiple organisms 

and many biochemical reactions, the Ea of this process actually represents an apparent (i.e., 

empirical) temperature sensitivity. To quantify Ea, I used the same Boltzmann-Arrhenius 

function recently used to estimate the temperature sensitivity of leaf litter breakdown in streams 

(Follstad Shah et al. 2017): 

ln ! = ln !! − !! × (1 /!!! − 1/!!!!) (2) 

where r0 is a normalization constant, Ea is the apparent activation energy (eV), kB is the 

Boltzmann constant (8.62 × 10-5 eV K-1), T is temperature in Kelvin (K), and T0 is a standard 

temperature. The final term (1⁄kBT – 1⁄kBT0) in this equation is the inverse absolute temperature 

and is used to center the temperature data on a standard temperature (Allen et al. 2005; Yvon-

Durocher et al. 2012). I used a standard temperature of 18°C (291.15 K) as this was close to the 

median daily mean temperature in the floc during the cotton strip array deployments. For these 

purposes, r represents the non-adjusted TSL rates. I then obtained the value of Ea from the slope 

of the relationship between the inverse absolute temperature and ln r. 

 To estimate Ea I used a LME model with non-adjusted TSL rates as the response variable, 

inverse normalized temperature (eV) as a covariate, and site as a random effect. Once again, I 
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limited the data to cotton strips with 25-75% TSL. The inclusion of site as a random effect 

allowed us to account for between site variation and correlations between rates measured in the 

same site while assessing the independent variables. This particular random intercept model 

assumes that variability in site characteristics influences non-adjusted TSL rates but not its 

temperature sensitivity. To test this assumption, I also fit a model with a random intercept (site) 

and slope (inverse normalized temperature). 

 

Model building and statistical inference—I conducted all statistical analyses in R v.3.4.3 (R Core 

Team 2017) using RStudio v.1.1.383 (RStudio Team 2017). I fit GLS and LME models using the 

‘nlme’ package (Pinheiro et al. 2017). Model selection for both model types began with the 

inclusion of all fixed effects (Zuur et al. 2009). I then assessed whether the inclusion of the 

random site effect improved model fit using likelihood ratio tests. These comparisons included 

one model with and one model without the random term. I selected the most parsimonious model 

consisting of significant factors (α = 0.05) by sequentially removing one fixed effect and 

comparing the new reduced model forms to more complex models using Akaike’s information 

criterion (AIC) scores and likelihood ratio (L) tests. When testing for the significance of random 

effects I fit models using restricted estimated maximum likelihood (REML); when comparing 

models with different fixed effects I fit models with maximum likelihood (ML). I refit the final, 

most simple model, with REML to provide the best estimates of standard errors and random 

effects. 

 I assessed models for linearity, normality, and homoscedasticity by plotting normalized 

residuals based on the REML fit against fitted values and predictor variables. I also assessed 
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goodness of fit using quantile-quantile plots. I report model parameters along with their standard 

errors (SE). 

 

RESULTS 

Seasonal variation in cellulosic decomposition 

 There were seasonal differences in median TSL rates (p < 0.05, Appendix Table A2.1) 

that generally reflected patterns in seasonal temperatures (Figure 2.2). In August, median non-

adjusted rates were more than 4-fold and 2-fold greater than median rates in the coldest season 

(October) in the overlying water and floc layers, respectively (Figure 2.2B). This pattern held 

true even when rates were adjusted for temperature (TSL degday-1, Figure 2.2C), though the 

magnitude of change between the seasons was not as large. 
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Figure 2.2. (A) Mean temperatures, (B) non-adjusted tensile strength loss (TSL), and (C) 
temperature-adjusted TSL across all sites for cotton strips in the overlying water and in floc 
layer. Data used in each plot are site means. Error bars in (A) represent ± standard error of the 
mean. Violin plots in (B & C) show the density distribution of TSL rates. Boxplots within the 
violin plots represent the median and interquartile range. Values above brackets in plots (B & C) 
are p-values for pairwise comparisons; (*) indicates significant p-values (Appendix Table A2.1). 
Values in parentheses in plots (B & C) are the number of measurements. 
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Differences in cellulosic decomposition rates between overlying water and the floc layer 

 Median non-adjusted TSL rates were generally greater in the floc layer than in the 

overlying water for all seasons (Figure 2.3A), and the difference was significant for floc depths 

in June (χ2
(6) = 27.61, p < 0.001) and October (χ2

(6) = 20.20, p = 0.002), but not August (χ2
(6) = 

6.56, p = 0.36). This pattern remained after adjusting rates for temperature (June: χ2
(6) = 41.57, p 

< 0.001; August: χ2
(6) = 9.64, p = 0.14; October: χ2

(6) = 20.16, p = 0.003; Figure 2.3B). 

 

Figure 2.3. (A) Non-adjusted tensile strength loss (TSL) and (B) temperature-adjusted TSL at 
each depth above (1.4 cm) and below (-1.4 to -18.4 cm) the floc-water interface (depicted as 
dashed horizontal line) for all sites. (*) indicates that rates at these depths are significantly 
different than those above the floc-water interface for that season according to post hoc 
comparisons (Appendix Table A2.2). 
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 I also assessed the relative differences in TSL rates measured in the overlying water 

versus those measured in the floc layers at each site (TSL ratio; Figure 2.4). On average, tensile 

strength losses in the overlying water were 60% (TSL d-1) and 57% (TSL degday-1) of those in 

the floc. The most important water chemistry predictor of temperature-adjusted TSL ratios was 

the concentration of Ca2+ followed by the concentration of Mg2+ (βCa = 0.22 ± 0.08, p = 0.008; 

βMg = -0.14 ± 0.08, p = 0.08; Model M10 in Appendix Table A2.3), though their effects were in 

opposite directions. Relative differences between mean temperature-adjusted TSL rates in the 

overlying water and the floc layer decreased, or rather the temperature-adjusted TSL ratio moved 

closer to one, as the concentration of Ca2+ in the surface water increased. 

 

Figure 2.4. The relative difference in tensile strength loss (TSL) rates measured in the water 
versus those measured in the floc layer at each site. Each ratio is the mean TSL rate measured in 
the water at that site divided by the mean TSL rate measured in the floc layer. (A) includes ratios 
for non-adjusted TSL rates (% per day) and (B) includes ratios for temperature-adjusted TSL 
rates (% per degree day). Open circles are the ratios at each site and the u is the mean of for all 
sites and seasons. 
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Differences in fungal biomass on cotton strips in October 

 I estimated fungal biomass on cotton strips because the initial decomposition of plant 

detritus in lakes and wetlands is largely accomplished by fungal assemblages (Komínková et al. 

2000; Kuehn et al. 2000; Kuehn 2016). Ergosterol concentrations on all cotton strips were close 

to the analytical detection limit. Median concentrations across all sites in October were greatest 

on cotton strips in the overlying water (Figure 2.5), though they were only significantly greater 

than on cotton strips deployed at -7.1 cm (χ2
(3) = 14.64, p = 0.002; Appendix Table A2.4). 

 

Figure 2.5. Fungal biomass estimated as ergosterol concentrations on cotton strips deployed 
above (1.4 cm) and below (-1.4, -7.1, and -15.6 cm) the floc-water interface (depicted by dashed 
horizontal line) for all sites in October. (*) indicates that concentrations at that depth are 
significantly different than those in the overlying water (1.4 cm) according to post hoc 
comparisons (Appendix Table A2.4). 

Predictors of cellulosic decomposition rates in the floc layer 

Floc temperature had a strong positive effect on non-adjusted TSL rates, and when 

evaluated in isolation, temperature explained nearly half of the variation in these rates (Figure 

2.6). 
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Figure 2.6. Linear relationship between non-adjusted tensile strength loss rates (TSL, % per day) 
and mean temperature in the floc layers for all seasons and depths. A line of best fit (solid black 
line) and 95% confidence intervals (gray area) are overlain. 

 After adjusting TSL rates for temperature, there was still considerable variation in TSL 

across sites (Figure 2.3B), and thus I assessed which floc porewater chemistry variables were the 

best predictors of temperature-adjusted TSL rates. The best predictor of temperature-adjusted 

TSL rates was the concentration of SRP, followed by the concentrations of Fe2+ and NH4
+, 

though the first two were positively related to TSL degday-1 rates and the latter, negatively (βSRP 

= 0.02 ± 0.005, p < 0.001; βFe = 0.01 ± 0.004, p = 0.02; βNH4-N = -0.01 ± 0.005, p = 0.01; Model 

M9 in Appendix Table A2.5). 
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Apparent temperature sensitivity of cellulosic decomposition in floc 

 The apparent activation energy (Ea) of decomposition in the upper ~16 cm of floc was 

0.82 ± 0.04 eV (95% CI: 0.74-0.89 eV; Figure 2.7A; Model M2 in Appendix Table A2.6). The 

depth-specific Ea estimates were lowest at -1.4 cm below the floc-water interface and increased 

with depth in the sediment (Figure 2.7B). 
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Figure 2.7. (A) The apparent activation energy (Ea, eV) of non-adjusted tensile strength loss rates 
(TSL, % per day) of cotton strips deployed in flocculent sediment. The x-axis is the inverse 
absolute temperature (T) in Kelvin (K) multiplied by the Boltzmann constant (kB, 8.62 × 10-5 eV 
K-1) and normalized by a standard water temperature (T0), 291.15 K or 18°C. The slope 
approximates the inverse of Ea. (B) The apparent activation energy of TSL at each depth in the 
floc layer. Bars represent the 95% confidence intervals. 
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DISCUSSION 

Decomposition rates in flocculent sediments 

 The decomposition rates in floc layers I report here are on the upper end of the range of 

values reported for streams and riparian zones, which is where most studies using the cotton strip 

assay have been conducted. In a single coordinated field experiment in >500 streams that 

measured TSL rates on cotton strips deployed in surface water environments of streams and 

riparian zones, Tiegs et al. (unpublished data) found mean non-adjusted TSL rates of 3.27 ± 0.15 

and 1.48 ± 0.10% in streams and riparian zones, respectively; the mean across all floc depths and 

seasons in this study was 3.56 ± 0.08%. When adjusted for exposure to different temperatures, 

the mean TSL rate in floc layers across all seasons (0.18 ± 0.003%) was less than that of stream 

environments (0.31 ± 0.016%), but nearly equivalent to mean temperature-adjusted TSL rates 

measured in riparian zones (0.17 ± 0.015%). In summary, decomposition within floc, as 

measured by temperature-adjusted TSL rates, occurred as quickly as decomposition in surface 

water riparian environments, but more slowly than decomposition in streams. 

 

Why are decomposition rates greater in floc layers than in overlying water? 

Contrary to my prediction, decomposition rates were consistently greater in floc layers 

than in the overlying water, even when rates were adjusted for exposure to different 

temperatures. Median TSL rates in the overlying water were significantly lower than median 

TSL rates measured in most depths in the floc layers in June and October (Figure 2.3). Further, 

the majority of sites (>90%) had TSL ratios <1 (Figure 2.4), demonstrating that the disparity 

between rates in the overlying water and the floc layer is common and is not the result of a few 

anomalous sites or differences in field deployment times. The absence of significant differences 
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between TSL rates measured in the overlying water and those measured in the floc layer in 

August (Figure 2.3) could be due to a seasonal homogenization of TSL rates in the overlying 

water and floc layers, but is more likely an artifact of low replication due to burial of cotton 

strips in the overlying water by sediment disturbance after a large storm event. Regardless, 

relative to rates measured in overlying water, decomposition occurred rapidly within the floc 

layer. 

My prediction that decomposition rates would be greatly reduced in floc layers was based 

on the assumption that decomposition is restricted under anoxic conditions as others have 

observed (Reddy and Patrick 1975; Godshalk and Wetzel 1978). However, several studies in 

marine sediments, where the effect of oxygen on organic-matter decomposition has received 

considerable attention (Burdige 2007), have revealed that the effect of oxygen on the degradation 

of particulate organic matter in marine sediment depends on the nature of the substrate. In short, 

fresh, less refractory organic matter is degraded at similar rates regardless of whether oxygen is 

present, while aged, more refractory organic matter is degraded at greatly reduced rates under 

anoxic conditions (Kristensen et al. 1995; Hulthe et al. 1998; Kristensen and Holmer 2001). 

Rates in this study could perhaps be explained because cellulose—the main constituent of cotton 

strips—is one of the more easily degraded biopolymers (Pérez et al. 2002). Alternatively, studies 

have demonstrated that exposure to oscillating redox conditions can stimulate overall 

mineralization of organic matter (Reddy and Patrick 1975; Aller 1994; Aller et al. 1996; Hulthe 

et al. 1998). Though I did not measure redox potential while the cotton strips were deployed, I 

have observed redox oscillations in the floc layer potentially associated with diurnal 

photosynthetic activity, bioturbation, and/or the introduction of oxidants (e.g., oxygen and NO3
-) 

into the floc layer following convective mixing events with overlying water (Kincaid, Chapter 4) 
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that could have stimulated decomposition of cotton strips within the floc. However, the enhanced 

decomposition rates in the floc compared to overlying water suggest there are other factors 

besides the availability of oxygen that result in greater rates of decomposition in floc sediments 

than those rates measured in the overlying water. 

Degradation of cellulose requires the production of extracellular enzymes by bacterial 

and fungal communities (Leschine 1995; Lynd et al. 2002); thus, greater TSL rates in floc 

relative to overlying water might, in part, be due to a greater abundance of microorganisms in 

floc, which would aid in rapid colonization and decomposition of cotton strips. Given that fungi 

are thought to be critically important decomposers of biopolymers like cellulose in soils (Boer et 

al. 2005) and stream ecosystems (Kuehn 2016), I estimated fungal biomass on cotton strips after 

retrieving them from the field, but I found that it was low overall on the cotton strips and tended 

to be greater on cotton strips deployed in the water overlying floc layers than on those deployed 

within floc layers (Figure 2.5). This may be explained by oxygen limitation, as many fungi are 

considered obligate aerobes although some can survive and remain active under anoxic 

conditions, including in lake sediments (Wurzbacher et al. 2010). Further, because fungal 

biomass is often positively correlated with the size of particulate organic matter in which the 

fungi dwell (Sinsabaugh et al. 2002), the low biomass of fungi on cotton strips might be due to 

the small size of average floc aggregates. Regardless, fungal biomass did not explain the greater 

decomposition rates in floc compared to overlying water. 

I did not measure the biomass of bacteria on the cotton strips, and bacteria can play 

significant roles in degrading OC where they are abundant (Benner et al. 1986; Tanaka 1991). 

Bacteria are typically more abundant by several orders of magnitude in sediments compared to 

an equivalent volume of overlying water (Wetzel 2001; Fenchel et al. 2012). Lastly, measuring 
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extracellular enzyme activities instead of, or in combination with, microbial biomass might be a 

better indicator of the contribution of microbial activity to the breakdown and mineralization of 

sediment as extracellular enzymes associated with microbial communities are the proximate 

drivers of the degradation of biopolymers like cellulose (Chróst 1991; Burns and Dick 2002). 

However, this would be difficult once cotton strips are removed from the sediments and 

porewater in which they are deployed, and would only provide potential rates. 

As mentioned in the introduction, algal communities may also enhance decomposition 

rates in floc sediments underlying shallow water columns by altering the pH and redox potential 

and by releasing organic substrates that stimulate microbial mineralization processes. While I did 

not measure algal biomass in floc during this study, I have consistently observed algal pigments 

(i.e., chlorophyll a) at varying concentrations >30 cm below the floc-water interface in similar 

waterbodies (Kincaid, Chapter 1). Thus, future investigations discerning the role of algae in 

stimulating decomposition processes in floc and sediments in general would improve our 

understanding of C cycling in shallow waterbodies (Rier et al. 2014; Kuehn et al. 2014). 

 The relatively low TSL rates measured in the overlying water may have resulted from the 

suppression of extracellular enzyme activities by organic acids such as polyphenols. Dissolved 

polyphenols derived from plant litter can complex with extracellular enzymes and inactivate 

them, thereby decreasing C and nutrient mineralization; however, divalent cations (e.g., Ca2+) 

can decrease this inhibition by bonding to organic acids, and in turn decrease their capacity to 

complex with extracellular enzymes (Wetzel 1990; Wetzel 1992). In this study, the mean Ca2+ 

concentration in overlying waters (52.3 mg L-1; range, 20.1-95.5 mg L-1) was approximately half 

the mean concentration of Ca2+ in floc porewaters (106.9 mg L-1; range, 37.3-193.7 mg L-1) and 

temperature-adjusted TSL ratios moved closer to one as the concentration of Ca2+ in the 
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overlying water increased. This suggests that polyphenols in the dissolved OC pool may have 

suppressed enzyme activities, and consequently TSL rates, in overlying waters where Ca2+ 

concentrations were too low to inhibit the complexation of organic acids with ecoenzymes. 

While I did not test this mechanism directly, it warrants further exploration. 

 

Predictors of decomposition in floc layers 

Temperature is a fundamental driver of many biological processes, including the 

metabolism of microorganisms (Yvon-Durocher et al. 2010), and unsurprisingly, it was a good 

predictor of TSL rates in floc layers. Non-adjusted TSL rates were positively correlated with 

mean floc temperature (Figure 2.6) and mean rates in both floc layers and overlying water 

followed patterns in seasonal water temperatures, with the greatest rates occurring in August, the 

warmest month in this study (Figs. 3A & 4A). The positive relationship between temperature and 

microbially driven OC decomposition in aquatic ecosystems is well established (Gudasz et al. 

2010; Boyero et al. 2011; Follstad Shah et al. 2017), though seasonal variation in sediment 

degradation rates can also be influenced by other factors like seasonal changes in the sources and 

quality of OC inputs (Schulz 1995). 

The most important predictor of temperature-adjusted TSL rates within floc layers was 

the concentration of SRP in porewaters; TSL rates increased with increasing SRP concentrations 

(Appendix Table A2.5). This suggests one of several things: (1) decomposition is limited by 

phosphorus (P), (2) sites with greater decomposition potential increase SRP availability through 

mineralization of OC, or (3) SRP co-varies with another predictor of decomposition that I did not 

measure. Studies manipulating the concentration of P provide evidence in support of P limitation 

of decomposition in sediments. For example, decomposition or community respiration rates 
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increased with P enrichment for cotton strips deployed in sediments of an oligotrophic marsh 

(Newman et al. 2001), white pine (Pinus strobus) cellulose incubated in anoxic laboratory 

incubations of lake sediments (Federle and Vestal 1980), and cellulose sponges deployed in 

streams in Alaska (Rüegg et al. 2011). Similarly, cotton strips deployed in the sediment of 

wetland ponds in Alaska decomposed more quickly in ponds with greater surface water SRP 

concentrations (Vizza et al. 2017). And in similar ponds in Alaska with thick and ubiquitous floc 

layers, Tiegs et al. (2013b) found that microbial decomposition rates of plant litter increased with 

increasing P content of the litter. Further, Godshalk and Wetzel (1978) found that litter of two 

aquatic vascular plant species decomposed faster in the littoral zone of a hypereutrophic lake that 

was particularly enriched in SRP (Wintergreen Lake, which is one of my study sites) than in a 

similar habitat in a nearby mesotrophic lake with much lower SRP concentrations, despite 

stronger reducing conditions in the hypereutrophic lake. These studies together provide evidence 

for P limitation of OC decomposition in these freshwater sediments. 

Though Fe2+ concentrations only had about half the predictive power of SRP, 

temperature-adjusted TSL rates tended to increase with increasing concentrations of Fe2+ in floc 

porewaters. The presence of Fe2+ in the floc porewaters may be an indicator of one or two 

processes that may contribute to enhanced decomposition rates. First, microbial reduction of 

ferric iron (Fe3+) to Fe2+ is an important pathway in the anaerobic degradation of sediment OM, 

for example in freshwater lakes (Thamdrup 2000; Lovley et al. 2004; Lau et al. 2015) and Arctic 

peat soils (Lipson et al. 2010). Second, in sediments P is often sorbed as the inorganic phosphate 

(PO4
3-) ion to inorganic metal oxides, particularly poorly crystalline iron oxides. In the absence 

of oxygen Fe3+ is reduced to Fe2+ and Fe-bound P is released to sediment porewaters (Boström et 

al. 1988). Increased available P, as explained earlier, then enhances decomposition rates. 
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The negative relationship between temperature-adjusted TSL rates in floc and NH4
+ 

concentrations in the floc porewaters may be another indicator that decomposition rates were P 

limited. The majority of sites had dissolved N:P ratios in the floc porewaters above the Redfield 

ratio and as this ratio increased temperature-adjusted TSL rates tended to decrease, though the 

trend was only significant (p < 0.05) for June and October when considering all depths together 

(Figure 2.8). Similarly, Vizza et al. (2017) found that decomposition rates of cotton strips in 

wetland ponds were negatively related to surface water TN:TP ratios. 

 

Figure 2.8. Linear relationships for each season between temperature-adjusted tensile strength 
loss rates (TSL, % per degree day) in floc and the natural log of the molar ratio of NH4-N to SRP 
concentrations in the floc porewaters. The data are limited to cotton strips with TSL between 25-
75%. Linear regressions were significant (p < 0.05) for June and October, but not for August. 
The vertical line shows the 16:1 molar N:P ratio. 

 Ammonia inhibition could also have contributed to the negative relationship between 

temperature-adjusted TSL rates in floc and NH4
+ concentrations in the floc porewaters. While we 
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cannot rule this mechanism out conclusively, it is unlikely ammonia toxicity resulted in reduced 

TSL rates because the maximum concentration of NH4
+ that I measured in floc porewaters (~21 

mg N L-1) was 2-3 orders of magnitude less than inhibitory concentrations reported in the 

literature (Chen et al. 2008). On a similar note, when I assessed which floc porewater chemistry 

variables were the best predictors of temperature-adjusted TSL rates, ΣH2S concentration was a 

marginally significant negative predictor (p = 0.08, Model M7 in Appendix Table A2.5), but 

again, the maximum concentration of ΣH2S that I measured in floc porewaters (~160 µM) was 1-

2 orders of magnitude less than inhibitory concentrations reported in the literature (Chen et al. 

2008). Therefore, ammonia and sulfide likely did not inhibit decomposition rates in floc. 

 

Apparent temperature sensitivity of decomposition in floc 

 The overall apparent activation energy (Ea) of decomposition rates in floc across all 

depths, sites, and seasons (0.82 ± 0.04 eV) is considerably greater than predicted for respiration 

in general and for short-term ecosystem respiration in aquatic systems, both ~0.6 eV (Brown et 

al. 2004; Allen et al. 2005; Yvon-Durocher et al. 2012). Differences in the temperature 

dependence of decomposition can be driven by differences in organic matter quality (Bosatta and 

Ågren 1999; Cornwell et al. 2008; Makkonen et al. 2012; Follstad Shah et al. 2017); however, 

Tiegs et al. (unpublished data) found that the Ea of TSL for cotton strips deployed in stream and 

riparian area surface water habitats (~0.6 eV; n > 500) was similar to the Ea predicted for 

respiration of OC in soil and aquatic ecosystems. This similarity suggests that the greater Ea for 

decomposition of cotton strips in floc is not driven by differences in organic matter quality, but 

rather, by environmental differences. 
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While I did not directly examine the environmental factors that contribute to a greater Ea 

in this study, I suggest they may result from the contribution of anaerobic processes to 

decomposition. The Ea estimate in the upper cms of the floc layer where oxygen may be present 

transiently is ~0.6 eV (Figure 2.7B). In deeper layers of the floc layer, where oxygen is 

unavailable the majority of the time and anaerobic processes dominate, Ea increases and reflects 

the Ea for methane production in freshwater sediment incubations (0.93 eV) (Yvon-Durocher et 

al. 2014).  

 

CONCLUSIONS 

Shallow waterbodies are abundant in many landscapes across the globe and are 

increasingly acknowledged for their role in freshwater C cycling. In these ecosystems, the fate of 

C is largely determined by sediment processes, which have received much less attention than in 

deeper freshwater and marine settings. My primary goal in this study was to investigate 

decomposition rates in shallow-water sediments, in this case, flocculent organic sediment, and 

compare these to rates in other freshwater settings where the cotton strip assay has been 

deployed.  

Contrary to my expectation, decomposition rates in floc sediments measured in this study 

were on average 1.7 times greater than rates measured in overlying waters, and were generally 

only eclipsed by temperature-adjusted rates reported in streams, which are generally flowing and 

well oxygenated. This result does agree with some studies, particularly in marine sediments, that 

demonstrate that decomposition under anoxic conditions is not always retarded relative to oxic 

environments. Further, it does not seem that slow decomposition explains the apparently high 

OC accumulation rates that produce thick layers of floc in certain environments.  
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Accumulation of floc can only occur when OC inputs exceed decomposition, and thus 

floc sediments may be sustained by particularly high rates of OC input. The environments in 

which I observed thick accumulations of floc often had obviously high autochthonous inputs 

from aquatic vascular plants and/or allochthonous inputs of terrigenous OC deposited by 

advective flows from upstream. The latter would be more recalcitrant to decomposition and 

result in accumulation, but floc can often be found in shallow productive waters far from 

shorelines or advective inputs of terrigenous OC. Another possibility is that the flocculent nature 

of the particulate matter inhibits decomposition in some way that is not exhibited with fixed 

cotton strips inserted into the floc. The factors promoting the accumulation of floc thus remain a 

mystery; more information on inputs, transformations, and losses of OC is needed. 

Short-term assays using either natural leaf litter or cellulose strips provide useful 

comparative assays of decomposition rates, although mass loss from litter may be faster if it 

includes the initial leaching of soluble organic and inorganic matter, which is more important 

with fresh litter. Given that decomposition usually slows in the latter stages when more 

recalcitrant organic matter remains, short-term assays using either litter bags or cotton strips may 

overestimate loss rates over longer time scales, but cotton strips may well represent the 

decomposition of structural biopolymers, the main component of aged litter.  

Decomposition of OC in floc layers may be limited by the availability of P or the ratio of 

N to P available in the porewaters. Predictably, warmer temperatures led to increased 

decomposition rates and the temperature sensitivity results suggest that rates of decomposition in 

flocculent sediments could increase 12-56% with a 1-4°C increase in water temperatures, a range 

that is likely for this region in the next 100 years if climate change continues at the current pace 
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(Winslow et al. 2015). If decomposition outpaces OC inputs in a warmer world, stocks of 

sediment OC in freshwaters may decline. 

In conclusion, floc sediments in shallow waters support relatively rapid rates of 

decomposition, and further studies are necessary to understand how general these patterns are in 

other shallow-water organic sediments. However, given that floc sediments are abundant, our 

understanding of OC cycling and burial in shallow freshwaters would particularly benefit from 

research that investigates the controls on the decomposition of OC aggregated in floc particles 

and how quickly this OC pool turns over, or alternatively, is recalcitrant to degradation in this 

form.
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Table A2.1. Results of Kruskal-Wallis rank sum tests and Conover-Iman test of multiple 
comparisons using rank sums to test for differences in tensile strength loss rates between 
seasons. 
 
      Kruskal-Wallis   Conover-Iman 

Rate† Location Season Comparison χ2 d.f.‡ p   t§ Adjusted pǁ 

TSL day-1 Water 
 

16.96 2 <0.001 
   

  
August vs. June 

    
1.75 0.05 

  
August vs. October 

    
4.4 <0.001* 

  
June vs. October 

    
3.68 <0.001* 

 
Floc 

 
167.35 2 <0.001 

   

  
August vs. June 

    
8.69 <0.001* 

  
August vs. October 

    
16.35 <0.001* 

  
June vs. October 

    
8.9 <0.001* 

TSL degday-1 Water 
 

9.4 2 0.009 
   

  
August vs. June 

    
1.2 0.12 

  
August vs. October 

    
3.01 0.003 

  
June vs. October 

    
2.52 0.01 

 
Floc 

 
88.39 2 <0.001 

   

  
August vs. June 

    
4.94 <0.001* 

  
August vs. October 

    
10.48 <0.001* 

    June vs. October         6.31 <0.001* 
† Tensile strength loss rate (TSL day-1, % per day; TSL degday-1, % per degree day) 
‡ degrees of freedom 
§ t-test statistic for Conover-Iman test 
ǁ p-values adjusted using the Benjamini-Hochberg procedure; * indicates significant p-values (α = 0.05/2 in 
combination with p adjustment procedure)
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Table A2.2. Results of Wilcox signed rank tests to compare differences in tensile strength loss 
rates (TSL day-1, % per day; TSL degree day-1, % per degree day) between those measured in the 
overlying water and those measured in each subsequent depth in the floc, by season. These 
comparisons were only made following the rejection of a Friedman test (α = 0.05). The 
Benjamini-Hochberg procedure was used to adjust p-values to control the false discovery rate. 
 

    TSL day-1   TSL degday-1 

Season 
Depth 
Comparison V† Adjusted p‡   V Adjusted p 

June +1.4 vs. -1.4 31.0 <0.001* 
 

22.0 <0.001* 

June +1.4 vs. -4.3 40.0 <0.001* 
 

11.0 <0.001* 

June +1.4 vs. -7.1 45.0 0.001* 
 

15.0 <0.001* 

June +1.4 vs. -9.9 70.5 0.002* 
 

35.0 <0.001* 

June +1.4 vs. -12.8 98.0 0.006* 
 

60.0 0.001* 

June +1.4 vs. -15.6 98.0 0.006* 
 

50.0 0.001* 

October +1.4 vs. -1.4 14.0 0.002* 
 

15.0 0.002* 

October +1.4 vs. -4.3 28.0 0.005* 
 

29.0 0.006* 

October +1.4 vs. -7.1 32.0 0.007* 
 

35.0 0.009* 

October +1.4 vs. -9.9 21.0 0.003* 
 

22.0 0.003* 

October +1.4 vs. -12.8 24.5 0.004* 
 

27.0 0.005* 

October +1.4 vs. -15.6 18.5 0.002*   18.0 0.002* 
† Wilcoxon signed rank test statistic 
‡ p-values adjusted using the Benjamini-Hochberg procedure; * indicates significant p-values (p < 0.05)
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Table A2.3. Results of generalized least squares modeling to select the best predictors of temperature-adjusted tensile strength loss 
(TSL degree day-1, % degree day-1) ratios using surface water chemistry variables. 
 

Model 
Code1 

Model 
Type2 Method3 Model4 AIC L ratio p d.f.5 Comparison 

Testing whether the inclusion of site as a random effect improves the model 
M1 gls REML season + all chem 52   11  

M2 lme REML season + all chem, random = ~1|site 54 <0.001 1.00 12 M1 vs. M2 

Selecting the most parsimonious model 
M1 gls ML season + all chem 16     

M3 gls ML season + all chem (less Cl-) 14 0.00 0.97 10 M1 vs. M3 

M4 gls ML season + all chem (less Cl- & Ca2+) 21 8.77 0.003 9 M1 vs. M4 

M5 gls ML season + all chem (less Cl- & Mg2+) 18 6.16 0.01 9 M3 vs. M5 

M6 gls ML season + all chem (less Cl- & SO4
2-) 12 <0.001 0.98 9 M3 vs. M6 

M7 gls ML season + all chem (less Cl-, SO4
2-, & NO3-N) 11 0.48 0.49 8 M6 vs. M7 

M8 gls ML season + all chem (less Cl-, SO4
2-, NO3-N, & DOC) 11 2.07 0.15 7 M7 vs. M8 

M9 gls ML season + all chem (less Cl-, SO4
2-, NO3-N, DOC, & NH4-N) 10 0.75 0.39 6 M8 vs. M9 

M10* gls ML season + all chem (less Cl-, SO4
2-, NO3-N, DOC, NH4-N, & SRP) 11 3.44 0.06 5 M9 vs. M10 

1 * Denotes the most parsimonious model, TSL = 0.71 – 0.34 season(October) – 0.14 Mg2+ + 0.22 Ca2+; season estimate is relative to June; estimates for 
continuous covariates are standardized coefficients; n = 23 
2 Model types: gls = generalized least squares, lme = linear mixed effect 
3 Method used to fit model: REML = restricted estimation maximum likelihood, ML = full maximum likelihood 
4 The covariate ‘all chem’ includes SRP + NH4

+ + DOC + NO3
- + SO4

2- + Mg2+ + Ca2+ + Cl-; these continuous covariates were centered to the mean and scaled 
by standard deviation 
5 degrees of freedom for likelihood ratio tests
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Table A2.4. Results of Wilcox signed rank tests to compare differences in ergosterol 
concentrations (ng g AFDM-1) between those measured in the overlying water (depth +1.4) and 
those measured in each subsequent depth in the floc (depths -1.4, -7.1, and -15.6). These 
comparisons were only made following the rejection of a Friedman test (α = 0.05). The 
Benjamini-Hochberg procedure was used to adjust p-values to control the false discovery rate. 
 

Season 
Depth 
Comparison V1 Adjusted p2 

October +1.4 vs. -1.4 46.0 0.07 

October +1.4 vs. -7.1 55.0 0.02* 

October +1.4 vs. -15.6 48.0 0.06 
1 Wilcoxon signed rank test statistic 
2  p-values adjusted using the Benjamini-Hochberg procedure; * indicates significant p-values (p < 0.05)
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Table A2.5. Results of linear mixed effects modeling to select the best predictors of temperature-adjusted tensile strength loss (TSL 
degday-1, % degree day-1) rates using floc porewater chemistry variables. 
 

Model 
Code1 

Model 
Type2 Method3 Model4 AIC L ratio p d.f.5 Comparison 

Testing whether the inclusion of site as a random effect improves the model 
M1 gls REML season + depth + all chem -748   16  

M2 lme REML season + depth + all chem, random = ~1|site -763 17.65 <0.001 17 M1 vs. M2 

Selecting the most parsimonious model 
M1 lme ML season + depth + all chem, random = ~1|site -891   17  

M3 lme ML season + depth + all chem (less Ca2+), random = ~1|site -889 3.60 0.06 16 M1 vs. M3 

M4 lme ML season + depth + all chem (less Ca2+ & DOC), random = ~1|site -890 1.32 0.25 15 M3 vs. M4 

M5 lme ML season + depth + all chem (less Ca2+, DOC, & SO4
2-), random = ~1|site -891 0.51 0.48 14 M4 vs. M5 

M6 lme ML season + depth + all chem (less Ca2+, DOC, SO4
2-, & NH4-N), random = 

~1|site 
-883 10.03 0.002 13 M5 vs. M6 

M7 lme ML season + depth + all chem (less Ca2+, DOC, SO4
2-, & H2S), random = 

~1|site 
-890 3.13 0.08 13 M5 vs. M7 

M8 lme ML season + depth + all chem (less Ca2+, DOC, SO4
2-, H2S, & Fe2+), 

random = ~1|site 
-887 4.80 0.03 12 M7 vs. M8 

M9* lme ML season + depth + all chem (less Ca2+, DOC, SO4
2-, H2S, & SRP), 

random = ~1|site 
-879 13.68 <0.001 12 M7 vs. M9 

1 * Denotes the most parsimonious model, TSL = 0.16 + 0.07 season(August) – 0.03 season(October) – 0.010 depth(-12.8) – 0.003 depth(-9.9) + 0.001 depth(-
7.1) + 0.008 depth(-4.3) + 0.007 depth(-1.4) + 0.02 SRP + 0.01 Fe2+ – 0.01 NH4

+; season estimates are relative to June; depth estimates are relative to -15.6; 
estimates for continuous covariates are standardized coefficients; n = 270 
2 Model types: gls = generalized least squares, lme = linear mixed effect 
3 Method used to fit model: REML = restricted estimation maximum likelihood, ML = full maximum likelihood 
4 The covariate ‘all chem’ includes SRP + Fe2+ + H2S + NH4

+ + SO4
2- + DOC + Ca2+; these continuous covariates were centered to the mean and scaled by 

standard deviation 
5 degrees of freedom for likelihood ratio tests
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Table A2.6. Results of linear mixed effects modeling to predict tensile strength loss rates (ln TSL 
day-1, % per day) and estimate the apparent activation energy. 
 

Model 
Code1 

Model 
Type2 Method3 Model4 AIC L ratio p d.f.5 Comparison 

M1 gls REML inverse temperature 137   3  

M2* lme REML inverse temperature, rand. = 
~1|site 

21 118.76 <0.001 4 M1 vs. M2 

M3 lme REML inverse temperature, rand. = 
inverse temperature|site 

19 5.27 0.07 6 M2 vs. M3 

M3 lme REML inverse temperature, rand. = 
inverse temperature|site 

19 124.03 <0.001 6 M1 vs. M3 

1 * Denotes the most parsimonious model, ln TSL = 1.14 – 0.82/kBT – kBT0, p < 0.001, n = 281 
2 Model types: gls = generalized least squares, lme = linear mixed effect 
3 Method used to fit model: REML = restricted estimation maximum likelihood, ML = full maximum likelihood 
4 Inverse temperature = 1/kBT-1/kBT0, where k is Boltzmann's constant, T is ambient temperature in K, and T0 is a 
standard temperature (291.15K); rand. = random effect 
5 degrees of freedom for likelihood ratio tests 
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CHAPTER 3  
 

NITRATE REMOVAL BY FLOCCULENT SEDIMENTS IN SHALLOW FRESHWATERS 

 

ABSTRACT 

 Increased loading of nitrogen (N) as a result of anthropogenic activities has degraded 

freshwater and coastal marine waters. Watershed networks of lakes, wetlands, and fluvial 

systems retain or remove a large portion of the N that would otherwise be transported to coastal 

ecosystems. Small, shallow waterbodies often disproportionately contribute to N removal 

relative to larger, deeper waterbodies, but have not received as much study. Sediment-water 

interactions strongly affect N transformations and removal from overlying water in shallow 

waterbodies. In this study I considered the potential for a rarely investigated, but common 

sediment type in shallow waterbodies—flocculent organic sediment (floc)—to remove nitrate 

(NO3
-) from overlying waters. Given the high organic matter content of floc, I hypothesized that 

NO3
- removal rates would be greater than in more consolidated, less organic sediments in similar 

settings. To test this I conducted in situ NO3
- removal assays in a variety of shallow freshwaters 

with variable accumulations of floc in southwestern Michigan, examined their controls, and 

compared measured rates with those reported in the literature across a range of aquatic 

ecosystems and sediment types. Nitrate removal rates for floc were related to dissolved oxygen 

concentrations, temperature, and depth of overlying water, but not to the organic matter content 

of floc. The median removal rate for floc was greater than the median rate for other sediment 

types, but this difference may only exist under conditions where overlying waters are enriched 

with NO3
-. I discuss possible explanations for the lower than predicted rates and suggest further 
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study is necessary to evaluate the role of flocculent sediments as ecosystem control points for 

NO3
- removal. 

 

INTRODUCTION 

Anthropogenic activities associated with food and energy production have drastically 

increased the availability of nitrogen (N) in the biosphere (Vitousek et al. 1997; Galloway et al. 

2004; Galloway et al. 2008). A significant amount of this N enters freshwater ecosystems as 

reactive forms (e.g., dissolved inorganic N) via overland and subsurface flow pathways 

(Galloway et al. 2003; Gruber and Galloway 2008; Baron et al. 2012). In many agricultural or 

densely populated watersheds, N loading increases to the point where elevated concentrations of 

N, and particularly nitrate (NO3
-), persist in surface waters, often entering via contaminated 

groundwater (Rupert 2008; Puckett et al. 2011) or via leaching and runoff during increasingly 

common weather whiplashes (dry-wet transitions) in agricultural regions (Loecke et al. 2017). At 

elevated concentrations, NO3
- can interfere with the use of freshwater for drinking, recreation, 

and industry (Townsend et al. 2003; Camargo and Alonso 2006) and has been implicated in 

coastal eutrophication and the occurrence of hypoxic zones (Smith et al. 1999; Boesch et al. 

2001; Rabalais et al. 2001; Camargo and Alonso 2006). 

Although N loading to coastal marine waters is increasing in many parts of the world 

(Yan et al. 2010; Yasin et al. 2010; Seitzinger et al. 2010; Strokal et al. 2014), a robust body of 

research has demonstrated that watershed networks of lakes, wetlands, and fluvial systems retain 

a large portion of the N that would otherwise be transported to coastal ecosystems (Howarth et 

al. 1996; Alexander et al. 2000; Peterson et al. 2001; Seitzinger et al. 2002; Mulholland et al. 

2008; Harrison et al. 2009; Jordan et al. 2011; Finlay et al. 2013). Nitrogen entering these 



 

 117 

systems has multiple potential fates including temporary assimilation by aquatic biota, burial in 

sediment, or permanent gaseous removal via denitrification (Wetzel 2001; Saunders and Kalff 

2001). And it seems that waterbodies on the lower end of the size distributions (i.e., headwater 

streams, wetlands <0.1 km2, and lakes ≤ 50 km2) are hot spots for these N retentive and sink 

processes (Alexander et al. 2000; Seitzinger et al. 2006; Alexander et al. 2008; Wollheim et al. 

2008; Harrison et al. 2009; Cheng and Basu 2017). 

It is well established that small streams are particularly important in mediating N export 

through fluvial networks (Smith et al. 1997; Alexander et al. 2000; Peterson et al. 2001; 

Seitzinger et al. 2002; Mulholland et al. 2008), but only more recently have small lentic 

waterbodies been recognized as important N sinks (Harrison et al. 2009; Jordan et al. 2011; 

Cheng and Basu 2017). Using a spatially explicit, global model of lentic N removal, Harrison et 

al. (2009) estimated that lakes and reservoirs greater than 0.001 km2 remove 19.7 Tg N year-1. 

This is roughly one-third of the N entering surface freshwaters globally and is comparable to 

estimates of N removal by streams and rivers. Further, of those waterbodies, small lakes (0.001-

50 km2) remove nearly half of this N (9.3 Tg N year-1) at a rate equivalent to 16% more uptake 

per unit area than larger lakes (Harrison et al. 2009). While these modeling estimates remain to 

be tested, they provide enticing evidence that small lakes and reservoirs, which are usually 

shallow and often productive, may function as control points for mediating N export to 

downstream waterbodies; thus, investigating the controls on N retention in these small 

waterbodies is important to understand their aggregate role at watershed scales. 

Mass-balance studies in lakes have found that N removal rates correlate positively with N 

loading rates and water residence times, and negatively with mean lake depths (Kelly et al. 1987; 

Dillon and Molot 1990; Molot and Dillon 1993; Windolf et al. 1996; Saunders and Kalff 2001). 
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The negative relationship with depth is likely the result of the decreased influence of sediment-

water interactions in deeper water columns. Furthermore, deeper lakes are more prone to 

seasonal thermal stratification, reducing the volume of through-flowing water in contact with the 

sediment. Thus, N transformations and removal by sediment-water interactions are expected to 

more strongly affect N concentrations in the overlying water in small lentic waterbodies. 

In southwestern Michigan many shallow aquatic ecosystems accumulate flocculent 

organic sediments, hereafter called floc. These deposits consist of loosely consolidated layers 

(typical dry bulk densities ≤ 0.1 g cm-3 and water contents frequently >90%) of fine and coarse 

particulate organic matter as well as variable amounts of mineral matter, and often exceed 10 cm 

in thickness (Kincaid, Chapter 1). Thick accumulations of floc are most common in semi- to 

permanently-flooded shallow waterbodies that have productive aquatic and/or riparian vegetation 

and lack strong current or wave action. Floc also accumulates where inflowing water slows down 

and deposits its organic matter load, as for example where streams and rivers enter natural lakes 

and artificial reservoirs. Thus, floc is common in the littoral zones of lakes, small reservoirs, 

persistently flooded wetland habitat, depositional zones in lotic systems, and groundwater seeps. 

Despite the very common occurrence of these sediments in a diversity of shallow waterbodies, 

their biogeochemical importance has been little studied, and they are often incorrectly sampled 

using core methods developed for relatively consolidated sediments, or simply avoided (e.g., not 

sampled, or poured off the top of sediment cores). 

Floc may promote rapid removal of NO3
- from overlying water columns in shallow 

aquatic ecosystems where it is abundant. Most importantly, floc accumulations have high levels 

of organic matter, frequently exceeding 40% of sediment dry weight as measured by loss-on-

ignition (Kincaid, Chapter 1). Organic carbon availability in sediments supports heterotrophic 
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microbial activity, thereby stimulating both assimilatory uptake of NO3
- and respiratory 

denitrification. And when N demand cannot be met by mineralization of organic N, heterotrophs 

may assimilate NO3
- from water (Caraco et al. 1998). Additionally, the organic carbon supply 

indirectly enhances denitrification potential by increasing sediment oxygen demand, producing 

more anaerobic habitat and decreasing the thickness of the oxic surface layer in the sediment 

through which NO3
- has to diffuse before becoming available to denitrifiers. Often NO3

--rich 

water traveling along surface and subsurface flowpaths must pass over or through accumulations 

of floc located at the shallow margins of waterbodies or at the confluence of lotic and lentic 

systems. In this case, floc layers may act as hot spots or even ecosystem control points (McClain 

et al. 2003; Bernhardt et al. 2017) for NO3
- removal from surface waters. 

Given the high organic matter content of floc, I hypothesized that NO3
- removal rates 

would be greater than in more consolidated, less organic sediments in similar settings. To test 

this I measured potential NO3
- removal rates in a variety of shallow freshwaters with variable 

accumulations of floc in southwestern Michigan. In this paper, I report those rates, examine their 

potential controls, and compare them with NO3
- removal rates reported in the literature across a 

range of aquatic ecosystems with variable sediment compositions as a first assessment of the 

importance of this understudied sediment in watershed N removal. 

 

METHODS 

Site selection 

In September 2015 and 2016, I conducted NO3
- removal assays in shallow freshwater 

ecosystems in Kalamazoo County, Michigan, USA with thick accumulations (>10 cm) of 

flocculent sediments. I targeted locations with water columns <1 m deep that were also largely 
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devoid of vascular plant growth, although there were often plants growing nearby. If vegetation 

was present but it was weakly rooted or not rooted, I carefully removed the plants before the 

beginning of the experiments; places where vegetation removal would have been disruptive to 

the sediments were avoided. I conducted the experiments in 12 shallow aquatic ecosystems, 

including the littoral zones of lakes (LTER kettle pond, site name hereafter [LTER], Wintergreen 

Lake [Wintergreen]), an isolated depressional wetland (Turkey Marsh [Turkey]), shallow 

through-flow wetlands (Kellogg Research Forest Pond [KRFP], Three Lakes [Three], Loosestrife 

Fen [Loosestrife], Ransom Creek [Ransom], Sheriffs Marsh [Sheriffs], Wintergreen Lake Outlet 

[Wintergreen Out], Windmill Pond [Windmill]), and in depositional zones on the margins of 

stream channels (Eagle Creek [Eagle], Gull Run [Gull]) (Table 3.1). 

 

Nitrate removal assays 

I conducted NO3
- removal assays in situ using open-ended mesocosms inserted into the 

sediments and extending above the water level. I constructed the mesocosms by removing the 

bottom of storage containers made of rigid, opaque polypropylene. To accommodate different 

water levels and open sediment areas, I used different sizes of containers; thus, internal surface 

areas ranged from 0.16 – 0.28 m2 (Table 3.1). To isolate a volume of floc and overlying water, I 

carefully inserted the mesocosms into the flocculent sediment layer to a depth of at least 10 cm. 

The tops of the mesocosms were never more than 10 cm above the surface of the overlying 

water.



 

 121 

Table 3.1. Physical and chemical characteristics of sediments and overlying waters in the mesocosms used for in situ NO3
- removal 

experiments. Surface water temperatures and dissolved oxygen (DO) concentrations represent averages from both pre-and post-
enrichment periods. Nutrient concentrations are averages from samples collected during the pre-enrichment period only. 

  Sediment  Surface water  
Site Year Area OM chl a  Depth Temp. Min. DO Mean DO NO3-N NH4-N SRP DIN:SRP 
  (m2) (%) (ug g-1)  (m) (°C) (mg l-1) (mg l-1) (µM) (µM) (µM)  
Eagle 2016 0.16 42 14.2  0.11 19.7 7.0 8.6 7.2 4.2 0.08 142.5 
Gull 2016 0.18 45 20.5  0.22 21.6 6.3 6.9 4.1 7.1 0.06 186.7 
KRFP 2015 0.16 40 57.1  0.25 21.0 NA NA 63.2 3.3 0.68 97.8 
KRFP 2016 0.25 42 11.5  0.29 17.4 5.1 6.8 42.9 43.6 1.25 69.2 
Loosestrife 2015 0.16 24 48.0  0.07 15.6 NA NA 5.5 3.2 1.50 5.8 
Loosestrife 2016 0.16 28 12.6  0.06 21.7 7.0 11.6 2.7 2.4 0.06 85.0 
LTER 2016 0.18 21 32.2  0.28 21.7 7.3 9.9 0.1 1.4 0.09 16.7 
Ransom 2016 0.25 18 4.7  0.35 20.9 4.6 5.3 1.9 10.5 0.18 68.9 
Sheriffs 2015 0.16 50 24.0  0.10 10.6 NA NA 1.5 41.7 0.28 154.3 
Sheriffs 2016 0.16 55 8.1  0.19 16.8 3.8 4.9 2.8 34.6 0.11 340.0 
Three 2015 0.16 22 42.1  0.40 15.0 NA NA 11.8 9.0 0.19 109.5 
Three 2016 0.25 23 8.5  0.40 23.0 3.8 6.0 2.1 24.9 0.22 122.7 
Turkey 2016 0.18 26 20.2  0.16 17.6 0.4 0.6 1.3 16.2 0.23 76.1 
Windmill 2016 0.18 57 97.0  0.27 17.8 3.4 6.3 1.5 52.5 0.62 87.1 
Wintergreen 2015 0.16 23 113.0  0.30 15.3 NA NA 17.1 5.0 0.48 46.0 
Wintergreen 2016 0.28 30 33.7  0.35 26.1 8.8 12.7 1.3 5.8 0.07 101.4 
Wintergreen 
Out 2016 0.28 35 26.4  0.60 22.6 0.8 1.6 0.9 0.3 0.08 15.0 
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The mesocosms and experimental design changed slightly between experiments in 2015 

and 2016. In 2015, I installed mesocosms without any openings on the sides and allowed them to 

settle for 2 diel cycles before commencing the experiments. In 2016, I added two holes on 

opposite sides of the container to permit overlying water inside and outside of the mesocosm to 

exchange for 2 diel cycles prior to beginning the experiment and avoid possible water level 

disequilibrium between outside and inside the chambers. Immediately before starting the NO3
- 

tracer studies, I sealed these holes by inserting tightly fitting rubber stoppers. 

I measured NO3
- removal rates in the mesocosms by enriching the overlying water with 

NO3
- and a conservative solute tracer (Br-) and monitoring changes in concentrations over 3 diel 

cycles. I increased the concentrations of NO3
--N and Br- in the mesocosms to approximately 2 

mg l-1 by adding a concentrated solution of NaNO3 and NaBr. Following the addition of the 

enrichment solution, I gently stirred the mesocosm to mix the water column while not mobilizing 

the floc. Immediately following enrichment and mixing, I sampled the overlying water in the 

mesocosm. In 2015, I sampled each mesocosm 22 hrs (time of day: PM), 46-48 hrs (PM), and 

67-73 hrs (PM) after the initial sampling time. In 2016, I sampled each mesocosm 16-17 hrs 

(AM), 24-26 hrs (PM), 44-49 hrs (PM), and 64-65 hrs (AM) after the initial sampling time. 

I calculated areal NO3
- removal rates as first-order rate constants (k), estimating k as the 

slope of the linear relationship between the natural log of NO3-N:Br- ratios and time elapsed 

(days). I fit first-order models even though NO3
- removal displayed zero order kinetics (i.e., NO3

- 

decreased linearly with time), because first-order removal behavior is most commonly observed 

in the literature. In a few cases, the relationship became non-linear when nearly all of the NO3
- 

was removed from the water column before the last temporal sampling event (e.g., Loosestrife in 

Figure 3.1). In these cases, I estimated k using only data points where NO3-N:Br- ratios were 



 

 123 

>0.001 and the relationship with time remained linear. Linear regressions were always 

significant (p < 0.05). I then multiplied the total mass of NO3-N at the beginning of the 

enrichment period by k and standardized this rate using the surface area of the sediment in the 

mesocosms. Negative values denote removal (presumably mainly due to fluxes from the water 

column to the sediment; the water above the sediments was not visibly rich in particulate matter 

and algae). Because I made the measurements by elevating the NO3
- concentration in the 

overlying water column above ambient concentrations, the rates should be considered potential, 

rather than actual, NO3
- removal rates (O'Brien and Dodds 2010). 

 

Figure 3.1. Examples of NO3
- removal in the mesocosms at three sites including Loosestrife, a 

case where NO3
- concentrations became depleted and hence only early measurements were used 

to generate comparable estimates. 

Surface water sampling and analyses 

I sampled the overlying water in the mesocosms using a 140-mL syringe fitted with a 

length of Tygon PVC clear tubing, obtaining a depth integrated sample by withdrawing water 

from throughout the vertical extent of the water column. I stored the sample in a clean bottle on 

ice until returning to the laboratory. In the laboratory I filtered the samples through 0.45 µm 

pore-size Supor polyethersulfone membrane filters (Pall Corp., Port Washington, New York) and 
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stored the samples at 4°C until analysis within 5 days. In 2016, I also measured dissolved oxygen 

profiles in the mesocosm during each sampling event using a Hydrolab minisonde.  

 I measured NO3
-, Br-, and porewater NH4

+ using Dionex membrane-suppression ion 

chromatography and, for samples of overlying water, I measured NH4
+ and soluble reactive 

phosphorus (SRP) concentrations colorimetrically using the phenylhypochlorite technique 

(Aminot et al. 1997) and molybdate blue method (Murphy and Riley 1962), respectively. 

 

Sediment sampling and analyses 

 Following the termination of the NO3
- removal assays, I measured particulate organic 

matter content and chlorophyll a (chl a) concentrations in the floc layer. Using a plastic coring 

tube (internal diameter 5.4 cm), I sampled the upper 10 cm of sediment in two random locations 

in each mesocosm. I determined organic matter content (% w/w) by loss on ignition upon 

combusting subsamples of dried sediment at 550°C for two hours. To determine chl a 

concentrations, I extracted pigments from the sediment in 90% acetone for 24 hours at 4°C, 

followed by measurement of chl a concentrations on filtered subsamples using a calibrated 

Turner Designs fluorometer (TD-700, Turner Designs, Sunnyvale, CA, USA). 

 

Compilation of NO3
- removal rates from the literature 

 To compare NO3
- removal rates for floc to those made for other sediment types, I 

compiled studies that measured NO3
- fluxes across the sediment-water interface in both 

freshwater and marine settings. Methods for flux measurements varied and included ex situ 

incubations in sediment cores and in situ methods including assays conducted in closed systems 

(e.g., benthic chambers and mesocosms) and whole ecosystems (e.g., tracer studies in through-
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flow wetlands). I included measurements made at ambient NO3
- concentrations, or close to 

ambient in the case of many 15N isotope addition experiments, as well as those that elevated the 

concentrations of NO3
-. When values were not available in text or tables, I extracted values from 

plots using the online tool, WebPlotDigitizer (http://arohatgi.info/WebPlotDigitizer/). I 

maintained measurements made in different locations within a water body as discrete 

observations, but averaged repeated measurements made over time for each water body. Nitrate 

fluxes and supporting information are compiled in Appendix Table A3.1. In total, 141 

measurements were compiled from sediments in lakes, streams, wetlands, estuaries, and coastal 

and deeper water marine ecosystems. 

 

Data analysis 

 I conducted all data analyses in R v.3.4.3 (R Core Team 2017) using RStudio v.1.1.383 

(RStudio Team 2017). To test for overall differences in NO3
- removal rates among sediment 

types independent of NO3
- enrichment, I first conducted a non-parametric Kruskal-Wallis rank 

sum test. Following the rejection of a Kruskal-Wallis test (α = 0.05), I did pairwise comparisons 

for each sediment type using Dunn’s test (Dunn et al. 2014; Dinno 2017). To control the family-

wise error rates, I applied a Bonferroni p-value correction.  To test for differences between 

sediment types with consideration of NO3
- enrichment, I followed the same procedure. 

 

RESULTS 

Sediment characteristics 

Sediment characteristics varied widely among mesocosm sites (Table 3.1). Organic 

matter content of the upper 10 cm of flocculent sediment ranged from 18 to 57% (mean of 34%) 
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by weight. Chlorophyll-a concentrations ranged from 4.7 to 113.0 ug g-1 dry sediment (mean of 

33.7 ug g-1). 

 

Water column characteristics 

Physicochemical characteristics of the shallow overlying water columns (0.06-0.6 m) also 

varied among mesocosm sites (Table 3.1). Mean water temperatures ranged from 10.6 to 26.1°C. 

Mean dissolved oxygen concentrations ranged from 0.6 to 12.7 mg l-1, but with the exception of 

two sites, remained above 3 mg l-1. Background inorganic N concentrations varied by several 

orders of magnitude among sites, with NO3
- concentrations ranging from 0.1 to 63.2 µmol N l-1 

and ammonium ranging from 0.3 to 52.5 µmol N l-1. Background SRP concentrations ranged 

from 0.06 to 1.5 µmol P l-1. Background molar ratios of dissolved inorganic N (DIN; NO3
- + 

NH4
+) to SRP ratios ranged from 5.8 to 340.0. 

 

Nitrate removal rates 

 Nitrate removal from the water column proceeded linearly in all experiments (e.g., Figure 

3.1). In 3 of the 17 experiments, NO3
- concentrations decreased below detection limits before the 

end of the experiment, but I was able to estimate first order removal rate constants (k; day-1) and 

areal removal rates for all experiments (Table 3.2). Negative values for the rate constants imply 

net removal from the water column. Nitrate removal rates ranged from -0.25 to -7.28 mmol N m-

2 h-1 with a median and mean of -0.39 and -0.98 mmol N m-2 h-1, respectively. 

 

 

 



 

 127 

Table 3.2. Nitrate removal rates for each site. Negative values denote removal (presumably 
mainly due to fluxes from the water column to the sediment). 

Site Year First order removal 
constant, k 

Areal removal 
rate 

  (day-1) (mmol N m-2 h-1) 
Eagle 2016 -0.68 -0.321 
Gull 2016 -0.22 -0.316 
KRFP 2015 -0.10 -0.260 
 2016 -0.13 -0.251 
Loosestrife 2015 -0.41 -0.314 
 2016 -2.55 -0.807 
LTER 2016 -0.44 -0.797 
Ransom 2016 -0.18 -0.394 
Sheriffs 2015 -0.47 -0.394 
 2016 -0.40 -0.359 
Three 2015 -0.08 -0.259 
 2016 -0.35 -0.850 
Turkey 2016 -7.82 -7.283 
Windmill 2016 -0.24 -0.398 
Wintergreen 2015 -0.25 -0.573 
 2016 -0.46 -1.150 
Wintergreen Out 2016 -0.41 -1.997 

 

 Where it was observed, dissolved oxygen depletion in the overlying water was associated 

with increased rates of NO3
- removal. The two greatest (most negative) rates occurred in 

mesocosms that reached minimum dissolved concentrations <3 mg l-l (Figure 3.2A; sites Turkey 

and Wintergreen Out). The site with the greatest removal rate, Turkey, went anoxic at the 

beginning of the NO3
- enrichment period as recently senesced leaves from a riparian tree fell into 

the mesocosm; NO3
- at this site fell below detection limits before the second sampling period, 

approximately 17 hours after enrichment. Because site Turkey had such anomalously high NO3
- 
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uptake rates, I did not include it when assessing the influence of other variables on NO3
- 

removal. 

 

Figure 3.2. Relationships between NO3
- removal rates and (A) minimum surface water dissolved 

oxygen concentration, (B) mean surface water temperature, (C) surface water depth, and (D) floc 
organic matter content measured as loss-on-ignition. The rate from Turkey Marsh (TM) was an 
outlier and was excluded from regression fits in B-D. Lines in B and C indicate relationships 
between NO3

- removal rates and the covariate including (bold) the rate from Wintergreen Lake 
Outlet (WLO) and excluding WLO (dashed). 

Water temperature and water depth also were related to NO3
- removal rates. Nitrate 

removal rates increased with increasing mean water temperature regardless of the inclusion of 

site WLO in the regression (Figure 3.2B; with site WLO: NRR = 0.63 – 0.06x, R2 = 0.29, p = 

0.03; without site WLO: NRR = 0.33 – 0.04x, R2 = 0.38, p = 0.01). Increasing water depth also 
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increased NO3
- removal rates, though this relationship was heavily influenced by the inclusion of 

site WLO (Figure 3.2C; with site WLO: NRR = -0.06 – 0.02x, R2 = 0.38, p = 0.01; without site 

WLO: NRR = -0.36 – 0.01x, R2 = 0.05, p = 0.41). Organic matter percentage in the floc did not 

influence NO3
- removal rates (Figure 3.2D; with site WLO: NRR = -0.88 + 0.01x, R2 = 0.05, p = 

0.39; without site WLO: NRR = -0.78 – 0.01x, R2 = 0.16, p = 0.14). 

 

Response of NH4
+, SO4

2-, and SRP to enrichment 

 I evaluated fluxes of other solutes in addition to NO3
- and Br- during the enrichment 

period for experiments conducted in 2016 (Appendix Table A3.2); the 2016 modified 

experimental setup allowed mesocosms to equilibrate with the surrounding water after 

installation. This was done in case concentrated porewater was released during mesocosm 

installation, or there was a change in water levels. Four of the 12 experiments resulted in 

significant increases of NH4
+ in overlying water ranging from 0.01 to 0.10 mmol N m-2 h-1. 

Conversely, NH4
+ was removed from the water column at a rate of -0.07 mmol N m-2 h-1 at one 

site. Two of the sites that released NH4
+ also released SO4

2- to the overlying water column 

resulting in fluxes of 0.61 and 0.85 mmol m-2 h-1. Sulfate was removed at one site at -0.03 mmol 

m-2 h-1. There was no detectable release or removal of SRP during the NO3
- removal 

experiments. None of these responses were correlated with first-order removal constants (k) or 

areal removal rates for NO3
- (p > 0.05) 

 

DISCUSSION 

 Rates of NO3
- removal by sediments are controlled by multiple factors, including 

temperature, NO3
- concentration, labile organic carbon availability, and dissolved oxygen 
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availability. For the NO3
- removal assays, I enriched the overlying water with NO3

- thereby 

alleviating any NO3
- limitation and allowing us to evaluate other controls on potential NO3

- 

removal rates. I observed greater rates of NO3
- removal at sites with warmer water (Figure 3.2B), 

likely because increases in temperature generally lead to increased rates of biochemical reactions 

and microbial respiration. More specifically, temperature influences rates of NO3
- directly by 

increasing the affinity for NO3
- as a substrate in both algae and bacteria (Reay et al. 1999) and 

increasing the diffusion rate for NO3
- (Golterman 2000), and indirectly by increasing both 

chemical and biological sediment oxygen demand (Walker and Snodgrass 1986; Klein et al. 

2017). Correspondingly, researchers studying N removal in wastewater treatment wetlands found 

similar relationships between temperature and NO3
- removal rates (Beutel et al. 2009; Chang et 

al. 2013). Similar temperature effects were found for NO3
- removal rates in shallow wetland 

sediments in France, though the effect was greater in sediments with more organic matter (El-

Habr and Golterman 1990). 

Nitrate fluxes between overlying water and sediment in lakes are also temperature 

dependent, though the direction of the response may depend on trophic status of the lake. In an 

oligotrophic lake higher temperatures led to an increase in NO3
- fluxes from the sediment to 

overlying water (Anthony and Lewis 2012), whereas higher temperatures in a eutrophic lake led 

to reduced NO3
- fluxes from the sediment (Liikanen et al. 2002). This suggests that dissolved 

oxygen may interact with temperature to regulate the balance between N processes in the 

sediment that control the fate of N in overlying water, specifically assimilatory uptake vs. 

dissimilatory pathways (e.g., nitrification and denitrification). Greater sediment oxygen demand 

in eutrophic systems promotes hypoxic or anoxic conditions that limit nitrate production from 

nitrification and favor nitrate removal via denitrification. Most of the waterbodies in this study 
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are eutrophic and sites with minimum dissolved oxygen concentrations <3 mg l-1 had the highest 

fluxes of NO3
- into the sediment. 

 I did not observe a relationship between NO3
- removal rates and the organic matter 

content of floc (Figure 3.2D), despite the 3-fold difference in organic matter contents of floc in 

my study sites (Table 3.1). The absence of this relationship may result from several factors. First, 

NO3
- removal via dissimilatory pathways may not be carbon limited in these highly organic 

sediments. Second, the organic matter in floc might be lower quality (e.g., high C:N ratio) and 

more recalcitrant to degradation; thus, an increase in organic matter content would not 

necessarily represent a large increase in labile forms of organic carbon. This latter situation 

would impact NO3
- removal rates directly by limiting organic carbon available as a substrate for 

NO3
- reducers, and indirectly by lowering sediment oxygen demand and decreasing rates of 

denitrification. While either scenario is plausible, I suggest the quality of organic matter in the 

floc may have limited NO3
- removal rates in this study. Based on floc cores collected from the 5 

sites assayed in 2015, the mean C:N molar ratio for the upper 12 cm of floc was 11.6 (range: 9.2-

15.3), which was similar to the median C:N molar ratio of the upper 20 cm of floc measured in 

nearby waterbodies (11.7, Kincaid, Chapter 1). Ingersoll and Baker (1998) demonstrated that the 

ideal C:N ratio for nitrate removal efficiency in treatment wetlands was 5—a value much lower 

than I measured in floc. Further, Bastviken et al. (2005) demonstrated that denitrification 

potential in wetland sediments was inversely related to the C:N ratio of the dominant plant 

species. 
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Nitrate removal rates for floc relative to other sediment types 

 The median NO3
- removal rate for flocculent sediments (Figure 3.3A, -0.39 mmol N m-2 

h-1), which includes rates measured in this study and three other studies (Svensson et al. 2001; 

O'Brien et al. 2012a; McCarthy et al. 2016), was greater (more negative) than the median rate for 

other sediment types (Figure 3.3A; Appendix Table A3.3). The particularly large (most negative) 

NO3
- removal rate for floc sediments (-9.6 mmol N m-2 h-1; this outlier is not shown in Figure 

3.3) was measured prior to this study in one of the through-flow wetland sites (KRFP) (O'Brien 

et al. 2012a). That large removal rate was less than the maximum rate reported in the literature (-

175 mmol N m-2 h-1; this outlier is not shown in Figure 3.3) for a silty sand mixture in Lake Erie, 

USA (Small et al. 2014), but was an order of magnitude greater than the maximum rates reported 

for sand and mud, both approximately -0.9 mmol N m-2 h-1. 
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Figure 3.3. (A) Nitrate removal rates reported in the literature for major sediment types in 
freshwater and marine environments. Negative values imply net removal from the water column. 
For clarity purposes, rates more negative than -2 mmol N m-2 h-1 are not shown. (B) I further 
distinguish between measurements made by adding additional NO3

- of any amount to the water 
column (enriched) versus those made at ambient nutrient conditions (no enrichment). Three of 
the floc measurements are from the literature (Svensson et al. 2001; O'Brien et al. 2012a; 
McCarthy et al. 2016); the remaining 14 values are from this study. Measurements were made 
using different methods (i.e., in situ mesocosms and benthic chambers and in the lab using 
sediment cores; Table S1. Asterisks (*) indicate that rates for these sediment types are 
significantly different (P < 0.05; Table S3) than those for floc (A) and significantly different than 
those for floc measured by enriching the overlying water with NO3

- (enriched, B). 

 The difference between NO3
- removal rates for floc versus those measured for other 

sediment types may only exist under conditions where overlying waters are enriched with NO3
-

and therefore could be an effect of NO3
- availability rather than the presence of flocculent 

sediments. As noted in previous studies, enrichment of overlying water with even small amounts 

of NO3
- tends to increase NO3

- fluxes to sediment relative to incubations with ambient NO3
- 

concentrations (Gardner and McCarthy 2009; Han et al. 2014). And when I separate the NO3
- 

removal rates by enrichment condition (i.e., those measured using enrichment versus those 

measured under ambient nutrient conditions), I find that median NO3
- removal rates for floc 
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measured using enrichment are only statistically greater than removal rates for other sediment 

types measured under ambient conditions (Figure 3.3B; Appendix Table A3.3). 

 Why were rates of NO3
- removal not greater for organic-rich, flocculent sediments, as I 

had hypothesized? Here I propose possible explanations for the lower than predicted rates. First, 

because the measurements were not made using isotopically-labeled NO3
-, the rates represent the 

net result of both NO3
- additions plus potentially stimulated removal and release processes in the 

mesocosms. Isotopically-labeled (i.e., 15NO3
-) additions would have allowed us to evaluate gross 

NO3
- removal rates as well as the fate of the removed N (e.g., permanent removal via 

denitrification versus temporary uptake and subsequent release by microbes and algae), although 

these can be technically challenging in short-term chamber incubations (O'Brien et al. 2012b). 

Second, as demonstrated by researchers modeling sediment oxygen demand in freshwater lakes, 

processes like biological oxygen demand control the development of conditions favorable to 

anaerobiosis and thereby influence NO3
- uptake. However, they may depend less on the quantity 

of organic matter present in the sediment and more on the biodegradability or the flux of organic 

carbon to the sediments (Walker and Snodgrass 1986). Thus, it may be that organic matter in floc 

is neither high quality nor readily biodegradable. In this study, the maximum NO3
- removal rate I 

measured was at a site that rapidly became anoxic as it received an input of labile carbon in the 

form of recently senesced leaves from a deciduous tree in the riparian zone. And several studies 

have demonstrated that the availability of easily biodegradable carbon improves N removal 

efficiency in wetlands used for treatment of N enriched wastewater (Gersberg et al. 1983; Kozub 

and Liehr 1999; Misiti et al. 2011). Third, these organic-rich floc layers tend to accumulate high 

levels of ammonium N in porewaters (Table 3.1, site means ranged from 28 to 1347 uM). And 

though I did not observe a clear relationship between concentrations of ammonium in the 
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overlying water and NO3
- removal rates, it is possible that production of NO3

- from nitrification 

of ammonium N diffusing from the organic-rich floc layers could decrease net NO3
- removal 

rates. Lastly, under oxic conditions in the water column, denitrification in floc may be supported 

by NO3
- supplied via nitrification in the porewaters rather than NO3

- from the overlying water 

column as has been demonstrated in other studies (Lohse et al. 1993; Rysgaard et al. 2003; Farías 

et al. 2004). The presence of microalgae in sediment, which I observed in the floc sediments 

(Table 4.1), can also reduce the use of NO3
- from the water column during the day by promoting 

coupled nitrification-denitrification in the upper layers of sediment (Risgaard-Petersen et al. 

2003), though they can also inhibit nitrifying bacteria if their photosynthetic activity exceeds 

community respiration (Risgaard-Petersen 2003). 

 

CONCLUSIONS 

 Organic-rich, flocculent sediment layers remove NO3
- from overlying water columns at 

rates comparable to those of other sediment types. However, I cannot conclude that removal rates 

are much greater than those measured for other sediment types, despite being organic-rich. That 

said, given the abundance of this sediment type in shallow waterbodies and the tendency for 

them to accumulate along the margins of these ecosystems, where they intercept overland and 

subsurface flows from their catchments, they may still serve as important ecosystem control 

points. In other words, if floc continuously removes NO3
- from intercepted flows throughout the 

year, even at modest rates, then they might serve as a permanent control point for NO3
- in the 

watershed (Bernhardt et al. 2017). Progress towards the understanding of their function as a 

control point requires future studies that evaluate the fate of the removed NO3
- (i.e., temporary 

assimilation or permanent removal via denitrification), assess temporal patterns and drivers of 
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NO3
- removal by floc in shallow and deeper waters, quantify other N processes associated with 

floc (e.g., ammonification of organic N and subsequent exchange of ammonium with overlying 

waters), evaluate the influence of microalgae and vascular vegetation on N cycling, and identify 

physical exchange mechanisms and rates (e.g., bioturbation, advective flows due to wave action, 

buoyancy-driven flows resulting from rapid cooling or heating of overlying waters, etc.) that 

may enhance transport of oxygen and NO3
- into loosely consolidated floc layers.
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APPENDIX
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Table A3.1. Nitrate flux values (mmol N m-2 hr-1) reported in the literature for major sediment types in freshwater and marine systems. 
Measurements made in different locations within a water body are maintained as discrete observations, but repeated measurements 
made over time in each water body were averaged. Negative fluxes indicate movement of nitrate from the water column to the 
sediment. Citations listed below table. 
 

Source Eco.* 
Exp. 
Unit† Site Name Country/US State Subsite/Treatment Sed.‡ Enr.§ 

NO3-N 
Flux 

Anthony_Lewis_2012 L SC Grand Lake CO N/A Sand No 0.007 
Asmus_etal_2000 M_C BC Ria Formosa PORTUGAL Mud Mud No 0.002 
Asmus_etal_2000 M_C BC Ria Formosa PORTUGAL Sand Sand No 0.005 
Asmus_etal_2000 M_C BC Sylt-Romo Bay PORTUGAL Arenicola flat Sand No -0.112 
Asmus_etal_2000 M_C BC Sylt-Romo Bay PORTUGAL Nereis belt Sand No -0.039 
Berelson_etal_2003 M_C BC Monterey Bay CA TS3 Mud No 0.009 
Berelson_etal_2003 M_C BC Monterey Bay CA TS4 Mud No -0.003 
Berelson_etal_2003 M_C BC Monterey Bay CA CC2 Mud No -0.026 
Berelson_etal_2003 M_C BC Monterey Bay CA CC3 Mud No -0.028 
Berelson_etal_2003 M_C BC Monterey Bay CA CC1 Mud No -0.030 
Berelson_etal_2003 M_C BC Monterey Bay CA TS1 Mud No -0.037 
Berelson_etal_2003 M_C BC Monterey Bay CA TS2 Mud No -0.050 
Bernard_etal_2015 M_C SC_FT Little Lagoon AL West Sand Yes -0.095 
Bernard_etal_2015 M_C SC_FT Little Lagoon AL Mouth Sand Yes -0.103 
Bernard_etal_2015 M_C SC_FT Little Lagoon AL East Sand Yes -0.123 
Binnerup_etal_1992 E SC_FT Norsminde Fjord DENMARK Station 4 Silt No -0.438 
Callender_Hammond_1982 E BC Potomac River Estuary MD V_3 Mud No -0.049 
Callender_Hammond_1982 E BC Potomac River Estuary MD V_PP Mud No 0.025 
Callender_Hammond_1982 E BC Potomac River Estuary MD V_Q Mud No -0.065 
Callender_Hammond_1982 E BC Potomac River Estuary MD V_16 Mud No 0.069 
Callender_Hammond_1982 E BC Potomac River Estuary MD V_PC Mud No -0.091 
Callender_Hammond_1982 E BC Potomac River Estuary MD V_26 Mud No -0.015 
Callender_Hammond_1982 E BC Potomac River Estuary MD V_PT Mud No -0.026 
Callender_Hammond_1982 E BC Potomac River Estuary MD V_14 Mud No 0.023 
Callender_Hammond_1982 E BC Potomac River Estuary MD V_SM Mud No -0.094 
Chau_2002 E SC_S Tolo Harbour HONG KONG SS1 Sand No 0.001 
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Table A3.1 (cont’d)         
         
Chau_2002 E SC_S Tolo Harbour HONG KONG SS2 Sand No 0.001 
Chau_2002 E SC_S Tolo Harbour HONG KONG SS3 Silt No 0.001 
Chau_2002 E SC_S Tolo Channel HONG KONG SS4 Silt No 0.000 
Chau_2002 E SC_S Tolo Channel HONG KONG SS5 Silt No 0.001 
Deek_etal_2012 M_O SC_FT North Frisian Wadden Sea GERMANY Busum_II Sand Yes -0.163 
Deek_etal_2012 M_O SC_FT North Frisian Wadden Sea GERMANY Sylt_II Sand Yes -0.063 
Deek_etal_2012 M_O SC_FT North Frisian Wadden Sea GERMANY Sylt_I Sand Yes -0.139 
Deek_etal_2012 M_O SC_FT North Frisian Wadden Sea GERMANY Busum_I Sand Yes -0.329 
Deek_etal_2012 M_O SC_FT North Frisian Wadden Sea GERMANY Sylt_I Sand No -0.030 
Deek_etal_2012 M_O SC_FT North Frisian Wadden Sea GERMANY Sylt_II Sand No -0.074 
Deek_etal_2012 M_O SC_FT North Frisian Wadden Sea GERMANY Busum_II Sand No -0.140 
Deek_etal_2012 M_O SC_FT North Frisian Wadden Sea GERMANY Busum_I Sand No -0.259 
Devol_Christensen_1993 M_O BC Pacific Ocean WA WE104B Sand No -0.014 
Devol_Christensen_1993 M_O BC Pacific Ocean WA NH07A Sand No -0.024 
Devol_Christensen_1993 M_O BC Pacific Ocean WA NH10A Sand No -0.025 
Devol_Christensen_1993 M_O BC Pacific Ocean WA NH12B Sand No -0.027 
Devol_Christensen_1993 M_O BC Pacific Ocean WA NH12A Sand No -0.032 
Devol_Christensen_1993 M_O BC Pacific Ocean WA WE105A Sand No -0.032 
Devol_Christensen_1993 M_O BC Pacific Ocean WA NH10B Sand No -0.033 
Devol_Christensen_1993 M_O BC Pacific Ocean WA NH07B Sand No -0.036 
Devol_Christensen_1993 M_O BC Pacific Ocean WA WE105B Sand No -0.036 
Devol_Christensen_1993 M_O BC Pacific Ocean WA NH02B Sand No -0.043 
Devol_Christensen_1993 M_O BC Pacific Ocean WA WE101A Sand No -0.043 
Devol_Christensen_1993 M_O BC Pacific Ocean WA NH03A Sand No -0.047 
Devol_Christensen_1993 M_O BC Pacific Ocean WA NH16A Sand No -0.047 
Devol_Christensen_1993 M_O BC Pacific Ocean WA NH16B Sand No -0.047 
Devol_Christensen_1993 M_O BC Pacific Ocean WA WE103A Sand No -0.047 
Devol_Christensen_1993 M_O BC Pacific Ocean WA NH01B Sand No -0.050 
Devol_Christensen_1993 M_O BC Pacific Ocean WA NH02A Sand No -0.050 
Devol_Christensen_1993 M_O BC Pacific Ocean WA NH18B Sand No -0.050 
Devol_Christensen_1993 M_O BC Pacific Ocean WA WE103B Sand No -0.050 
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Table A3.1 (cont’d)         
         
Devol_Christensen_1993 M_O BC Pacific Ocean WA NH17B Sand No -0.054 
Devol_Christensen_1993 M_O BC Pacific Ocean WA WE108A Sand No -0.054 
Devol_Christensen_1993 M_O BC Pacific Ocean WA WE108B Sand No -0.054 
Devol_Christensen_1993 M_O BC Pacific Ocean WA NH01A Sand No -0.058 
Devol_Christensen_1993 M_O BC Pacific Ocean WA NH06B Sand No -0.058 
Devol_Christensen_1993 M_O BC Pacific Ocean WA NH03B Sand No -0.065 
Devol_Christensen_1993 M_O BC Pacific Ocean WA NH19A Sand No -0.065 
Devol_Christensen_1993 M_O BC Pacific Ocean WA NH14A Sand No -0.068 
Devol_Christensen_1993 M_O BC Pacific Ocean WA WE107A Sand No -0.068 
Devol_Christensen_1993 M_O BC Pacific Ocean WA WE107B Sand No -0.068 
Devol_Christensen_1993 M_O BC Pacific Ocean WA NH18A Sand No -0.072 
Devol_Christensen_1993 M_O BC Pacific Ocean WA NH17A Sand No -0.083 
Devol_Christensen_1993 M_O BC Pacific Ocean WA WE104A Sand No -0.086 
Engelsen_etal_2008 M_C SC_FT Lindholmen Bay SWEDEN N/A Sand No 0.004 
Engelsen_etal_2008 M_C SC_FT Bassholmen Bay SWEDEN N/A Sand No -0.019 
Engelsen_etal_2008 M_C SC_FT Bokevik Bay SWEDEN N/A Sand No -0.031 
Engelsen_etal_2008 M_C SC_FT Finsbo Bay SWEDEN N/A Sand No -0.044 
Engelsen_etal_2008 M_C SC_FT Fiskebackskil Bay SWEDEN N/A Silt No 0.002 
Engelsen_etal_2008 M_C SC_FT Ragardsvik Bay SWEDEN N/A Silt No -0.015 
Gardner_etal_2001 L SC_S Lake Huron, Saginaw Bay MI Site 1 Sand No 0.018 
Gardner_etal_2001 L SC_S Lake Huron, Saginaw Bay MI Site 2 Sand No 0.016 
Henriksen_etal_1981 M_C SC_S Langelands Baelt DENMARK Station_III Mud No 0.650 
Henriksen_etal_1981 M_C SC_S Hirtshals N DENMARK Station_XI Mud No 0.550 
Henriksen_etal_1981 M_C SC_S Aarhus Bugt DENMARK Station_VIII Mud No 0.400 
Henriksen_etal_1981 M_C SC_S Storebaelt DENMARK Station_II Mud No 0.350 
Henriksen_etal_1981 M_C SC_S Anholt SE DENMARK Station_VI Mud No 0.300 
Henriksen_etal_1981 M_C SC_S Laesso E DENMARK Station_IX Mud No 0.400 
Henriksen_etal_1981 M_C SC_S Aalborg Bugt DENMARK Station_V Sand No 0.050 
Henriksen_etal_1981 M_C SC_S Aalbaek Bugt DENMARK Station_XIII Silt No 0.550 
Hopkinson_Wetzel_1982 M_C BC Georgia Bight GA N/A Sand No 0.005 
Janssen_etal_2005 M_O BC North Sea GERMANY Coarse Sand No 0.041 
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Table A3.1 (cont’d)         
         
Janssen_etal_2005 M_O BC North Sea GERMANY Medium Sand No 0.021 
Janssen_etal_2005 M_O BC North Sea GERMANY Fine Sand No 0.011 
Jensen_etal_1990 M_C SC_S Kattegat DENMARK Aarhus Bight Sand No 0.001 
Laursen_Seitzinger_2002 M_O BC Mid-Atlantic NJ Station 9 Sand No 0.005 
Laursen_Seitzinger_2002 M_O BC Mid-Atlantic NJ Station C Sand No 0.005 
Laursen_Seitzinger_2002 M_O BC Mid-Atlantic NJ Station C2 Sand No -0.028 
Laursen_Seitzinger_2002 M_O BC Mid-Atlantic NJ Station 32 Silt No 0.002 
Li_Wang_2012 L SC Nansi Lake CHINA NSH1 Mud No 0.023 
Li_Wang_2012 L SC Nansi Lake CHINA NSH2 Mud No 0.002 
Li_Wang_2012 L SC Nansi Lake CHINA NSH3 Mud No -0.005 
Li_Wang_2012 L SC Nansi Lake CHINA NSH4 Mud No 0.012 
Liikanen_etal_2002 L SC_FT Lake Kevaton FINLAND N/A Mud No -0.008 
Lim_etal_2011 L SC Lake Asan SOUTH KOREA Site B Sand No -0.043 
Lim_etal_2011 L SC Lake Asan SOUTH KOREA Site A Silt No -0.067 
Luijn_2012 L SC Lake Nuldernauw NETHERLANDS Muddy Mud Yes -0.039 
McCarthy_etal_2016_IAGLR W SC_FT Kellogg Forest Pond MI N/A Floc Yes -0.215 
McCarthy_etal_2016_IAGLR W SC_FT Kellogg Forest Pond MI N/A Floc No -0.146 
McCarthy_etal_2016_LO L SC_FT Lake Champlain, 

Missisquoi Bay 
QUEBEC Central Basin Mud Yes -0.024 

McCarthy_etal_2016_LO L SC_FT Lake Champlain, 
Missisquoi Bay 

QUEBEC Pike River Mouth Sand Yes -0.415 

Nedwell_Trimmer_1996 E SC Great Ouse ENGLAND Denver Sluice Sand No -0.221 
Nedwell_Trimmer_1996 E SC Great Ouse ENGLAND Magdalen Bridge Sand No -0.267 
Nedwell_Trimmer_1996 E SC Great Ouse ENGLAND Kings Lynn Sand No -0.854 
Nizzoli_etal_2010 L SC_S Lake Verde ITALY N/A Mud No -0.068 
Nizzoli_etal_2010 L SC_S Ca Stanga ITALY N/A Mud No -0.198 
Nowicki_Nixon_1985 M_C BC Potter Pond RI Segar Cove, Site 1 Mud No -0.004 
Nowicki_Nixon_1985 M_C BC Potter Pond RI Whaleboat Pt, Site 2 Mud No 0.007 
Nowicki_Nixon_1985 M_C BC Potter Pond RI Wakamo, Site 3 Sand No -0.030 
Obrien_etal_2012 W ECO Kellogg Forest Pond MI Cont. NH4 add. Floc Yes -9.628 
Ogilvie_etal_1997 E SC_S River Colne TN Wivenhoe, Site 3 Mud No -0.795 



 

 142 

Table A3.1 (cont’d)         
         
Ogilvie_etal_1997 E SC_S River Colne TN Hythe, Site 4 Mud No -0.908 
Ogilvie_etal_1997 E SC_S River Colne TN Brightlingsea, Site 1 Sand No 0.090 
Ogilvie_etal_1997 E SC_S River Colne TN Alresford, Site 2 Silt No -0.443 
Reay_etal_1995 E BC Cherrystone Inlet VA EV1_EV2 Sand No -0.004 
Reay_etal_1995 E BC Cherrystone Inlet VA SC1_SC2 Silt No -0.005 
Rizzo_Christian_1996 E SC Neuse River NC Site B Sand No 0.054 
Rizzo_Christian_1996 E SC Neuse River NC Site C Sand No 0.032 
Rizzo_Christian_1996 E SC Neuse River NC Site A Sand No 0.031 
Rizzo_Christian_1996 E SC Neuse River NC Site E Sand No 0.007 
Rizzo_Christian_1996 E SC Neuse River NC Site D Sand No 0.003 
Sayama_2001 M_C SC_S Tokyo Bay JAPAN N/A Mud No 0.063 
Shang_etal_2013 L SC_FT Lake Taihu CHINA N/A Silt Yes -0.050 
Small_etal_2014 L SC Lake Superior USA N/A Silt Yes 31.000 
Small_etal_2014 L SC Lake Huron USA N/A Silt Yes -38.000 
Small_etal_2014 L SC Lake Erie USA N/A Silt Yes -175.000 
Soana_etal_2015 S SC_S Mincio River ITALY Macrophyte_meadow Mud No -0.403 
Svensson_etal_2001 L SC_FT Lake Ringsjon SWEDEN Low_nitrate Floc Yes -0.144 
Svensson_etal_2001 L SC_FT Lake Ringsjon SWEDEN High_nitrate Floc Yes -0.199 
Trimmer_etal_1998 E SC Great Ouse ENGLAND N/A Silt No -0.238 
Tyler_etal_2003 E SC_S Hog Island Bay VA Creek Sand No -0.001 
Tyler_etal_2003 E SC_S Hog Island Bay VA Willis Wharf Sand No -0.006 
Tyler_etal_2003 E SC_S Hog Island Bay VA Shoal Sand No -0.002 
Tyler_etal_2003 E SC_S Hog Island Bay VA Hog Sand No -0.008 
Zaman_etal_2008 W ECO Seepage wetland NEW ZEALAND N/A Silt Yes -12.178 

* ecosystem type: E = estuary, L = lake, M_C = coastal marine, M_O = open marine, S = stream, W = wetland 
† experimental unit used to make NO3

- flux measurement: BC = benthic chamber, ECO = whole ecosystem, SC = unstirred sediment core, SC_S = stirred 
sediment core, SC_FT = flow-through sediment core 
‡ sediment type 
§ whether NO3

- flux measurement was made by enriching the overlying water with any amount of NO3
- above ambient conditions
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Table A3.2. Response of NH4
+, SO4

2-, and SRP to nitrate enrichment in the overlying water 
columns. Slopes represent the slope of the linear relationship between log transformed solute to 
bromide (Br-) ratios and time lapsed (days). Negative fluxes indicate movement of the solute 
from the water column to the sediment. 
 

    NH4
- : Br- 		 SO4

2- : Br- 		 SRP : Br- 		
Resulting flux  
(mmol m-2 h-1) 

Site Year Slope p   Slope p   Slope p   NH4
- SO4

2- SRP 

Eagle 2016 0.42 0.11 
 

-0.04 0.56 
 

-0.02 0.77 
 

-- -- -- 

Gull 2016 0.41 <0.001 
 

0.01 0.74 
 

-0.02 0.72 
 

0.02 -- -- 

KRFP 2016 -0.04 0.19 
 

-0.01 0.42 
 

-0.05 0.22 
 

-- -- -- 

Loosestrife 2016 -0.10 0.58 
 

-0.11 0.26 
 

-0.40 0.47 
 

-- -- -- 

LTER 2016 0.08 0.61 
 

-0.41 0.19 
 

0.03 0.71 
 

-- -- -- 

Ransom 2016 0.11 0.02 
 

0.03 0.20 
 

0.00 0.98 
 

0.02 -- -- 

Sheriffs 2016 0.06 0.23 
 

0.31 0.19 
 

-0.07 0.85 
 

-- -- -- 

Three 2016 0.09 0.10 
 

0.00 0.90 
 

-0.06 0.22 
 

-- -- -- 

Turkey 2016 0.27 0.10 
 

-0.19 0.03 
 

-0.12 0.24 
 

-- -0.03 -- 

Windmill 2016 -0.15 0.01 
 

-0.01 0.67 
 

-0.07 0.11 
 

-0.07 -- -- 

Wintergreen 2016 1.04 <0.001 
 

0.69 <0.001 
 

0.23 0.21 
 

0.10 0.85 -- 
Wintergreen 
Out 2016 0.82 <0.001   0.36 <0.001   -0.15 0.25   0.01 0.61 -- 



 

 147 

Table A3.3. Results of Kruskal-Wallis rank sum tests and post-hoc pairwise comparisons using 
Dunn’s test to test for differences in nitrate removal rates among sediment types without and 
with consideration of nitrate enrichment. 
 
  Kruskal-Wallis 		 Dunn's test 

Comparison* χ2 d.f. † p   Dunn's z Bonferroni p‡ 

Comparing nitrate removal rate without consideration of nitrate enrichment 

Floc vs. sand 38.65 3 <0.001 
 

-5.24 <0.001 

Floc vs. silt 38.65 3 <0.001 
 

-3.63 <0.001 

Floc vs. mud 38.65 3 <0.001 
 

-6.14 <0.001 

Comparing nitrate removal rate with consideration of nitrate enrichment 

Flocyes vs. Flocno 51.39 7 <0.001 
 

0.34 1.00 

Flocyes vs. sandno 51.39 7 <0.001 
 

-5.55 <0.001 

Flocyes vs. sandyes 51.39 7 <0.001 
 

-0.89 1.00 

Flocyes vs. siltno 51.39 7 <0.001 
 

-4.02 <0.001 

Flocyes vs. siltyes 51.39 7 <0.001 
 

-1.21 1.00 

Flocyes vs. mudno 51.39 7 <0.001 
 

-6.08 <0.001 

Flocyes vs. mudyes 51.39 7 <0.001   -2.03 0.59 
* Comparison of sediment type and then sediment type + enrichment level; Subscript yes = measurement was made 
by enriching overlying water column nitrate with nitrate above ambient levels; Subscript no = measurement was 
made at ambient nitrate levels 
† degrees of freedom 
‡ p-value adjusted using a Bonferroni correction 
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CHAPTER 4  
 

TRANSPORT MECHANISMS DRIVING EXCHANGE BETWEEN FLOCCULENT 
SEDIMENT AND OVERLYING WATER IN SHALLOW FRESHWATERS 

  

ABSTRACT 

Biogeochemical processes in shallow aquatic ecosystems are strongly influenced by 

sediment-water interactions. In waterbodies lacking significant flow, the movement of heat, 

nutrients, and oxygen across the sediment-water interface is typically dominated by molecular 

diffusion, a relatively slow process, though other processes such as bioturbation, wind-induced 

resuspension of sediments, and ebullition pay important roles as well. More recently, buoyancy-

induced flow (also known as natural convection)—fluid flow induced by thermal gradients—has 

been recognized as a potentially important exchange mechanism in shallow freshwaters. This 

transport phenomenon can result from rapid nocturnal cooling of overlying waters or temperature 

differences between sediments and overlying water during seasonal cooling. In this chapter, I 

present multiple lines of evidence that demonstrate that thermal gradients drive buoyancy-

induced flow in loosely consolidated layers of flocculent sediment—a rarely investigated, though 

common sediment type—in shallow waterbodies. Supporting evidence includes direct 

observation of fluid movement with a high-resolution acoustic Doppler profiler and results from 

hydrodynamic models that make use of temperature time series measured in floc sediments and 

overlying waters. Consequently, I suggest that buoyancy flow is likely an important transport 

mechanism driving the exchange of heat and solute mass across the sediment-water interface in 

shallow waterbodies. 
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INTRODUCTION 

 Although often small in area, shallow aquatic ecosystems are recognized as being 

abundant in many landscapes, and their cumulative roles in global biogeochemical cycles 

(including carbon sequestration and nitrogen retention) are increasingly appreciated (Downing et 

al. 2008; Harrison et al. 2009; Tranvik et al. 2009; Cheng and Basu 2017). However, shallow 

waterbodies have been far less studied than larger lakes and rivers (Smith et al. 2002; Harrison et 

al. 2009; Downing 2010; Raymond et al. 2013). To understand how these ecosystems regulate 

biogeochemical fluxes and how they might respond to global change drivers, we need to further 

investigate the controls on biogeochemical rates and transport processes in shallow waters.  

In all but the deepest waterbodies, sediment-water interactions strongly influence 

biogeochemical processes (McClain et al. 2003; Abbott et al. 2016; Bernhardt et al. 2017), 

including aquatic ecosystem metabolism and productivity, fluxes of nutrients to downstream 

ecosystems, and atmospheric greenhouse gas exchanges (Grimm and Fisher 1984; Golterman 

2004; Megonigal et al. 2004). The influence of the sediment-water interface (SWI) is especially 

great in shallow waters, which often have high watershed inputs of groundwater, nutrients and 

organic matter and tend to be very productive (Wetzel 1992; Alexander et al. 2000; Beaulieu et 

al. 2011; Helton et al. 2011). 

In shallow waterbodies that are continuously inundated, flocculent sediments, or floc—

loosely consolidated organic deposits with dry bulk densities frequently <0.1 g cm-3 and water 

contents frequently >90%—often occur as thick layers (>10 cm; Kincaid, Chapter 1). This 

loosely structured layer represents a potentially reactive SWI that can be considered an ecotone 

between the water column and the sediment porewater and deeper groundwater. As with other 

organic sediments, nutrients and gases such as ammonium, phosphorus, and methane tend to 
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accumulate in floc at concentrations that frequently surpass those in overlying waters by more 

than 1-2 orders of magnitude (Kincaid, Chapter 1). Therefore, floc accumulations, like other 

better-studied SWIs (e.g., deep lake benthic, riparian, and river hyporheic zones), may play an 

important role in the biogeochemical cycles of freshwater ecosystems.  

The relative importance of the floc-water interface to biogeochemical cycles in these 

waterbodies is in part controlled by the transport mechanisms driving solute exchange across the 

SWI. In lentic (non-flowing) waters, the movement of heat, nutrients, and oxygen across the SWI 

is slow because transport within the sediments is typically dominated by molecular diffusion 

(Mortimer 1971; Berner 1980; Wetzel 2001). However, there are mechanisms that can enhance 

transport rates in certain cases, including bioturbation (Krantzberg 1985; Svensson and 

Leonardson 1996; Van Rees et al. 1996; Nogaro and Burgin 2014; Hölker et al. 2015), wind-

induced sediment resuspension (Simon 1989; Longhi et al. 2013; Kleeberg and Herzog 2014; 

Plach et al. 2014), and ebullition (release of methane-rich bubbles) (Liikanen et al. 2003; Canário 

et al. 2009; Flury et al. 2015). Similarly, there are times when buoyancy-induced flow (also 

known as natural convection), which includes both molecular diffusion and advective transport 

(transport via fluid flow), may accelerate the transfer of heat and mass within the sediment and 

across the SWI. Convective mixing occurs as a result of gravitational instability when water 

overlying the sediment becomes cooler and denser than fluid in the sediment matrix. If the 

thermal and resulting density gradient is great enough, the cooler water sinks and the warmer 

water rises, producing buoyancy-induced flow and interfacial transfer of heat and mass.  

Multiple studies have demonstrated that buoyancy-induced flow occurs in sediments of a 

variety of lentic water bodies under different conditions. In large lakes convective mixing and 

the subsequent transfer of heat and mass across the SWI occurs when internal seiches (internal 
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waves) replace water above the sediment with colder water (Kirillin et al. 2009; Bernhardt et al. 

2014). In shallow lakes and ponds, this exchange mechanism can occur during seasonal cooling 

of water overlying warmer sediments in autumn (Lappalainen 1982; Golosov and Ignatieva 

1999) and spring (Lappalainen 1982; Tarasiuk et al. 2010). In an attempt to understand solute 

transport mechanisms in a shallow mire, researchers demonstrated that nocturnal cooling of 

overlying water could induce buoyancy flow in saturated peat moss (Rappoldt et al. 2011). In all 

of these examples, thermal gradients resulted in buoyancy-induced flows that drove exchanges 

between overlying water and sediments with high porosities. Floc sediments are an even more 

loosely consolidated and highly porous medium, and thus I predicted that fluid movement will 

drive exchange between floc porewaters and overlying water if there are substantial thermal 

gradients at this interface that produce buoyancy-induced flows. 

Given that shallow water columns often experience diel temperature oscillations of 

several degrees with diurnal thermal stratification and nocturnal mixing (Condie and Webster 

2001; Ford et al. 2002; MacIntyre 2006; Poindexter et al. 2016) and that flocculent sediments 

may present less resistance to convective flow than denser sediments, I hypothesized that 

buoyancy-induced flow is an important solute exchange mechanism for floc layers in shallow 

lentic water bodies. In this chapter, I present multiple lines of evidence to demonstrate that 

buoyancy flow is an important transport mechanism in flocculent sediments. I employ both heat 

transport modeling and direct observations of flow in shallow waterbodies to demonstrate that 

buoyancy-induced flow drives the transfer of heat across the floc-water interface, at least 

episodically. 
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METHODS 

Site selection 

The LTER Kettle Pond (Figure 4.1) is a small pond (surface area <0.01 km2; maximum 

water depth of approximately 1 m) located in Kalamazoo County, MI, USA near the Kellogg 

Biological Station. The pond occupies a small glacial depression (kettle) surrounded by a mature 

northern, mixed hardwood forest. There are no fish in the pond, and algae and duckweed 

(primarily Wolffia sp.) dominate primary production. The bottom consists of a flocculent organic 

sediment layer, ranging in thickness from 5 to 50 cm, overlying a consolidated clay mixture. I 

chose this site because groundwater inputs are minimal and it is relatively protected from the 

influences of wind. 

 

Figure 4.1. Aerial photo of the LTER Kettle Pond. The star denotes the location of the vertical 
temperature array (temp. array). 
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Measuring temperature profiles 

I measured temperature continuously within and above the flocculent sediment in the 

pond in October 2016 at a location 27 m from the northern wetted edge (Figure 4.1). At this 

location, the depth of the water column was 0.66 m and the floc layer was 0.18 m thick. The 

temperature logging setup consisted of a vertical array of Thermocron® iButton temperature 

loggers (model DS1922L, Maxim Integrated, San Jose, CA; ± 0.5°C accuracy; 0.0625°C 

resolution). The loggers were set into predrilled holes (16.67 mm diameter) in a strip of rigid 

polypropylene plastic (5 cm width, 1.22 m length) the same thickness as the iButtons (4.77 mm). 

The array was inserted vertically into the floc layer and secured to a metal fence post such that 

loggers were located at 0.54 and 0.02 m above and 0.00, 0.02, 0.04, 0.06, 0.08, 0.10, 0.14, and 

0.18 m below the floc-water interface. Temperatures were logged every 10 minutes. 

 

Measuring high-resolution water current velocity profiles 

 I measured high-resolution water current velocity profiles continuously within the 

overlying water column and the upper layers of the flocculent sediment for a 24-hour period 

(October 23-24, 2016). To do this, I mounted a Nortek 2-MHz Aquadopp® High Resolution 

Acoustic Doppler Current Profiler (ADCP; Nortek AS, Rud, Norway) to a stand with the sensors 

facing the sediment layer (downward-looking) and the top of the ADCP just under the surface of 

the water. The instrument measured 3D velocity profiles every second at a vertical resolution of 

1 cm. 
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Sediment sampling and analyses 

 Following thermal data collection, I collected a sediment core at the location of the 

vertical temperature array to analyze sediment samples for water and organic matter content, dry 

bulk density, and porosity. Using a plastic coring tube (7.2 internal diameter), I sampled the 

entire floc layer and then transported the core to the lab for processing. The core was sectioned 

into 1-5 cm depth intervals by extruding the sediment out of the top of the core. If the water 

content of the floc was too high, I scooped the section out of the core. I determined the water 

content (% of wet weight) by drying homogenized subsamples in the oven at 60°C. After 

weighing the dried subsamples, I determined organic matter content (% of dry weight) by loss on 

ignition upon combusting the subsamples at 550°C for two hours. I calculated the dry bulk 

density and porosity of each depth layer assuming a sediment particle density of 1.25 and 2.65 g 

cm-3 for organic and inorganic particles, respectively (Avnimelech et al. 2001). 

 During a previous sampling event in a nearby pond, I measured thermal properties of 

saturated flocculent sediment, including thermal diffusivity and volumetric specific heat capacity 

of flocculent sediment, using a KD2 Pro Thermal Properties Analyzer (Decagon Devices, Inc., 

Pullman, WA, USA). To do this, I collected several intact cores of flocculent sediment from the 

pond. In the laboratory, I inserted the dual-needle sensor into the core at known depths via pre-

drilled holes in the core tube covered with vinyl tape. All measurements were made between 21-

23°C. 
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Two-dimensional heat transport modeling 

Model domain and governing equations—I simulated buoyancy-induced flows in the water 

column and the flocculent sediment layer in the LTER Kettle Pond for a period of 8 days from 

18 October to 26 October 2016; the first 4 days were used for model spin-up and the last 4 days 

were used for comparisons and presentation of results. Our modeling domain considered a cross-

section of the floc and overlying water in the pond that extends 600 cm in the !-direction and 72 

cm in the !-direction (Figure 4.2). Previous research examined buoyancy-induced flows in 

sediment layers in a different wetland (e.g., Rappoldt et al. 2011); however, in the high-porosity 

floc layers considered in this work, the interface between floc and the overlying water may be 

highly dynamic, allowing free exchange of heat, solute mass, and momentum. A novel aspect of 

1

Nomenclature for heat transport modeling 
  
! Forchheimer constant, Eqs. (7, 8) 
!! specific heat capacity at constant 

pressure 
Da Darcy number, Eqs. (12, 13) 
Fof flow Fourier number, Eqs. (12, 13) 
Fot thermal Fourier number, Eqs. (13, 

14) 
g gravitational acceleration 
H height of floc layer 
k thermal conductivity of water 
! permeability of the floc layer 
! pressure 
Ra Rayleigh number, Eq. (13) 
! temperature 
! time 
!, ! horizontal and vertical velocity 

components 
|!!⃗ | !!! + !! 
!, ! horizontal and vertical Cartesian 

coordinates 
  

2

  
  
Greek symbols 
α thermal diffusivity 
β coefficient of thermal expansion 
ε porosity of the floc layer 
µ coefficient of dynamic viscosity 
ν kinematic viscosity 
ρ density 
τ dimensionless time 
θ dimensionless temperature 
  
Suffixes 
C relatively cold surface 
e effective property for the floc layer 
f property of fluid portion of floc 

matrix 
H relatively hot surface 
s property of solid portion of floc 

matrix  
w property of overlying water 
∞ ambient conditions 
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the present work is the integrated modeling of the floc and the overlying water as a single 

connected system. The governing equations in this approach change smoothly from those for a 

porous medium to the equations for a pure fluid while obeying continuity of fluxes at the 

interface. To allow for non-Darcy effects, I used a Brinkman-extended Forchheimer flow model 

for the porous medium; for the overlying water its equations reduce to the well-known Navier-

Stokes equations for flow in viscous fluids. The switch from one domain to the other was 

achieved using a binary flag δ as defined in subsequent text. 

 

Figure 4.2. Modeling domain for buoyancy-induced flow simulations in the LTER Kettle Pond. 
The vertical dashed lines indicate the locations of the acoustic Doppler current profiler (ADCP) 
and the vertical temperature array. 

The flow analysis was governed by the following two-dimensional equations expressing 

the conservation of mass, momentum, and energy. In the equations below, ! and ! denote the 

longitudinal (East-West) and vertical (up-down) components of velocity in the ! and ! 

coordinate directions as shown in Figure 4.2. Variables shown with a prime (e.g., 

!!, !!,!!, !!,!!) denote dimensional quantities with units while their non-dimensional 

counterparts do not have primes. The subscript ! in the equations denotes properties of “water” 

while ! denotes effective properties for the porous medium. 

Continuity and momentum in the water column: 

!"
!" +  !"!" = 0 (2) 
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!!
!"
!" +  ! !"!" +  ! !"!" =  −  !"!" +  !∇!! (3) 

!!
!"
!" +  ! !"!" +  ! !"!" ! !"!" +  ! !"!" =  −  !"!" +  !∇!! + !!!" ! − !!  (4) 

Energy in the water column: 

!!!
!"
!" +  ! !"!" +  ! !"!" =  !∇!! (5) 

 The two-dimensional governing equations for the non-Darcy model were derived using 

well-known volume averaging procedures for flow through a porous medium (Whitaker 1999; 

Prosperetti and Tryggvason 2007; Gray and Miller 2013):  

Continuity and momentum for the floc layer: 

!"′
!"′ +  !"′!"′ = 0, (6) 

!
!  ∙  !!

!

!!! +  !!! !! !"′!"′ + !
! !"′
!"′ = − !!

!

!!! +
!!
! ∇

!!′−  !
!

! !′−
!
! !|!′|!′ (7) 

!
!  ∙  !!

!

!!! +  !!! !! !!
!

!!! + !
! !!!
!!!

=  − !!
!

!!! + !!!" ! − !! +  !
!

! ∇
!!′−  !

!

! !′−  !! !|!′|!′ (8) 

Energy for the floc layer: 

! !"!!! +  !′ !"!!! + !′
!"
!"′ =

!
!"′ !!

!"
!"′ +  !!"′ !!

!"
!"′  (9) 

In Eqs. (7) and (8), the last three terms on the right hand side of the equations are (from left to 

right) the Brinkman (or friction) term, the Darcy term, and the Forchheimer (or inertia) term, 

respectively. As fluid flows past the porous medium matrix, two types of drag forces are 

important: frictional or viscous drag that arises from the friction between the fluid and the solid 
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matrix and pressure or form drag that results from eddy shedding behind the solid matrix. The 

Darcy term accounts for the frictional drag while the Forchheimer term accounts for the form 

drag. The parameter ! (called the Forchheimer constant) represents the form drag and values of 

! for floc material are unknown. However, ! can be calculated using empirical relations based 

on the experimental data of Ergun (1952) who determined drag coefficients for gas flow in 

packed beds of spheres: 

! = 1.75
150

1
!!/!  

where ε denotes porosity. For ! =  0.95 used in this work, C is equal to 1.544.  

In the energy equations (9 and 13), ! denotes the heat capacity ratio of the porous 

medium to that of water: 

! =  !!!!!" + (1− !)!!!!
!!!!"

  (10) 

 Boundary and initial conditions are needed to solve the above system of equations. For 

the momentum equations, I used the no-slip boundary condition (! =  ! =  0) at the bottom of 

the domain at ! =  0 (Figure 4.2). This condition represents the flow physics accurately as long 

as vertical groundwater upwelling (downwelling) into (out of) the domain can be neglected. For 

the top surface, I used the following boundary condition: ! = 0, !"!" = 0 (Figure 4.2), which is 

based on the assumption that water does not leave the domain at the top boundary. Since there is 

no obvious choice for the horizontal extent of the domain, I considered a 6 m long domain of the 

floc layer and the overlying water column in which ADCP and temperature sensors were 

deployed (Figure 4.2). To minimize “boundary effects” that could potentially affect flow physics 

close to boundaries, I used symmetry boundary conditions on the left and right boundaries as 

shown in Figure 4.2. For the energy equation, I used the observed time-dependent temperatures 
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at the top of the water column and the bottom of the floc layer to drive the flow. Lateral 

boundaries were assumed to be adiabatic (no heat transfer at these boundaries).  Initial conditions 

were based on the assumption that the fluid was isothermal and at rest (! = ! = ! = 0).    

The governing equations for the overlying water and floc layer were solved using a one-

domain approach. This approach is advantageous because it automatically satisfies the interfacial 

conditions (continuity of pressure, temperature, and velocities) without requiring complicated 

inner iteration loops for values at the interface (Martins-Costa and Saldanha de Gama 1994). To 

combine the two sets of equations for the two regions into a single set of equations, I used a 

binary flag δ as described in a later section.  

 

Dimensionless equations—The governing equations can be made dimensionless using a variety 

of length and time scales, and characteristic variables such as velocity or pressure can be derived 

from the length and time scales. The choice of these scales and variables depends on the 

processes of interest. In this model, the diurnal cycles of heating and cooling and their effect on 

flow are of interest; therefore, I chose !! = 43, 200 seconds (12 hours) as a fundamental time 

scale. The thickness of the floc layer ! measured at the site was used as the characteristic length 

scale although other choices were possible (e.g., depth of thermal propagation of the diurnal 

cycle). I made the above equations dimensionless using the following scales and dimensionless 

terms:  

! = !′
!  , ! = !′

!!
  , !! =

!
!!

  , ! = !′!!!
!!! =

!′
!!!!

  ,  

! = !′
!  , ! =  !′!!

  , ! = !
!!

  ,   
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!"! =
!!!
!!   , !"! =

!!!
!!   , !"!,! =

!!!!
!!   , !" ! = !"# ! !!

!"   ,   

!" =  !!!     
(11) 

Above, the Rayleigh number (!") denotes the strength of buoyant convection. In most 

similar studies, ∆! is treated as a constant, and thus the Rayleigh number is also a constant. In 

our analysis, temperature at the top and bottom and bottom surfaces of the computational domain 

changed with time; however, the average bottom temperature was higher than the average top 

temperature, and therefore the mathematical problem is a variant of the classical bottom heating 

case, although, as shown in Figure 4.4, the nature of heating changes from bottom-heating to top-

heating and vice versa. This transition introduces additional complexity to the analysis. To 

address this complexity, I defined the dimensionless temperature based on the average bottom 

temperature !! (where the suffix ! denotes a relatively hot surface) and the average surface 

temperature !!  (where the suffix ! denotes a relatively cold surface): 

! = ! −  !!
!! − !!

, ∆!(!) = !! − !!  

The absolute value of the temperature difference was used to make the Rayleigh number positive 

while the temperature boundary conditions at the top and bottom surfaces control the direction of 

flow. The Fourier number !"! is a dimensionless number associated with the degree of thermal 

penetration in diffusion problems. In addition to this classic Fourier number based on thermal 

diffusivity, I also included a viscous Fourier number !"! based on the kinematic viscosity of 

water (!). The resulting dimensionless equations are shown below (see Appendix for derivation 

of each term): 
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Momentum equations for the floc layer and the overlying water column: 

! !"!" + ! !"!" + !
!"
!" = −!! !"!" + !"!∇

!! − !!"!!" !" − !"
!"
!

!! + !! ∙ ! (12) 

! !"!" + ! !"!" + !
!"
!"

= −!! !"!" + !"!∇
!! − !"#!!" !" − !"

!"
!

!! + !! ∙ ! +  !" ∙ !"! ∙ !"!,!

∙ !!! (13) 

Energy equation for the floc layer and the water column: 

! !"!" + ! !"!" + !
!"
!" = 1− ! !"! + !!"!,! ∇!∇!! (14) 

In the above equations, I use the binary flag ! to switch between the two domains as such: 

! = 1 inside floc layer
0 outside the layer 

The governing equations with the boundary and initial conditions were solved using the SIMPLE 

(Semi-Implicit Method for Pressure Linked Equations) method (Patankar 1980). A uniform 

Cartesian grid of 718 (!) x 86 (!) points was used for the computations. Observed temperatures 

were linearly interpolated to model times and used as boundary conditions at the top and bottom 

boundaries. A list of dimensional parameters is included in Table 4.1 and values of the 

dimensionless parameters are available in the Appendix.   

 

Diffusion-only solution—To confirm that buoyancy-induced flow was necessary to reproduce the 

observed temperature patterns in the pond, I also simulated temperatures in the LTER Kettle 

Pond assuming that diffusion was the only driver of two-dimensional heat exchange in the 
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system. To do this, I used the same model as before, but I set the Rayleigh number to zero in 

Equation 13. This approach eliminates buoyant convection as a driver of fluid flow in the 

system. 

Table 4.1. Parameter values for the buoyancy-induced flow model. 

Parameter Value Unit Remark 
∆! 0.349 Kelvin Temperature difference between the mean temperature at 

the top of the water column and the mean temperature at the 
bottom of the floc layer for the 8 day period  

t0 43,200 Second Half a day 
H 0.18 Meter Thickness of the floc layer 
! 0.95 Unitless Average porosity of the floc layer 
! 1.12 × 10-6 m2 ∙ s-1 Kinematic viscosity of water at 15°C 
K 1.7 × 10-5 m ∙ s-1 Maximum hydraulic conductivity reported for fine organic 

sediments in a small lake bed* 
! 1.41 × 10-7 m2 ∙ s-1 Thermal diffusivity of water at 15°C 
!! 1.81 × 10-7 m2 ∙ s-1 Measured thermal diffusivity of saturated floc at ~22°C 
! 0.16 × 10-3 Kelvin-1 Coefficient of thermal expansion for water at 15°C 
!!!!!" + (1 − !)!!!! 3.7448 × 106 J ∙ m-3 ∙ K-1 Measured volumetric specific heat capacity of saturated 

floc at ~22°C 
!! 999.1 kg ∙ m-3 Density of water at 15°C 
!!" 4.186 × 103 J ∙ kg-1 ∙ K-1 Specific heat at constant pressure of water at 15°C 
C 0.1544 Unitless Empirically derived 
! 9.81 m s-2 Gravitational acceleration 
* (Rudnick et al. 2014) 

RESULTS AND DISCUSSION 

ADCP: direct observations of fluid movement 

 Direct measurements of fluid movement using the ADCP indicate that fluid flow occurs 

within floc layers. During the 24-hour deployment, I observed multi-directional flow in the floc 

layer and overlying water.  Flow velocities in all directions ranged from 0 to 0.90 m s-1 in the 

floc layer and 0 to 0.53 m s-1 in the water column. Vertical velocities measured at the surface of 

the floc layer ranged from -0.15 to 0.14 m s-1 (negative velocities indicate downward movement 
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of fluid), indicating that convective exchanges across the floc-water interface occurred in both 

directions.  

 Vertical profiles of fluid movement measured as speed (velocity magnitude) exhibited 

patterns that seem to correlate with periods of rapid heating or cooling of the overlying water and 

periods when the overlying water temperature was considerably lower than the temperature at 

the bottom of the floc layer (Figure 4.3). The ADCP observations clearly showed that the flow is 

three-dimensional in nature and that the highest values of velocity generally occurred at the 

interface between the floc layer and the overlying water. Typical values of the velocity 

magnitude were of the order of 0.02 m/s (see plot 1, plot 2 and plot 4 in Figure 4.3) although 

significantly larger values were found at times that coincide with large temperature differences in 

the system (plot 3 in Figure 4.3). 
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Figure 4.3. (Upper) Temperature times series measured 54 cm above and 18 cm below the floc 
surface during the 24-hour deployment of the HR-ADCP in the LTER Kettle Pond. (Lower) 
vertical profiles of the velocity magnitude (speed) of fluid flow at various times throughout the 
measurement period. The dashed vertical gray lines in the upper plot show at what time point 
each vertical profile was captured.  

Two-dimensional heat transport modeling 

Temperature time series—In general, the mean temperature at the bottom of the floc layer for the 

8-day modeling period was 0.349°C warmer than the mean temperature at the top of the water 

column (Figure 4.4). This means that the system was generally heated from the bottom during 

the modeling period. This scenario can result in buoyancy-induced mixing of the sediment 
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porewaters which may result in exchanges across the sediment-water interface if the temperature 

differential between the two layers is large enough (Gebhart et al. 1988; Tritton 1988). However, 

there were also periods when the water column cooled rapidly (evening), which can induce 

buoyancy flows in the water column that may lead to exchange across the sediment-water 

interface if the resulting convective mixing cells penetrate the sediment-layer (Gebhart et al. 

1988). 

 

Figure 4.4. Temperature time series from the LTER Kettle Pond during the 8-day modeling 
period. Observed temperatures are plotted for 54 cm above (solid blue line) and 18 cm below 
(solid brown line) the floc surface. Eight-day temperature means for those depths are plotted as 
dashed lines. The first 4 days of temperatures were used for the unsteady or transient solution for 
the buoyancy-induced flow model, but I only use results from the final 4 days of this temperature 
series for comparisons. Also shown is the period when the HR-ADCP was deployed in the pond 
(gray rectangle). 

Buoyancy-induced flow model—The temperature time series simulated using the buoyancy-

induced flow model (Figure 4.5b) captured the main heating and cooling patterns I observed in 

the pond (Figure 4.5a), though there were a few notable differences. First, the model failed to 
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reproduce the elevated bottom temperatures I observed at the site. Second, there were differences 

in the depths of penetration of the heating and cooling cycles into the water column. Both of 

these differences could driven by groundwater inflows at the pond that were not measured or 

specified in the model. Groundwater inflows would represent a flux boundary condition, but the 

model uses observed bottom temperatures with no associated inflows. The groundwater inflow 

hypothesis would help explain why the model produced thermal waves that originate from the 

top boundary and extended all the way to the bottom of the floc layer (most obvious during 

cooling periods), a pattern that is absent in the observed temperature time series. If relatively 

warmer groundwater inflows were present, they would limit the depths that these thermal waves 

would penetrate, especially during cooling periods. 

Comparisons of observed and simulated temperatures at selected depths in Figure 4.6 

show that while the trends are similar in the top layers, the comparison between observed 

temperatures and those simulated with the buoyancy-induced flow model becomes progressively 

worse with depth in the floc layer. In fact, the diffusion-only model seems to match observed 

temperatures better in deeper floc layers (Figure 4.6). The poor performance of the buoyancy-

induced flow model is partially due to a crude grid size and time step used in this version of the 

model. Future model runs will refine both of these. Further, a flux boundary condition that 

allows water to enter the domain from the subsurface with a temperature corresponding to the 

groundwater temperature may improve model performance.  
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Figure 4.5. Time series of (a) observed temperatures, (b) simulated temperatures with buoyancy-
induced flow, and (c) simulated temperatures with diffusion only in the water column and within 
the floc layer for the 4-day period of comparison shown in Figure 4.4. The y-axis represents the 
vertical distance between the top and bottom of the model domain (0.72 m) normalized by the 
thickness of the floc layer (0.18 m). Consequently, the surface of the floc layer is at a depth of 1. 
Because time was normalized by a characteristic time scale of a half day in the model, the 
dimensionless time τ (x-axis) for the 4-day period is 8. 
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Figure 4.6. Comparison of observed temperatures and simulated temperatures at selected depths, 
including (a) 0.02 m above the floc surface, (b) at the floc-water interface, and (c) 0.04 m and 
(d) 0.08 m below the floc surface. Depths shown above subplots are relative to the bottom of the 
floc layer and model domain. Depth = 0.18 m is at the floc-water interface. Time on the y-axis is 
model time and represents the 4-day period of comparison shown in Figure 4.4. 

 Despite the differences between observed and simulated temperatures, it is clear that 

buoyancy-induced flow drives the main temperature patterns observed in the pond. The 

diffusion-only solution (Figure 4.5c), which eliminates buoyant convection as a driver of fluid 

flow in the system, poorly replicates temperatures in the pond, especially the penetration of 

thermal pulses into the water column. This confirms that vertical convection cells created by 

buoyancy-induced flow are responsible for the deeper penetration of surface heating and cooling 

signals. 
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Figure 4.7. Simulated velocity profiles in the floc layer and the overlying water column at 
selected times. The y-axis represents the vertical distance between the top and bottom of the 
model domain (0.72 m) normalized by the thickness of the floc layer (0.18 m). Consequently, the 
surface of the floc layer is at a depth of 1. High velocities were generally associated with large 
temperature differences in the system and occurred at the interface between the floc layer and the 
overlying water, a feature also noted in our ADCP observations. 

The model simulated velocities that agreed with general patterns we observed with the 

ADCP. High velocities were generally associated with large temperature differences in the 

system and occurred at the interface between the floc layer and the overlying water (Figure 4.7), 

a feature also noted in our ADCP observations (Figure 4.3). The velocity magnitudes (around 

0.02 m/s) are comparable to the values observed at the field site although the model did not 

produce the largest values (~ 0.6 m/s) observed at the field site. 
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CONCLUSIONS 

This study confirmed my hypothesis that buoyancy-driven convective flow in addition to 

diffusion is likely an important mechanism for exchange of solutes between flocculent sediments 

and overlying water in shallow waterbodies. Time-dependent, three-dimensional fluid movement 

in flocculent sediments in a shallow pond was demonstrated using a high resolution ADCP. The 

novel two-dimensional non-Darcy hydrodynamic model used to simulate buoyancy-induced 

flows demonstrated that these flows are likely driven by thermal gradients between the overlying 

water and flocculent sediments, which result in buoyancy-driven convective flow. Flow was 

temporally variable, but the greatest fluid flow velocities occurred at the floc-overlying water 

interface when temperature differentials were greatest (e.g., when warm surface waters cooled at 

night and when sediment temperatures were greater than temperatures in the overlying water 

before daytime warming events). While the model can be improved, results suggest that 

buoyancy-driven flow resulting from both diel and seasonal heating and cooling cycles is a 

potentially important transport mechanism for heat and solute mass across the sediment-water 

interface in shallow waters. 
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APPENDIX
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Deriving dimensionless terms for the buoyancy-induced flow model 
 
Dimensionless term Notes 
!!"# =

!!"#
!!

= 4 ! × 24 ℎ × 3600 !
43, 200 ! = 8 

For simulations using 4 days of 
temperature; recall that !! =
0.5 !"#$ !" 43,200 !"# 

!!"# =
!!"#
!!

= 8 ! × 24 ℎ × 3600 !
43, 200 ! = 16	 For simulations using 8 days of 

temperature; recall that !! =
0.5 !"#$ !" 43,200 !"# 

! = 0.95 Average measured porosity for 
upper 20 cm of floc layer 

!"! =
!!!
!! =

(1.12 × 10!!  !
!
! )(43,200 !)

(0.18 !)! = 1.493 
! is the kinematic viscosity for 
water @ 15°C; H is currently the 
depth of the floc layer; do not need 
different Fof for floc and water 

!" =  !!! =
1.7 × 10!! !/!
(0.18 !)! = 5.2469 × 10!! 

K here is the maximum hydraulic 
conductivity reported by Rudnick 
et al. (2015) for Small Lake 
Gollinsee bed sediments (fine 
organic sediments); estimates for K 
found in the literature for lake 
sediments range 1.7 x 10-5 to 6.9 x 
10-9; H is the depth of the floc 
layer 

! = 1.75
150

1
!!/! = 1.75

150
1

(0.95)!/! = 0.1544 ! here is the average measured 
porosity for the upper 20 cm of the 
floc layer 

!" = !
! =

(!.!" × !"!! !
!
! )

(!.!" × !"!! !
!
! )
=	7.94	

! is the kinematic viscosity for 
water @ 15°C; ! is thermal 
diffusivity for water @ 15°C 

!"!!"#$ =
!"∆!!!

!" =
(9.81 !!!)(0.16 × 10!!/°!)(0.34949)(0.18 !)!

(1.12 × 10!!  !
!
! )(1.41 × 10!!  !

!
! )

=  2.03 × 10!	

!"	for	8-day	period;	!=coef. of 
thermal expansion for water at 
15°C; ΔT = 0.34949 is difference 
between mean temperature at top 
boundary condition (12 cm below 
surface of water column) and mean 
temp at bottom of floc layer (84 
cm) for the 8-day period; ! is the 
kinematic viscosity for water @ 
15°C; ! = thermal diffusivity for 
water @ 15°C 

!"! =  !!0
!2

=  
(1.12 × 10!!  !

!
! )(43,200 !) 

(0.18 !)! = 1.493 
!"! is the flow Fourier #; ! is the 
kinematic viscosity for water @ 
15°C 

! =  !!!!!" + (1 − !)!!!!"
!!!!"

=
3.7448 × 10!   !

!3 ∙ ! 
999.1 !"!! 4.186 × 10!  !

!" ∙ !
= 0.8954	

For the numerator I used the mean 
volumetric heat capacity that I 
measured on cores of saturated floc 
from KFP site using the KD2 Pro 
Thermal Analyzer 

!"!!"#$% =  !!!!! =
(1.41 × 10!!  !

!
! )(43,200 !)

(0.18 !)! = 0.188	
!"!!"#$% 	is	the	thermal	Fourier	#	
for	the	water	column	
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!"!,!!"#$ =  !!!!!! =
(1.81 × 10!!  !

!
! )(43,200 !)

(0.18 !)! = 0.2413	
Thermal	Fourier	#	for	the	floc	
layer;	!! for floc was measured on 
a saturated floc core from Kelfor 
Pond using an KD2 Pro Thermal 
Analyzer @ ~ 22°C 
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