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PUBLIC ABSTRACT

PLANT POPULATION RESPONSES FOLLOWING REINTRODUCTION TO HUMAN-
MODIFIED LANDSCAPES

By
Christopher Russell Warneke

Ecological restoration, the process of assisting ecosystem recovery following damage by
humans, is a critically important practice across the globe. However, the outcomes of restoration
actions are notoriously variable, making it challenging to reliably achieve restoration goals. In
this dissertation, | focus on plant populations that have been reintroduced as part of restoration in
two settings: (1) a landscape affected by a large, human-caused fire and (2) a set of fragmented
landscapes. Habitat fragmentation and/or degradation resulting from modified disturbance
regimes (like wildfire) are leading causes of plant population decline and local extinctions. In
response to these losses, plant population reintroduction efforts are common in ecological
restoration. Through four studies, | look at how reintroduced plant populations function in these
settings through the processes of plant establishment, seed dispersal, and population growth.

| conducted two studies in a recently-burned forest, in which fire was historically rare, in
Hawai‘i: (1) a study on plant-soil feedbacks of two locally-abundant tree species and (2) a study
on early establishment of one species after the fire. The interactions between plants and
microbes, that occur in the soil (“plant-soil feedbacks” or PSFs), can influence where and how
plants grow. Although PSFs are known to be ecologically-important and fire is known to affect
both plants and microbes, little is known about fire affects PSFs. In study 1, | investigated PSFs
for two tree species in the bean family, both inside and outside of a recently burned area. | found
that both tree species grew better in soil (and, thus, microbes) from under a tree of the same

species, relative to soil from under a different species. Additionally, | found that fire can affect



how these PSFs work between these two tree species, which may lead to one species becoming
more abundant than the other after a fire. In study 2, I examined how local environmental
conditions modify seedling establishment of one tree species reintroduced by seed after fire. |
found that elevation, the amount of shade, and the amount of grass were all important for
seedling establishment. Together, these two studies show that restoration should account for soil
microbes and local conditions (like amount of grass) in selecting areas for plant reintroduction.

To examine plant reintroduction in fragmented landscapes, | conducted two studies in a
habitat fragmentation experiment in South Carolina: (1) a study on seed dispersal via wind and
(2) a study on how developing populations grew. For both studies, | examined developing
populations at four distances from edges of habitat patches, and I did this in both connected and
isolated patches and high and low edge-to-area ratio patches. | found that wind-driven seed
dispersal distances are greater in patch centers and that seed dispersal is greater in the direction
of the edge of the patch. Patch connectivity and edge-to-area ratio did not affect these dispersal
patterns. In the population growth study, | examined populations 7 years after reintroduction and
looked at both how the number of plants varied by location and what might be responsible for
these differences. | found that, for some plant species, patch edges matter, but that patch
connectivity and edge-to-area ratio do not. | found that edges may operate through factors like
the amount of shade, which is higher at patch edges than centers. These two studies show that
fragmentation modifies plant populations and their processes following reintroduction.

Together, my findings illustrate some ways that habitat fragmentation and fire affect
plant reintroduction. My work contributes to the growing field of interpreting variation in

ecological restoration outcomes and may help to guide successful restoration going forward.



ABSTRACT

PLANT POPULATION RESPONSES FOLLOWING REINTRODUCTION TO HUMAN-
MODIFIED LANDSCAPES

By
Christopher Russell Warneke
Ecological restoration, the process of assisting ecosystem recovery following damage by
humans, is a critically important practice across the globe. However, the variability in outcomes
of restoration action is notoriously large, making it challenging to reliably achieve restoration
goals. In this dissertation, | focus on the responses of plant populations that have been
reintroduced as part of restoration in two settings: (1) a landscape affected by a large, human-
caused fire and (2) experimentally fragmented landscapes. Habitat fragmentation/degradation
resulting from altered disturbance regimes (including fire) are leading causes of biodiversity
decline and result in local extirpations. In response to these losses, reintroduction efforts are
common in ecological restoration. Through four studies, | evaluate reintroduced plant population
responses through the processes of plant establishment, seed dispersal, and population growth.
| conducted two studies in a recently-burned subtropical upland forest system, in which
fire was historically infrequent, in Hawai‘i: a study on plant-soil feedbacks of two locally-
dominant tree species and a study on early establishment of one species post-fire after
reintroduction. The interactions between plants and microbes, as mediated by the soil (“plant-soil
feedbacks” or PSFs), can influence where and how plants establish from seed. Despite the
importance of PSFs and their potential to be altered by fire, little is known about how fire affects
PSFs. I investigated PSFs for two nitrogen-fixing leguminous trees inside and outside of a
recently burned area. | found that there were largely positive PSF relationships, where both

species perform better in soil of conspecifics, relative to heterospecifics. Additionally, | found



that fire can reduce the strength of pairwise PSFs between these species, which may result in
altered patterns of local coexistence. In the other study, | examined how local environmental
conditions modify seedling establishment of a dominant tree species, reintroduced by seed post-
fire. I found that elevation was of overarching importance for plant establishment, with context-
dependent effects of tree canopy and grass cover, depending on elevation. Together, these two
studies show post-fire restoration in this system should account for the soil microbial community
and environmental context when selecting areas for plant reintroduction.

To examine plant reintroduction in fragmented landscapes, | conducted two studies in a
habitat fragmentation experiment in South Carolina: (1) a study on abiotic seed dispersal and (2)
a study on recruitment patterns of developing populations. For both studies, | examined
developing populations at four distances from patch edges in connected and isolated patches and
high and low edge-to-area ratio patches. | found that local-scale seed dispersal distances are
greater in patch centers and that dispersal is more directional towards patch edges, but that patch
connectivity and edge-to-area ratio did not affect these patterns. In the recruitment study, |
examined populations 7 years after reintroduction and looked at both how the number of
recruited individuals varied and how a suite of mechanisms may drive differences. | found that,
for some species, edges mediate recruitment patterns, but that patch connectivity and edge-to-
area ratio do not. In terms of mechanisms for these patterns, | found that edges may operate
through factors like canopy cover, which is higher at patch edges than centers. These two studies
show that fragmentation does modify plant populations and processes following reintroduction.

Together, my findings illustrate how aspects of habitat fragmentation and disturbance
affect plant reintroduction efforts. My work contributes to the growing field of interpreting

variation in restoration outcomes and may help to guide successful restoration going forward.
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PREFACE

Nomenclature and Taxonomy

Because the taxonomy of species is always in flux, and changes with new information, | have

presented below a list of the species that are involved in this study, as well as their synonyms and

the rationale for their name, as used in this dissertation. Species are presented alphabetically, by

genus. Common names are in English and cover the area where we worked with the species.

Hawaiian common names are also provided for the three species that occur in the islands; these

names are most often used by both Hawaiian and English-speakers in the islands when referring

to these species there, regardless of any English names that may exist for the species.

Acacia koa A. Gray

Synonyms: Acacia coa Walp.; Acacia hawaiiensis (Rock) O. Degener & I. Degener; Acacia
heterophylla Hook. & Arn.; Acacia heterophylla (Lam.) Willd. var. latifolia Benth.;
Acacia kauaiensis Hillebr.; Acacia koa A. Gray var. hawaiiensis Rock; Acacia koa
A. Gray var. lanaiensis Rock; Acacia koa A. Gray var. waimeae Hochr.;

Racosperma kauaiense (Hillebr.) Pedley; Racosperma koa (A.Gray) Pedley

Common
Name(s):  koa
Notes: | disagree with Wagner et al. (1999) on their inclusion of Acacia koaia Hillebr.

within a broader-sense Acacia koa. The close relative Acacia heterophylla (Lam.)
Willd., which is found presently only on the island of La Réunion, is very closely
related to Acacia koa and may be derived from it (Le Roux et al., 2014). If treated
as conspecific, A. heterophylla (Lam.) Willd. has priority (as it was published in

1806, vs 1854 for A. koa A. Gray). However, it seems impractical to treat these two
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taxa as conspecific, given the >15,000 kilometers of ocean between them and the
fact that there are some morphological differences between the two taxa.
Additionally, given the economic and cultural importance of koa in Hawai‘i, if
these two taxa were to be treated as conspecific, a proposal to conserve the Acacia
koa A. Gray should be presented to the relevant authorities.

Anthenantia villosa (Michx.) P. Beauv.

Synonyms: Anthenantia villosa (Michx.) P. Beauv. (orthographic variant); Panicum
Anthenantia Kuntze; Panicum ignoratum Kunth; Phalaris villosa Michx.

Common

Name(s):  green silkyscale

Notes: Not including Anthenantia texana Kral, following Weakley (2020). 1 follow the
comments in Weakley (2020) regarding the correct spelling of the genus. We have
deposited a voucher specimen at MSC from one of the source populations for the
individuals used in this work (Warneke 274; MSC Accession # 408119).

Aristida beyrichiana Trin. & Rupr.

Synonyms: Aristida stricta Michx. var. beyrichiana (Trin. & Rupr.) D.B. Ward

Common

Name(s):  Beyrich’s threeawn; southern wiregrass; wiregrass

Notes: Whether or not to treat this taxon as a variety of Aristida stricta Michx. remains
unclear. If treated in that way, the correct name would be Aristida stricta Michx.
var. beyrichiana (Trin. & Rupr.) D.B. Ward. The plants used in this dissertation
were sourced from Florida, which is solidly within the range of this taxon. Although

it seems likely that the proper treatment of this taxon is as part of Aristida stricta
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sensu lato (Allred, 2003), rather than at the species level, we have elected to keep
this name, as we are generally following Alan Weakley’s flora for the region, and
he has maintained them as split in the most recent working version of the flora

(Weakley, 2020).

Carphephorus bellidifolius (Michx.) Torr. & A. Gray

Synonyms:

Common

Name(s):

Notes:

Liatris bellidifolia Michx.

sandywoods chaffhead; sandhill chaffhead
Taxonomically uncomplicated. | have deposited a voucher specimen at MSC from
one of the source populations for the individuals used in this work (Warneke 273;

MSC Accession # 408120).

Dodonaea viscosa (L.) Jacq.

Synonyms: Dodonaea eriocarpa Sm.; Dodonaea sandwicensis Sherff; Dodonaea skottsbergii

Common

Name(s):

Notes:

(Sherff) O. Degener & |. Degener; Dodonaea spatulata Sm.; Dodonaea stenoptera
Hillebr.; Dodonaea x fauriei H. Lév. (=D. viscosa (L.) Jacg. x Dodonaea

stenoptera Hillebr.); Ptelea viscosa L.

‘a‘ali‘i; common hopbush; varnishleaf

This is a pantropical species and is taxonomically very messy throughout the
entirety of its range. The species (as well as the genus) arose in Australia, and the
center of diversity for both the genus and this taxon are on that continent (\WWagner
et al., 1999; Harrington and Gadek, 2009). Dodonaea viscosa dispersed to the

Hawaiian Islands a single time, likely from Australia (Harrington and Gadek,
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2009). Despite the considerable variation of the complex within the islands, the
situation seems extremely messy and complicated, and | agree with the majority of
authors that this is best treated broadly, in a very broad Dodonaea viscosa (Wagner
et al., 1999). The synonyms listed above are only those that are relevant to this
taxon as it occurs in Hawai‘i; given the pantropical nature of the taxon, there are
many more synonyms in other areas. Additionally, the many varieties described
within the species names listed above are left out, for simplicity here. For a
comprehensive list of the varietal synonyms, please consult Wagner et al. (1999).
Also, in regards to the authority for the species name Dodonaea viscosa, sometimes
this species is cited as Dodonaea viscosa Jacq. and sometimes the equivalent name
is Dodonaea viscosa (L.) Jacq. The type specimen of Ptelea viscosa L. (at BM)
matches for Dodonaea viscosa, and it seems like Jacq. (in his publication) was

referencing names by L., so | have chosen the above form of the authority.

Liatris earlei (Greene) K. Schum.

Synonyms:

Common

Name(s):

Notes:

Laciniaria ruthii Alex.

Earle’s blazing-star

This taxon is currently treated as part of the Liatris squarrulosa Michx. complex by
all relevant authorities. However, both the Weakley and the Flora of North America
treatments note that this complex is a challenging group (Nesom, 2006; Weakley,
2020). I here follow the treatment of Radford et al. (1968), which treat this at the
species level. | have chosen to maintain this older name so that, if/when taxonomic

work is done on the Liatris squarrulosa complex, it is clear to future researchers
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which part of that complex my plants correspond to. To maintain clarity, at the first
mention of this taxon in each component of this dissertation, | also note that it is
currently a synonym of Liatris squarrulosa Michx., which should enable interested
parties to find my work with either (or both) names. | have deposited a voucher
specimen at MSC from one of the source populations for the individuals used in this

work (Warneke 272; MSC Accession # 408121).

Sophora chrysophylla (Salisb.) Seem.

Synonyms: Edwardsia chrysophylla Salisb.; Edwardsia unifoliata (Rock) O. Degener; Sophora

Common

Name(s):

Notes:

chrysophylla (Salisb.) Seem. var. unifoliata Rock, Sophora grisea O. Degener &

Sherff; Sophora unifoliata (Rock) O. Degener & Sherff

mamane, mamani

As with many species in Hawai‘i, variation is visible within this species, which may
result in the recognition of formal taxa with additional study (Wagner et al., 1999).
All of the individuals | used were from the Mauna Loa Strip portion of Hawai‘i
Volcanoes National Park, from Kipukapuaulu to the top of the road. The list of
synonyms, above, ignores the many names proposed by Chock (1956), regardless of
the level at which they have or have not been recognized by other authorities. For a

more complete list of synonyms, please see Wagner et al. (1999).

Sorghastrum secundum (Elliott) Nash

Synonyms: Andropogon secundus Elliott; Andropogon unilateralis Hack.; Chrysopogon

secundus (Elliott) Benth. ex Vasey; Sorghum nutans A. Gray subvar. secundum

(Elliott) Roberty; Sorghum secundum (Elliott) Chapm.
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Common

Name(s):  lopsided indiangrass

Notes: Fairly clear-cut, from a taxonomic perspective. | have deposited a voucher
specimen at MSC from one of the source populations for the individuals used in this

work (Warneke 275; MSC Accession # 408118).
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CHAPTER ONE

RESTORATION AND REINTRODUCTION OF PLANTS IN HUMAN-MODIFIED
LANDSCAPES

Introduction

We are living in an era of large-scale, worldwide landscape change (Steffen et al., 2011;
Lewis and Maslin, 2015). Habitat loss, fragmentation, and degradation as a result of human land-
use conversion and other factors represent the greatest threats to the world's biodiversity (Pereira
et al., 2010; Haddad et al., 2015). Our planet has 7.8 billion humans living on it, at the time of
this writing (United Nations, 2019b), and conversion to agricultural land to feed all these people
and the associated livestock has converted large stretches of native habitats to agricultural land
(Nature Editorials, 2010). Additionally, the network of global trade has facilitated the movement
of nonnative species to regions where they have not previously occurred, leading to large-scale
shifts in the species composition and ecosystem function of essentially all terrestrial habitats,
worldwide (Bradley et al., 2012; Chapman et al., 2017). These large-scale changes are resulting
in the loss of biodiversity on a scale not seen in planetary history since the Cretaceous—Tertiary
extinction event 66 million years ago (Barnosky et al., 2011; Ceballos et al., 2015). There are
also large shifts in ecosystem services on which humanity depends for continued existence
(Rockstrom et al., 2009). These losses of species and shifts in ecosystem services require
humanity to act, both to save the planet and to save ourselves.

Fortunately, humanity has developed many tools to help address this multifaceted and
complex problem. Among them is the tool of ecological restoration, which seeks to increase and
maintain species diversity and ecosystem function and to mitigate the negative ecological

consequences of human actions (Gann et al., 2019; United Nations, 2020). Ecological restoration



is recognized internationally as a solution to biodiversity decline and ecosystem functioning such
that the United Nations has declared this present decade as the Decade on Ecosystem Restoration
and has put in motion a set of activities and initiatives aiming to mitigate the ecological
devastation caused by humans worldwide (United Nations, 2019a, 2020). Restoration is a
multibillion-dollar industry, valued at $10.5 billion annually in the United States alone (BenDor
et al. (2015), adjusted for inflation to 2021 USD). In order to conduct ecological restoration,
restoration practitioners often focus on the plant community (Brudvig et al., 2017; Copeland et
al., 2018). This approach is often done because plants are relatively easy to manipulate, to grow
in large quantities, and because government regulations often focus on plants for defining
restoration success (Zedler, 2000; Copeland et al., 2018; Munson et al., 2020). Plants are also
thought to provide the scaffolding for other species to then recolonize the restored habitat
(Hilderbrand et al., 2005; Frick et al., 2014). However, in order to be successful, the reintroduced
populations of these plants must establish in their new habitat, their populations must expand,
and they must maintain healthy population levels (Ruiz-Jaen and Aide, 2005; Wortley et al.,
2013; Robert et al., 2015). In understanding how and why populations change in the context of
ecological restoration, ecologists can then better understand the factors that are driving these
restoration outcomes (Brudvig, 2017; Larios et al., 2017; Groves et al., 2020). The factors that
influence the success of these restored populations likely vary in the context of where these
restoration actions are accomplished and likely depend on the landscape context and the
disturbance regime of the site in which the plants are installed (Turley and Brudvig, 2016; Gilby
et al., 2018; Zirbel et al., 2019). All of the variability in the factors influencing restoration
success make the prediction of restoration outcomes challenging at best (Brudvig, 2017; Brudvig

etal., 2017).



Understanding how, when, and where to carry out restoration actions is a pressing
concern (Brudvig and Catano in press, Munson et al. 2020, United Nations 2020). In recent
years, there has been an increasing push to increase the predictability of restoration outcomes
and actions (Brudvig, 2017). However, with the prediction aspect of restoration in its infancy,
one pressing avenue of investigation that should help address the longer-term goal of better
predictability of restoration outcomes, is the understanding of the variation that is present within
restoration settings and how that influences the outcomes of restoration actions (Brudvig and
Catano in press). To better understand this variation, restoration ecologists must and do conduct
replicated empirical studies in the field conditions in which restoration actions take place. By
conducting these scientific studies in concert with practitioners of ecological restoration,
restoration ecologists are better able to assess the mechanisms and reasons that are driving
restoration outcomes and then better use that knowledge to understand the variability observed in
the field (Beier et al., 2017; Gibble et al., 2020). Eventually, this collective body of knowledge
may enable true prediction in ecological restoration.

One important avenue for these research studies to follow is that of the understanding of
plant demographic processes and responses in reintroduction settings (Menges, 2008; Larios et
al., 2017). Each stage of the plant life cycle can be affected by the different factors present in the
restoration setting (Brudvig et al., 2015; Caughlin et al., 2019). Seed dispersal within a
population can be changed by landscape context (Soons et al., 2005; Nathan, Schurr, et al.,
2008). Seedling establishment following seed arrival is mediated by a host of factors. Seedling
location within a landscape can affect that seedling’s performance in ways that impact
establishment patterns (Bruna, 2002). Interactions with the soil microbial community, which can

vary depending on proximity to conspecifics and through the environmental history of the



restoration, can have major effects on plant growth and survival (Kardol and Wardle, 2010; Van
der Putten et al., 2013; Crawford et al., 2019). Understanding these processes will enable
restoration actions to better manage plant establishment and dispersal, which are key components
of population spread, which is often a central goal of plant reintroduction efforts.

In an effort to better understand what drives the success of plant reintroduction efforts, I,
along with my coworkers and collaborators, have worked to investigate responses of
reintroduced plant populations in a habitat restoration context within fire-disturbed habitats as
well as within the context of large-scale habitat fragmentation. Within fire-disturbed habitats, I
focused on driving factors influencing early plant establishment. To examine these, | worked in
an upland forested system that had recently been burned (in a system that rarely burned,
historically). There, | examined the role of the soil microbial community in seedling performance
and how this was modified by the context of fire. | also examined seedling establishment and
how both biotic and abiotic factors changed rates of establishment, depending on context. In the
context of habitat fragmentation, | investigated other population processes from later in the
reintroduction process. In that system, | examined seed dispersal and longer-term plant
recruitment dynamics. | examined the effects of the landscape and fragmentation on patterns of
the direction and distance of seed dispersal. Additionally, | examined the effects of the landscape
on longer-term recruitment outcomes, which I tied with factors known to affect population
processes, to get at underlying mechanisms.

Plant Populations in Fire-Disturbed Habitats

The disturbance regime of habitats is often important for maintaining the structure and

function of that habitat, with frequent disturbance by processes (like fire) being responsible for

which species may occur in a given area (Curtis, 1959; D’ Antonio and Vitousek, 1992).



However, in this era of global change, humans are causing radical shifts in the disturbance
regime of habitats on a global scale (Moritz et al., 2012; Lewis and Maslin, 2015). An important
disturbance in many ecosystems is that of fire. Fire is increasing worldwide and causes major
changes to the biotic and abiotic components of an ecosystem when it occurs (Flannigan et al.,
2000; Moritz et al., 2012). The addition of fire to a landscape where it was historically absent or
infrequent is often problematic (D’ Antonio and Vitousek, 1992). In habitats where fire was
absent but is now a problem, its presence is often driven by shifts in the composition of the plant
community, where a suite of nonnative plants provide fuel such that fires are able to carry and
establish more than would have been possible in historic conditions (Smith and Tunison, 1992;
Ellsworth et al., 2014; Mahood and Balch, 2019). The presence of these nonnative species on the
landscape often leads to positive feedback loops that establish a state of nonnative, fire prone
grasses that are joined by whatever few native species can exist in this state of frequent fire

(D’ Antonio and Vitousek, 1992; Smith and Tunison, 1992).

As a result of these fires, and especially in areas that are now experiencing frequent fires,
land managers and restoration practitioners often rush to work to restore plant communities after
fire events (McDaniel et al., 2008; Peppin et al., 2010; Vallejo and Alloza, 2015; Copeland et al.,
2018). This action is done for both the saving of the soil and ecosystem processes and for
maintaining the biodiversity of the system. In habitats that were not burned historically, such
reintroduction efforts are often done also in an attempt to reduce the dominance of these
nonnative grasses in an attempt to break the grass-fire feedback cycle (McDaniel et al., 2008;
Davies et al., 2011; Kulpa et al., 2012). However, despite the commonness of this restoration
practice, such actions are not always successful (Davies et al., 2011). This persistent uncertainty

of success has plagued large-scale post-fire restoration efforts and results in both practitioners



and funding agencies even questioning whether this effort is even worth the cost (Munson et al.,
2020). Better understanding of why such outcomes may fail is imperative if restoration
practitioners and scientists wish to work together to determine more successful strategies for
managing plant populations post-fire.

Study System

In this dissertation, | investigate the response of plants and their populations to a recent
disturbance of a fire in the Hawaiian Islands. Fire in this system was historically rare, and has
increased through the introduction of nonnative grasses, which facilitate the positive feedback
loop between fire and grass that has been observed in many habitats around the world (Smith and
Tunison, 1992; Ellsworth et al., 2014). In an effort to break this cycle, following the Keauhou
Fire, which burned in August of 2018 (Theune, 2018), land managers sought to restore the native
plant community within a burned area through the planting of native seeds to reintroduce native
plant biodiversity, following an approach that has been used before in this system (McDaniel et
al., 2008). As many of the native species in this system are fire intolerant, the goal would be to
allow these species to establish and for the trees and shrubs in the seed mix to perhaps shade the
grasses to a sufficient extent to reduce further fires (McDaniel et al., 2008; Loh et al., 2009).

For this Chapters 2 and 3, | worked within the upland forest of the Mauna Loa strip of
Hawai‘i Volcanoes National Park, on the Island of Hawai‘i. This forest type is historically
dominated primarily by two species: koa (Acacia koa A. Gray) and ‘chi‘a lehua (Metrosideros
polymorpha Gaudich.) (Little and Skolmen, 1989). However, within my study site itself, ‘Chi‘a is
less common, resulting in only koa as the dominant tree species (personal observation). At upper
elevations, the local dominance pattern of the forest shifts and mamane (Sophora chrysophylla

(Salisb.) Seem.) and ‘a‘ali‘i (Dodonaea viscosa (L.) Jacg.) are more dominant in the canopy with



koa being present, but not as abundant as at lower elevations. The forests and islands of Hawai‘i
broadly are species poor, relative to similar land areas of the mainland (Little and Skolmen,
1989), and the diversity of these systems has suffered drastic losses of native biodiversity with
the advent of Europeans and Americans to the islands over the last several hundred years
(Wagner et al., 1999). Historically, fire was rare to nonexistent within these systems (Smith and
Tunison, 1992). However, with the introduction of cattle (Bos taurus Linnaeus, 1758) to the
islands in 1793, pasture grasses were introduced (Blackmore and Vitousek, 2000; Maly and
Wilcox, 2000), which has led to a shift in fire regimes, causing more frequent and larger-scale
fires in the remaining forests of the islands (Smith and Tunison, 1992; Loh et al., 2009). This
novel fire regime creates the grass-fire feedback loop that reduces the diversity of the system.
The area in which | worked is host to 16 species that are federally listed as threatened or
endangered, with many unlisted species that are of conservation concern, along with the cultural
value of the native biodiversity of the forests, contribute to the pressing need for habitat
restoration in the area (Belfield and Pratt 2002; Stephanie Yelenik, personal communication).
Chapter 2: Fire and Plant-Soil Feedbacks

In Chapter 2, | examined how soil legacies, as a result of anthropogenic disturbance, can
affect plant reintroduction efforts through their effects on initial seedling performance. |
examined this in the context of the restoration effort following the 2018 Keauhou Fire, and in
this study, my collaborators and | worked to investigate patterns of feedback between plants,
microbes, and soils, termed “plant-soil feedbacks” (PSFs). Plant-soil feedbacks are thought to
influence patterns of plant diversity and coexistence (Bever et al., 1997; Crawford et al., 2019).
Often, proximity to a conspecific plant results in negative effects on developing seedlings, due to

higher abundance of specialized pathogens, resulting in a pattern of negative density dependence



(Kulmatiski et al., 2008; Crawford et al., 2019). However, PSFs may also be positive, if, on
balance, the effect of mutualists is stronger than that of pathogens, resulting in a pattern of
positive density dependence (Smith and Reynolds, 2012; Crawford and Knight, 2017). These
feedbacks, which are often measured in a pairwise fashion, have implications for seedling
establishment and for where plants occur on a landscape (Bever et al., 1997, 2015; Mangan et al.,
2010; Fukami and Nakajima, 2013).

Despite the importance of fire and of PSFs for early plant establishment, the feedback
between fire and PSFs has essentially been unstudied (Van der Putten et al., 2013). With the
increasing presence of fires on the terrestrial landscapes of our planet, work on this dynamic can
help inform knowledge of how PSFs may function in landscapes that experience fire. To
investigate how fire impacts these PSF interactions, | collected soils from under two focal
species of interest as well as a standard non-focal plant, to determine whether and how PSFs in
this system work. My study species were koa and mamane (both nitrogen-fixing members of the
Fabaceae), with the away plant being ‘a‘ali‘i, a non-nitrogen-fixing member of the Sapindaceae.
In addition to understanding the PSFs of this system, | crossed my experimental design with the
history of fire by replicating the experiment within the area burned by the 2018 fire as well as
outside this burned area. | followed common PSF study designs, and inoculated sterile potting
media with field soil to focus the results on microbial effects, rather than the myriad other soil
factors that influence plant growth (Crawford et al., 2019). | found that PSFs within each species
are largely positive, a fact perhaps facilitated by these species being leguminous and benefiting
more from specialized bacterial partners than they are harmed by pathogens. | further found that
fire seems to reduce the strength of these PSFs, which may result in shifts in the feedback

dynamics between these plant species in field conditions and lead to shifts in local patterns of



plant species dominance.
Chapter 3: Investigating Factors Influencing Plant Establishment Success Post-Fire

In Chapter 3, | examined the context dependency of factors that influence early seedling
establishment in a restoration setting, following an anthropogenic disturbance. To do this, |
conducted fieldwork to look within a replicated system of plots throughout the area of the
Keauhou Burn. | surveyed a subset of these plots in an attempt to understand what is driving the
patterns of early plant establishment for reintroduced populations of mamane. In doing so, I
focused on factors which are known to affect plant establishment in this system, namely
abundance of grasses, amount of bare ground, the intensity of the fire, and the amount of canopy
cover. | looked at three elevational bands to examine the role of elevation in the success of the
seedlings. Elevation is a known driver of plant success both within Hawai‘i and also broadly
(D’ Antonio et al., 2000; Ainsworth and Kauffman, 2010; Bowles et al., 2011; Davies et al.,
2011). | found that the drivers of population establishment in these early stages of the restoration
varied by elevation, with cover of grasses and canopy cover being important in some, but not all,
elevations. However, the context of elevation was important in shaping what other factors were
important, emphasizing that landscape context is likely important for plant establishment. My
results show that factors that are known to influence restoration outcomes may not influence
restoration outcomes equally, even within the same system
Plant Populations in Fragmented Landscapes

Another factor that affects restoration success (and also affects fire regimes) is that of
habitat fragmentation (Huxel and Hastings, 1999; Crouzeilles et al., 2016; Caughlin et al., 2019).
Habitat fragmentation is a major factor affecting terrestrial biodiversity (Haddad et al., 2015).

Through land use change, formerly contiguous areas of habitat are broken into smaller and more



isolated patches. The landscape between these patches is often a hostile environment to the
organisms found in the remaining habitat patches, though the hostility of the between-patch
matrix does vary (Templeton et al., 2011; Didham et al., 2012). This process has a diversity of
effects on the biotic community and often results in declines of species adapted to the remaining
patches (Haddad et al., 2015, 2016). The study of the effects of habitat fragmentation is
challenging, in part, due to the simultaneous action of many factors (Haddad et al., 2015),
including, among others, patch connectivity, patch edge-to-area ratio, and the effects of edges. I
work within a system that allows for the examination of these connectivity, edge-to-area ratio,
and edge effects independently, while holding all other effects of habitat fragmentation constant
(Sullivan et al., 2011; Brudvig et al., 2015).

A major factor influencing population dynamics and biodiversity in fragmented
landscapes is that of patch connectivity (Haddad et al., 2003; Gilbert-Norton et al., 2010;
Damschen et al., 2019). Decreased connectivity may prevent movement of individuals between
patches, resulting in population declines and potentially local extinction (Krauss et al., 2010).
This relationship between connectivity and population persistence has resulted in much
expending of effort to create and/or maintain connectivity at landscape scales (Wilson and
Willis, 1975; Crooks and Sanjayan, 2006). Connectivity has been shown to help maintain
populations and to maintain and/or increase local biodiversity (Crooks and Sanjayan, 2006;
Damschen et al., 2019). However, despite the work that has been done on connectivity, much
work still remains to be done, especially in the context of population reintroduction, and
particularly of plants.

The edge-to-area ratio of habitat patches can have effects on populations and

biodiversity, independent of other factors associated with habitat fragmentation (Ewers and

10



Didham, 2006). Edge-to-area, sometimes called shape or shape complexity is quite variable and,
because it is often confounded with area, it is challenging to study (Moser et al., 2002; Ewers and
Didham, 2006). However, it is an important trait of landscapes; for instance, if remaining habitat
is long and linear, as along riparian corridors, there will be an outsized increase in edge effects,
relative to equivalently sized patches with relatively more interior area (e.g., circular patches).
These differences in shape can, therefore, have large effects on the structure of communities,
independent of the amount of habitat remaining (Moser et al., 2002; Brudvig et al., 2009). Such
edge-to-area ratio effects consequently differ from those of edges, yet they may be equally or
more important for understanding a population or a process of interest (Ewers and Didham,
2006).

Effects of edges are ubiquitous and pernicious in fragmented landscapes worldwide
(Harper et al., 2005; Haddad et al., 2015). Within forested systems alone, 70% of remaining
forests worldwide are within 1 km of an edge (Haddad et al., 2015). However, edges do not
affect all species equally. Some species may benefit strongly from the presence of edges and
have higher populations near edges, while other species may do poorly near edges and may
either only be able to persist in the core portions of any remaining habitat patches (Harrison and
Bruna, 1999; Vasconcelos and Bruna, 2012). These population changes and resulting local
extirpations have consequences for local- and landscape-level patterns of biodiversity (Haddad et
al., 2015). Populations of reintroduced species are likely to be affected by edges within the
landscapes in which they occur (Bruna, 1999, 2002).

All three of these landscape factors contribute to the need for population reintroduction,
following species loss (Haddad et al., 2015; Caughlin et al., 2019). However, despite the ubiquity

of habitat fragmentation in the world's terrestrial habitats and the documented loss of biodiversity
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that occurs within fragmented landscapes, debate continues to exist about how and why patterns
in biodiversity loss emerge (Didham et al., 2012; Fahrig, 2013; Fletcher et al., 2018; Fahrig et
al., 2019). Part of this debate stems from the difficulty of empirically studying the different
effects of fragmentation (Ewers and Didham, 2006; Didham et al., 2012). This debate has
consequences for how and where populations may be reintroduced and how they are managed, as
the initial population establishment and growth faces may be influenced by the context of the
landscape in ways that are, presently, poorly understood.

In this dissertation, | also investigate the effects of habitat fragmentation on reintroduced
populations of a set of plant species in a fragmented landscape in the longleaf pine savanna of
South Carolina. Fragmentation of this habitat type has resulted in local losses of many species
that are adapted to these savannas (Jose et al., 2006). In the year 2000, my collaborators on this
project established a replicated, large-scale system of experimental patches of restored longleaf
pine savannas in order to disentangle effects of connectivity, edge-to-area ratio, and edge effects
(Damschen et al., 2006). In 2007/2008, my collaborators planted populations of five herbaceous
species into these replicated fragmented landscapes (Brudvig et al., 2015; Caughlin et al., 2019).
These populations were sown in such a way as to enable study of the mechanistic reasons behind
what landscape factors are responsible for driving the observed population responses and
patterns. | worked within those reintroduced populations to answer my research questions.

Study System

Longleaf pine savanna is historically a broad-ranging vegetation type which forms the core of the
recently-recognized global biodiversity hotspot of the North American Coastal Plain (Jose et al.,
2006; Noss et al., 2015). This habitat type has been degraded, fragmented, and converted to

agriculture across much of its range, leaving only ~3% of the habitat intact (Jose et al., 2006).
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Historically, this longleaf pine savanna was very open and was quite fire prone, burning
approximately every 2-3 years (Jose et al., 2006). This frequent fire kept the habitat open and
allowed for species found there to be adapted to living in open, sunny habitats (Jose et al., 2006).
My study species are all native herbaceous plants of longleaf pine savanna and are in the families
Asteraceae and Poaceae. All would have been present historically but are locally uncommon
presently and are of conservation concern.
Chapter 4: Local Seed Dispersal in Fragmented Landscapes

In Chapter 4, my collaborators and | examine the process of seed dispersal and how this
critical process is impacted by habitat fragmentation. Two years following the introduction of
these species to these landscapes, my collaborators on this project marked seeds prior to their
dispersal and allowed them to naturally disperse and then relocated the seeds after dispersal had
occurred. Seeds of these plant species are abiotically dispersed. Following dispersal, they
measured the distance and direction to which the seeds dispersed, within 5m of the parent plant.
This short-distance dispersal is not often studied, despite the majority of seed dispersal occurring
close to the parent plant (Nathan and Muller-Landau, 2000). Using these data, | built models to
examine patterns of seed dispersal and how they are modified by the landscape factors of
connectivity, edge effects, and edge-to-area ratio. After all, there cannot be seedlings without
seeds having gotten there first (Geisel, 1971; Broadhurst et al., 2008; Reid et al., 2015). To
understand populations and their spread following reintroduction to a landscape, it is necessary
to understand how their seeds may move across the landscape (Nathan and Muller-Landau,
2000). What I found is that my species, which are all abiotically dispersed, preferentially
disperse towards the edges of the habitat patches. I also find that dispersal is farther at greater

distances from the edge of that patch. These patterns are largely not affected by the connectivity
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or edge-to area ratio of the patch in which the seedlings occur. My results show that, at the local
scale, where the vast majority of dispersal events take place, distance to the edge of the patch is
the dominant landscape factor that modifies patterns of dispersal and that these patterns may not
be intuitive based on the expectations derived from the study of long-distance dispersal.
Chapter 5: Recruitment Patterns of Plants in Fragmented Landscapes

In Chapter 5, | examined the longer-term patterns of recruitment within reintroduced
populations and how these recruitment patterns were affected by habitat fragmentation.
Unfortunately for these plant populations, as well as for my work, not all of the populations that
were sown in 2007 were able to successfully establish within fragmented landscapes. As a result,
| worked with a subset of four of the five species that | had used for Chapter 4 and examined
how patterns of recruitment were affected by habitat fragmentation. In 2015 and 2016, my
collaborators and | surveyed the entirety of the habitat patches for recruits of these four species.
Because these species were not present within this experimental system before their
reintroduction, all recruits within the habitat patches are derived from the originally sown
populations. | examined the responses of these populations to the landscape variables of interest
(connectivity, edge-to-area ratio, and edge effects and found that, for some of the study species,
edges mediated recruitment patterns, while for the remaining species, they did not have bearing
on recruitment patterns. | also examined a variety of mechanisms through which edges may be
affecting recruitment patterns and found that factors like canopy cover were important in
influencing patterns of recruitment in these species, which are sun-loving herbs of open habitats.
My work on this chapter indicates the importance of considering landscape context when

assessing patterns of plant reintroduction and demography, as, without doing so, models may not
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be accurate for the entirety of a given population of interest, if that population occurs across a

varied landscape context.
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CHAPTER TWO

FIRE MODIFIES THE OUTCOME OF PLANT-SOIL FEEDBACKS
Abstract
Although plant soil feedbacks (the interactions between plants, soil microbes, and soils
themselves, abbreviated as PSFs) are widely known to influence patterns of plant diversity at
local and landscape scales, these interactions are rarely examined in the context of important
environmental factors. This understanding is important because environmental context may alter
PSF patterns, by modifying the strength or even direction of PSFs for certain species. One
important environmental factor that is increasing in scale and frequency with climate change is
fire, though the influence of fire on PSFs remains essentially unexamined. In changing microbial
community composition, fire may alter the microbes available to colonize roots of plants and
thus seedling growth post-fire. This has potential to change the strength and/or direction of PSFs,
depending on how such changes in microbial community composition occur and the plant
species with which the microbes interact. We examined how a recent fire altered PSFs of two
leguminous, nitrogen-fixing tree species. For both species, growing in conspecific soil resulted in
higher plant performance (as measured by biomass production) than growing in heterospecific
soil. This pattern was mediated by nodule formation, a critical process for legume species. Fire
weakened PSFs for these species and therefore pairwise PSFs were significant outside the burn
and tended towards nonsignificant within the burned area. Theory suggests that such positive
PSFs in unburned sites would reinforce dominance of these species where they are locally
dominant, but this effect might diminish after fire. Our results demonstrate that fire can modify
PSFs by weakening the legume-rhizobia symbiosis, which may alter local competitive dynamics

between two canopy dominant trees species. These findings illustrate the importance of
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considering environmental context when evaluating the role of PSFs for plants, even over
relatively small spatial scales.
Introduction

Plants, microbes, and soil interact in diverse ways (termed “plant soil feedbacks” [PSFs]),
influencing local biodiversity patterns across the world (Klironomos, 2002; Kardol et al., 2006;
Bever et al., 2015). These interactions can shape plant success and survival in both positive (e.g.,
mutualism) and negative (e.g., pathogens) ways, and this can lead to long-term consequences for
biodiversity and coexistence (Chung and Rudgers, 2016). Although it is increasingly evident that
the nature of PSFs depends on the environmental context, it remains unclear exactly how and
when environmental factors alter the strength or direction of PSFs (Yelenik and Levine, 2011;
Crawford et al., 2019). Here, we evaluate how PSFs are modified by a key environmental factor:
fire.

Due to the difficulty of assessing effects of environmental factors on PSFs, much
attention has been paid to how PSFs influence the survival or performance of a plant living in the
space of a conspecific (Kulmatiski et al., 2008; VVan der Putten et al., 2013; Crawford et al.,
2019). The net outcome of such PSFs is the sum of all the positive, negative, and neutral
interactions between plants and microbial communities (Bever et al., 1997). For example,
diversity within tropical forests may relate to negative feedbacks between plants and specialist
antagonists, including microbial pathogens, which limit the abundance of any one species
(Janzen, 1970; Connell, 1971). Such patterns of plant performance being lower when nearer to a
mature conspecific (negative density dependence) have been broadly documented across the
world’s biomes and in different functional groups, from herbs to trees (Kulmatiski et al., 2008;

Crawford et al., 2019). However, PSFs may also increase plant performance, such that proximity
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to a mature conspecific may be beneficial (Smith and Reynolds, 2012; Crawford and Knight,
2017). Specialist mutualistic microbes such as mycorrhizae or bacteria, may be more available
nearer a mature conspecific, and such mutualistic interactions may balance those of the potential
antagonists, resulting in a net positive effect of proximity to a mature conspecific on young plant
performance (positive density dependence).

In addition to the PSFs affecting conspecifics, effects on neighboring heterospecifics can
lead to pairwise feedbacks that also change patterns of plant performance and where/how plants
occur in ecosystems (Bever et al., 1997; Kulmatiski and Kardol, 2008). For example, if one
species increases soil-based pathogen loads but these pathogens are more negative for a given
heterospecific than for conspecific individuals, then there is a net positive pairwise feedback for
that species (Yelenik and Levine, 2011). Additionally, two species of interest may both have
positive to neutral PSFs when being grown in both conspecific soil and soil from the other
species, relative to heterospecific soils of other species that are not of interest. In that case, the
competitive outcome between the two plant species of interest, as mediated by PSFs may depend
more on non-PSF-related factors, such as initial abundance of the two species of interest or their
relative growth rates. Lastly, an additional possibility is that of a negative net pairwise PSF,
where both species are hindered when grown in their own soil, relative to when grown in a
heterospecific soil (Crawford et al., 2019). This sort of pairwise PSF can lead to the two species
coexisting in the field, all else being equal. All of these pairwise PSFs may also be influenced by
environmental context, including that of fire.

Fire is an important disturbance in terrestrial ecosystems worldwide and is forecasted to
increase in frequency and extent with climate change (Flannigan et al., 2000; Moritz et al.,

2012). In ecosystems where it was historically infrequent, fire can have devastating ecological
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consequences and can shift habitats into species-poor stable states where most native diversity is
lost (Smith and Tunison, 1992; Ellsworth et al., 2014; Mahood and Balch, 2019). For example,
in exotic-grass invaded forests and shrublands, fire can lead to a shift to exotic-dominated
landscapes with self-reinforcing short fire return intervals (D’ Antonio and Vitousek, 1992;
Ellsworth et al., 2014). Typically, fire effects on vegetation are considered through the lens of
direct relationships between fire and plants and how fire modifies competitive relationships
between plants. Yet, fire may also affect plant communities by altering microbial communities.

Fire is known to alter microbial communities in ways that may then alter plant
performance (Pourreza et al., 2014; Hedo et al., 2015; Prendergast-Miller et al., 2017). For
example, fire can lead to death of ectomycorrhizal fungi, which may be positive mutualists for
plants, leading to a potential shift towards a net negative PSF, if pathogens are then more
relatively abundant. However, fire could also eliminate pathogens, which would then favor more
positive net PSFs. While it then stands to reason that fire may have strong impacts on PSFs, how
fire affects PSFs is poorly understood. Fire may change the direction of PSFs leading from
coexistence to competitive exclusion of some species, or it may cause PSFs to vanish altogether
(\Van der Putten et al., 2013; Senior et al., 2018). Disentangling the complexities of fire on PSFs
requires detailed studies that explicitly compare PSFs both with and without fire.

We studied how fire affects PSFs of two tree species in the Fabaceae (the legume family).
Like other legumes, these species engage in a mutualism with rhizobial bacteria in the soil
(Andrews and Andrews, 2017). Rhizobia fix nitrogen (abbreviated as N, hereafter), which is
shared with the plant, while the plant shares carbon and constructs nodules in which the bacteria
live. Members of the legume family are ideal for studying PSFs and environmental context

because they present a rich set of interactors, both positive (mutualism with rhizobia) and
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negative (such as with fungal pathogens) (Jack et al., 2019; Grman, Allen, et al., 2020). How fire
might modify the net outcome of these positive and negative interactions remains unknown.

We hypothesized that fire would influence the PSFs of two leguminous tree species
found in the Hawaiian Islands. To address this hypothesis, we asked three questions (1) How is
plant performance affected by conspecific vs heterospecific soils and is this pattern affected by
fire? We predicted that each N-fixer would do better in conspecific soil rather than heterospecific
soils, due to the rhizobial mutualism and the relatively low root-associated fungal diversity in
Hawai‘i (Hayward and Hynson, 2014). (2) Does nodule formation by rhizobia mediate the effect
of soils on plant performance? Given the importance of the rhizobial mutualism to plant
performance of legumes, we expected patterns of nodule formation to mediate this relationship.
(3) Are net pairwise PSFs between these two species affected by fire? We expected fire to reduce
the strength of net pairwise PSFs, as fire may cause death of the microbial members of PSF
interactions.

Methods
Study Site and Species

We conducted our work within Hawai‘i Volcanoes National Park on Hawai‘i Island,
Hawai‘i. In August of 2018, there was a fire that burned approximately 1500 hectares within the
national park, in an area with mostly native upland forest (Figure 2.1). Although fire has not
been a significant ecological force in Hawai‘i historically, invasions of exotic grasses, shifting
temperatures, and increased ignitions have shortened fire return intervals dramatically (Smith
and Tunison, 1992; Trauernicht, 2019). We examined the PSFs of two leguminous tree species
endemic to the Hawaiian Islands: koa (Acacia koa A. Gray) and mamane (Sophora chrysophylla

(Salish.) Seem.). Both of these species are in the family Fabaceae and fix N through a mutualism
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with rhizobial bacteria. Additionally, both of these species are able to regenerate after fire, either

from seed or from roots, though mamane is, anecdotally, somewhat less fire-tolerant than koa.

Figure 2.1. Study site location on Hawai‘i Island.

Soil Sourcing, Set-up, and Data Collection

To examine the effect of fire on PSFs, we performed a factorial experiment using field-
collected soils from within and outside the burned area (Figure 2.2). We realize that fires burn
heterogeneously, and that fire intensity and fire severity depend on a diverse set of factors, such
as slope, aspect, small-scale vegetation patterns, variation in soil organic matter, and small-scale
moisture variation (Keeley, 2009; Estes et al., 2017). In our system, old lava flows can form
natural barriers of rock, preventing fires from advancing (such as the old flow which forms the

upper boundary of the burned area; Figure 2.1). We gathered soils from multiple focal trees
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within and outside the burned to attempt to better capture the variation present in the soil

microbial community following the fire (or lack thereof).

Soil Sources
x3 x3
field plant species field plant species
X5 x5 x5 x5 x5 x5
replicatetrees replicatetrees replicate trees replicate trees replicatetrees replicate trees

il Il% B D000 Wm Ilu/ il OEEEE
\r

R R R TR R R
2 iiiA i i A iiiiRiiiiRidiiAabiil

x 15 pots per x 15 pots per x 15 pots per x 15 pots per x 15 pots per x 15 pots per
replicate tree replicate tree replicate tree replicate tree replicate tree replicate tree

+ 15 pots of sterile soil
= 465 pots per each of our two study species

Figure 2.2. Experimental design. We collected soils from within the burned area and outside it.
In each location, we collected soils from under koa, mamane, and ‘a‘ali‘i, and we did this with 5
replicate trees of each species. From each of those five replicate trees, we inoculated 15 pots
containing a sterile potting medium. We additionally planted seeds in 15 pots containing only the

sterile potting medium, for comparison.

In June of 2019, we gathered soils from under both living koa and mamane, as well as
from under living ‘a‘ali‘i (Dodonaea viscosa (L.) Jacq.), a Hawaiian-native, non-N-fixing
member of the Sapindaceae that is common in these sites. We collected soils from under ‘a‘ali‘i

so that we would have a consistent “far from conspecific” soil to examine. We collected soils
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from under living trees so that effects that we observed were attributable to the burn, rather than
to tree death. We termed the species from which we collected soil the “source plant.” We then
factorially crossed these three source plants with the burn, by collecting soils from inside the
burn and outside the burn (n = 3 source plants x 2 [burn vs not] = 6 possible types of soil
inoculum). Within each source plant x burn combination, we collected soils from under 5
replicate trees (Figure 2.2). For the locations and elevations of each of the locations from which
we collected soil, please see Table 2.1. The elevation for soil collection location was determined
using the Bulk Point Query tool at the United States Geological Survey’s The National Map
project (USGS, 2019). We collected soils to a depth of up to ~12 cm, though we generally tried
to collect soil from shallow depths as much as possible. The effects of fire on soil biota have
been documented to penetrate into the soil profile for up to ~10 cm (Ahlgren, 1974; Pattinson et
al., 1999; Mataix-Solera et al., 2009), but are most often documented within the first 3 cm
(Ahlgren, 1974; Bradstock and Auld, 1995; Mataix-Solera et al., 2009). Post soil collection, we
homogenized soil from within (but not across) each replicate tree in the field. The depth of the
soils that we collected likely indicates that the results from this work likely would be
conservative, in relation to effects of the fire on the soil microbial community. To minimize any
effects of soil nutrients or other non-microbial factors, we used an inoculation approach,
whereby we used an inoculum of field soil to pots containing sterilized potting medium
(Crawford et al., 2019). We sterilized our potting medium (Professional Growing Mix SS#1,
Sungro Horticulture, Agawam, Massachusetts, USA) by autoclaving it for 60 minutes at 121°C.
We used a ratio of 85% sterile potting medium to 15% field soil per pot, by volume, following
typical inoculation practices (Crawford et al., 2019). Pots were standard 4-inch pots and were

surface-sterilized prior to use by submersion in a 0.6% concentration bleach solution for 12-14
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hours. Each pot contained a total of 475mL of soil (400mL sterile medium and 75mL field soil
inoculum). From each of the 5 replicate trees for each plant species x burn combination, we
inoculated a total of 15 pots filled with sterile potting media (n = 15 pots x 5 replicate trees x 3
source plantsx 2 [burn vs not] = 450 pots per each of koa and mamane; see Figure 2.2). We grew
a seedling of each species in an additional 15 pots of sterile potting media as a reference for the
absence of soil biota for later visual comparisons, though due to the nested nature of our
experimental design, we were unable to include these sterile soil seedlings in our statistical
analyses. Because some seeds did not germinate, our final sample sizes for each species were
324 inoculated pots and 15 sterile pots for koa and 408 inoculated pots and 13 sterile pots for
mamane. Seedlings were grown in a greenhouse located at Kilauea Field Station, within Hawai‘i
Volcanoes National Park, and we randomized placement of the different sorts of inoculum across
five benches.

Table 2.1. Field soil table.

Species | Burn? | Latitude | Longitude | Elevation (m asl)

‘a‘ali‘i | burn 19.47594 | -155.36295 1705.8
‘a‘ali‘i | burn 19.47566 | -155.36301 1701.8
‘a‘ali‘i | burn 19.47627 | -155.36180 1700.7
‘a‘ali‘i | burn 19.47611 | -155.36170 1699.1
‘a‘ali‘i | burn 19.47603 | -155.36277 1705.8
koa burn 19.47593 | -155.36214 1701.2
koa burn 19.47557 | -155.36240 1698.3
koa burn 19.47570 | -155.36212 1698.4
koa burn 19.47580 | -155.36182 1696.9
koa burn 19.47544 | -155.36185 1695.7
mamane | burn 19.47610 | -155.36242 1704.2
mamane | burn 19.47555 | -155.36271 1699.0
mamane | burn 19.47582 | -155.36310 1704.4
mamane | burn 19.47653 | -155.36179 1701.3
mamane | burn 19.47637 | -155.36184 1701.3
‘a‘ali‘t | nonburn | 19.48777 | -155.38692 1999.8
‘a‘ali‘t | nonburn | 19.48781 | -155.38680 1999.4
‘a‘ali‘i | nonburn | 19.48793 | -155.38695 2004.2
‘a‘ali‘t | nonburn | 19.48818 | -155.38671 2003.4
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Table 2.1 (cont’d)

‘a‘ali‘i | nonburn | 19.48779 | -155.38661 1997.9
koa nonburn | 19.48840 | -155.38653 2002.8
koa nonburn | 19.48848 | -155.38689 2008.6
koa nonburn | 19.48863 | -155.38684 2008.6
koa nonburn | 19.48865 | -155.38660 2006.8
koa nonburn | 19.48773 | -155.38609 1989.8
mamane | nonburn | 19.48799 | -155.38648 1998.8
mamane | honburn | 19.48805 | -155.38677 2002.4
mamane | nonburn | 19.48792 | -155.38657 1998.8
mamane | nonburn | 19.48833 | -155.38712 2011.8
mamane | nonburn | 19.48819 | -155.38730 2013.5

Prior to planting, seeds were scarified and surface-sterilized, to enable rapid germination
and to eliminate any confounding microbes potentially on the seed coats. The mamane seeds
were scarified and sterilized in a solution of 100% sulfuric acid for 1 hour, and then rinsed to
remove the acid solution (Sierra McDaniel & Makani Gregg, Pers. Comm.). The koa seeds were
scarified in nearly boiling water (~90°C) for 60 seconds, rapidly cooled in a cold water bath, and
then soaked in cool water overnight (Elevitch and Wilkinson, 2003), then surface-sterilized in a
0.6% concentration bleach solution for 10 minutes, followed by a sterile water rinse to remove
the bleach solution. We planted three seeds of either mamane or koa into the inoculated or sterile
pots (n=465 originally, per focal species) to ensure sufficient germination. We thinned to one
seedling in each pot at the time of the emergence of the first true leaf. Seedlings were grown for
a period of 10 weeks after the emergence of the first true leaf. In the 10 weeks in which the koa
seedlings were growing, some plants experienced insect herbivory, which is known to affect
biomass production (Bonfil, 1998; Barton, 2016), and we recorded whether a plant experienced
herbivory at any time. Mamane seedlings experienced essentially no herbivory, so we did not
record this for that species. Following the 10-week growth period, we harvested all individuals

and took data on total dry weight biomass (g) and the number of nodules present on the roots of
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each seedling. We divided total dry weight biomass (g) by the number of days that a given
individual seedling had grown from the emergence of the first true leaf to harvest, to standardize
study duration across individuals.
Analysis

All analyses were conducted in R, version 3.6.3 (R Core Team, 2020), through the
interface of RStudio, version 1.2.5033 (RStudio, 2019).

How is plant performance affected by soil source and is this pattern affected by fire?

We ran separate linear mixed models for koa and mamane, to examine the effects of the
burn. The response variable was total dry biomass, standardized to the number of growing days.
The predictor variables were the source plant, the number of nodules present at the time of
harvest, and the interaction between the burn and the source plant on biomass. We used two
random effects: one for the replicate tree (to account for the 5 replicate trees in each field soil,
see Figure 2.2) and the second for the bench in the greenhouse, to account for any effects of
where they plants were growing in the greenhouse. We treated the response as following a
Gaussian distribution, as the biomass data were normal. Within this model, but only for koa, we
included a term for herbivory, due to herbivory on this species in the greenhouse (the mamane
plants did not experience herbivory over the study period). We additionally ran separate
generalized linear mixed models for koa and mamane, in which the number of nodules was the
response, with the predictors of the source plant, the burn, and the interaction of those terms, and
treating the response as following a negative binomial distribution (because the number of
nodules is overdispersed count data). The random effects of these models followed the same
structure as the models with biomass as the response. All four of these models were run through

the Ime4 package, version 1.1-23 (Bates et al., 2015). We derived the effect size of percent
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difference, from estimated marginal means from the model, using emmeans, version 1.4.8
(Lenth, 2020), and using the percent difference formula of: | p1 — p2 | / (W1 + H2) / 2), where Wi
are the estimated marginal means.

Does nodule formation by rhizobia mediate the effect of soils on plant performance?

Based on the results of our linear mixed models, we investigated the direct effect of
source plant on biomass and its indirect effect (via nodulation) on biomass, using a structural
equation model (SEM) for each of koa and mamane. We constructed SEMs using the
piecewiseSEM package, version 2.1.1 (Lefcheck, 2016). We constructed SEMs using both of the
models that we used for our linear mixed models, with the modifications that, given that our soil
source predictors consisted of three non-ordinal categories, we split soil source into three
columns of binary responses (koa or not, ‘a‘ali‘i or not, mamane or not), and removed the focal
species binary column from its own model, to avoid rank deficiency of the model. To calculate
the standardized effects, in order to facilitate comparison between our variables of interest, we
multiplied the beta coefficient of the model by the standard deviation of the independent
variables divided by the standard deviation of the dependent variable.

Are net pairwise PSFs between our two focal species affected by fire?

We calculated net pairwise PSF (noted using the interaction coefficient, Is), following
Bever et al. (1997). In this framework, Is = G(A). - G(A)s - G(B). + G(B)g, where G(A) and
G(B) represent growth (biomass, in our case) of species A and B, respectively, and a and g refer
to soil sourced from under species A and B, respectively (Bever et al., 1997). Because this
feedback is calculated only between pairs of species, we only examined the pairwise feedbacks
between koa and mamane, as we did not grow any ‘a‘ali‘i seedlings. First, we determined

whether a pairwise PSF between these two species significantly differed inside vs. outside of the
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burn. To do this, we ran a linear mixed model in which the response was biomass and the
predictor variables were the species (two focal species), the source plant, the burn, and all
interactions. Here, a significant three-way interaction between focal species, source plant, and
burn would indicate that PSFs differ between burn treatments for these two species. We then
calculated Is within and outside the burn using two linear mixed models, one inside the burn and
one outside it. To do this, we ran a linear mixed model in which the response was biomass and
the predictor variables were the focal species, the source plant, and their interaction. Here, a
significant interaction would indicate a significant PSF between the two species. From this
model, we extracted Is, the coefficient associated with the interaction between the two species,
and determined its significance using summary.ImerModLmerTest, which uses a Type IlI
ANOVA with Satterthwaite’s approximation for degrees of freedom. We ran models in this
section in ImerTest, version 3.1-2 (Kuznetsova et al., 2017).

Results

How is plant performance affected by source plant and is this pattern affected by fire?

Koa biomass was not affected by source plant (Figure 2.3; Table 2.2). However, more
nodules resulted in higher koa biomass and nodulation was affected by source plant, with more
nodules in conspecific soil (Table 2.3). There were 5.2% more nodules on koa in koa soil than in
mamane soil and 10.5% more nodules on koa in koa soil than in ‘a‘ali‘i soil (calculated as
percent difference).

For mamane, biomass was affected by source plant (Figure 2.3; Table 2.2), with higher
biomass in conspecific soil. Mamane biomass was 33.0% higher in conspecific soil than in koa
soil and 13.9% higher when grown in conspecific soil than in ‘a‘ali‘i soil (percent difference).

However, for mamane, nodulation patterns were not affected by soil source (Table 2.3).
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The recent fire did not affect biomass or nodulation for koa (Tables 2.2 and 2.3), nor for
biomass of mamane (Table 2.2) (see Figure 2.3 for biomass data). Fire had an interactive effect
on the nodulation of mamane, where mamane seedlings grown in mamane soil had more nodules
outside the burn than mamane seedlings in any other treatment (Table 2.3; range of 5.1%-37.8%

more nodules than other source plant x burn combinations [percent difference]).

Table 2.2. Statistical table for biomass models

Predictor Chi.sq | df | p-value
Burn 020 1 0.65

@ | Source Plant 412 2 0.13
X | Number of Nodules 58.71| 1| <0.0001
Interaction between Source Plant and Burn 045 | 2 0.80

o | Burn 087 1 0.35
§ Source Plant 9.33| 2| 0.0094
i | Number of Nodules 68.42 | 1 | <0.0001
= Interaction between Source Plant and Burn 518 | 2 0.075

Table 2.3. Statistical table for nodulation models

Predictor Chi.sq | df | p-value
 |BUM 135 1 0.25
Z | Source Plant 11.63 | 2| 0.0030
Interaction between Source Plant and Burn 169 | 2 0.43

% Burn 12.84 | 1| 0.00034
lg Source Plant 3.87| 2 0.14
=| Interaction between Source Plant and Burn 20.42 | 2 | <0.0001
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Figure 2.3. Standardized biomass (g/day) for koa (Panel A) and mamane (Panel B), by
source plant crossed with burn. Background color indicates burn (light orange; left) or nonburn
(light blue; middle), and bar color is color coded by source plant species. Letters above the plot
indicate groups, determined by post-hoc comparisons. Biomass tends to be higher in soil from
conspecifics and N-fixing species. Sterile soil (gray bar with a gray background; right) is

included for a visual comparison and was not included in statistical analyses.

Does nodule formation by rhizobia mediate the effect of soils on plant performance?
Koa

Koa tended to obtain greater biomass in its own soils than in heterospecific soils (‘a‘ali‘i
and mamane), leading to a positive single species PSF. Biomass differences were indirectly
mediated through number of nodules. Biomass was positively affected by the number of nodules
(r=0.38, p <0.0001). Koa produced more nodules when grown in its own soil compared to
‘a‘ali‘i soil (r =-0.0053, p <0.0001), with the indirect effect of growing in ‘a‘ali‘i soil being
r =-0.0020. Koa also produced more nodules when grown in its own soil compared to mamane

soil (r =-0.0027, p=0.022), with the standardized indirect effect of growing in mamane soil
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being r =-0.0010. Biomass was negatively affected by herbivory (r=-0.19, p = 0.0001). The
SEM fit the data well (Fisher’s C = 0.035; p = 0.98; Figure 2.4).
Mamane

Mamane, similar to koa, obtained greater biomass in its own soils than in heterospecific
soils (‘a‘ali‘i and koa) leading to a positive single species PSF. Unlike koa, however, this was
only indirectly mediated through nodule biomass with one of the away soils: ‘a‘ali‘i. Mamane
biomass was higher when grown in its own soil than when grown in ‘a‘ali‘i soil (r =-0.15, p =
0.019), with the indirect effect of growing in ‘a‘ali‘i soil being r = -0.0083. Mamane biomass
was also higher when grown in its own soil than when grown in koa soil (r = -0.35, p < 0.0001),
with the indirect effect of growing in koa soil being r = -0.0016. Biomass was positively affected
by the number of nodules (r = 0.39, p < 0.0001). The number of nodules was negatively affected
by being grown in ‘a‘ali‘i soil (r =-0.021, p = 0.0002). The SEM fit the data well (Fisher’s C =

0; p =1, Figure 2.4).
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dashed arrows indicate negative relationships. Black arrows indicate significant relationships
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standardized effect size.

Are net pairwise PSFs between our two focal species affected by fire?

Burning trended towards reducing the strength of otherwise positive PSFs between koa
and mamane (F1457 = 2.96; p = 0.086). Outside the burn, PSFs are significantly positive (Is =
0.0016, p = 0.00027). However, within the burn, Is is 0.00061, and this is not significant (p =
0.16).

Discussion

Our study is one of the first experimental studies to explicitly test the effects of fire on

PSFs, and, in doing so, we found that fire can alter net pairwise PSFs with important

implications for post-fire succession. Mechanistically, this may have been due to a breakdown in
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the positive effects of conspecific soils, suggesting that positive benefits from rhizobia were
weakened with the fire. Specifically, in mamane, root nodulation was lower in soils from burned
sites. Our results illustrate the importance of considering how environmental context, and
specifically fire, alters PSFs.

Nodule formation positively affected seedling performance, and this is likely a major
factor for the positive relationship that we see with our seedlings when they are grown in
conspecific soil (Crawford and Knight, 2017; Siefert et al., 2018). The patterns that we observe
with nodulation may indicate that the rhizobial bacteria associated with our species are at least
somewhat host-specific, as has been shown with rhizobial bacteria in other systems (Fauvart and
Michiels, 2008; Andrews and Andrews, 2017). In our system, nodulation of koa was higher
when grown in conspecific soil, while nodulation in heterospecific soil of another legume was
similar to heterospecific soil from a non-N-fixer, which further demonstrates that koa rhizobia
may be somewhat host-adapted. For mamane, although not significant, nodulation trended
toward being higher in conspecific soil than heterospecific soil and higher in N-fixer soil than
non-N-fixer soil. These patterns indicating potential host-specificity of rhizobia may be part of
the reason that PSFs are positive in conspecific soil in our system and suggest a mechanism for
positive PSFs elsewhere.

For one of our study species (mamane) the pattern of nodulation was affected by fire,
indicating that fire can change positive PSF interactions (Carvalho et al., 2010; Jesus et al.,
2020). Nodulation was higher in conspecific, non-burned soil than any other combination of burn
and soil source, indicating that fire negatively impacts the ability of this species to form nodules.
How fire affects PSFs and patterns of nodulation in legumes is poorly understood (De Long et

al., 2019). PSFs broadly have only rarely been studied in the context of environmental factors.
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However, fire has been shown to lead to large-scale changes in bacterial and fungal
communities, independent of plants (Dooley and Treseder, 2012; Whitman et al., 2019), and we
show how these types of impacts can shape PSFs. Within the legume-rhizobial symbiosis, it is
increasingly recognized that nodulation can be modified by fire, especially with shifts in the
bacterial community involved in this interaction (Jesus et al., 2020), but this has not been studied
outside just a few systems. Our work shows that fire can modify nodulation patterns and as a
result reduce the strength of positive PSF.

While our results do demonstrate the importance of incorporating the effects of fire when
considering PSFs, our findings are also nuanced. It is possible that some of this nuance in our
results is potentially due to fire severity. Fire severity is known to affect the soil microbial
community, with more severe fires having correspondingly larger impacts on soil microbes
(Reazin et al., 2016; Adkins et al., 2020), and this may then also reflect back on the microbes
that participate in PSFs. We sampled from beneath trees that survived the fire (to not confound
our results with death of an individual in the field), and it is possible that, by selecting from these
trees, we selected for microsites of lower fire severity, which potentially muted our findings,
relative to that which may occur in microsites with higher fire severity. In addition, there could
be a temporal effect, where fire’s effects on PSFs become more muted over time. We collected
soils ~10 months following the burn. Although some effects of fire on soil microbes have been
shown to last for ~20 years (Pérez-Valera et al., 2018) and PSFs may carry on after the death of
an individual (Kardol et al., 2007; Mueller et al., 2019), these effects do become less with time,
and effects on PSFs are likely most pronounced immediately following the fire itself.

There are additional caveats due to the nature of our experimental design. We worked

within and outside of a single wildfire event, meaning that, on the scale of fire events, n=1. We
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sampled from both within and outside of the burned area. Due to the way that the burn occurred
and the fact that the uphill border of the burn was an old lava flow, our samples from within the
burned area and outside of the burned area occurred at different elevations. The burned soil
samples were taken from 1695 m asl to 1705 m asl and the non-burned samples were taken from
1989 m asl to 2013 m asl. Despite the difference in elevation between these areas, the pre-fire
vegetation community is broadly similar at both elevations.

Although pairwise PSFs between species are the most frequent way to examine PSFs,
such studies rarely incorporate environmental context and almost never incorporate the
relationship with fire (Kulmatiski and Kardol, 2008; VVan der Putten et al., 2013; Senior et al.,
2018; Crawford et al., 2019; Beals et al., 2020). We see that there is a significant pairwise
feedback between two species in non-burned areas, and while not significantly different from the
lack of feedback within the burned area, the trend is towards stronger feedbacks before fire. This
means that, likely, prior to fires, neighbor identity matters for koa and mamane, while after fire,
this PSF pattern disappears. Similar patterns have been seen in the only other study of this sort of
which we are aware (Senior et al., 2018). Such weakening of PSFs with fire follows from a priori
assumptions where the abundance and richness of soil microbes decreases after fire (Dooley and
Treseder, 2012; Reazin et al., 2016). Given this assumption, our results, and those of Senior et al
(2018), it is possible that such patterns may be occurring in fire-impacted systems more
generally.

Changes to PSFs may influence patterns of plant diversity, and understanding of the
pairwise PSFs of our two focal species can help understand the interactions between these two
plant species in the field. Forests in the Hawaiian Islands are relatively species poor, in terms of

tree diversity (Little and Skolmen, 1989), and our two focal species make up the vast majority of
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trees within our study site (C. Warneke, S. Yelenik, personal observation). In areas near our field
site, koa abundance seem to rapidly increase in previously mamane-dominated habitats after
successive fires (Rick Warshauer, personal communication). Based on our findings, it seems
likely that, before fire, PSFs would reinforce each species where it is already locally dominant.
However, after fire, when PSFs break down, it may be more likely for the two N-fixers to shift in
their local dominance patterns towards more coexistence or a change in local dominance towards
koa. Koa growth rates are higher than those of mamane (Barton and Shiels, 2020), and it is
possible that this trend of weaker pairwise feedbacks that we observed in burned areas may
enable koa to better outcompete mamane, post-fire. Although this is a trend in our data, and is
nonsignificant, it does support the anecdotal field observation of these species in field conditions.
Our results suggest that managers may need to consider changes in microbial
communities after fire when considering management actions (Dooley and Treseder, 2012;
Pérez-Valera et al., 2018; Grman, Allen, et al., 2020). Due to the increase in fire frequency in the
Hawaiian Islands in recent years and going forward, land managers often plant seeds and
seedlings of our study species into recently burned habitats to reestablish the native plant
community (McDaniel et al., 2008). By adding conspecific soil or rhizobial inoculum to growing
media, restoration practitioners may help grow bigger, more successful koa and mamane in the
greenhouse, which, in turn may allow for better success of seedlings when outplanted into field
conditions (Elevitch and Wilkinson, 2003). Decreases in nodule formation may alter growth rates
of these species in post-fire reseeding and planting efforts, and countering that through
inoculation may benefit restoration efforts. This is likely to more strongly benefit mamane,
which has a slower growth rate than koa (Yelenik et al., 2017; Barton and Shiels, 2020), making

restoring populations of this species a challenge in degraded habitat conditions.
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Overall, our results demonstrate that fire has the potential to modify PSFs and the
legume-rhizobial symbiosis. The relationship between fire and PSFs has been unclear; yet,
advancing knowledge around this topic is critical at a time when fire is increasing worldwide.
Our work demonstrates the importance of considering environmental context for PSFs.
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CHAPTER THREE

ELEVATION, CANOPY COVER, AND GRASS COVER STRUCTURE PATTERNS OF
SEEDLING ESTABLISHMENT IN A SUBTROPICAL POST-FIRE RESTORATION

Abstract

Ecological restoration is increasingly critical in this era of large-scale landscape change.
However, restoration outcomes are notoriously variable, which makes fine-scale decision making
challenging. This is true for restoration efforts that follow large fires, which are increasingly
common as the climate changes. Post-fire restoration efforts, like tree planting and seeding have
shown mixed success, though the causes of the variation in restoration outcomes remain unclear.
Abiotic factors such as elevation and fire severity, as well as biotic factors, such as residual
canopy cover and abundance of competitive understory grasses, can vary across a burned area
and all influence the success of restoration efforts to re-establish trees. We examined the effect of
these factors on early seedling establishment of a tree species (mamane [Sophora chrysophylla
(Salisb.) Seem.]) in a subtropical montane woodland in Hawai‘i. Following a human-caused
wildfire, land managers sowed seeds of mamane as part of a restoration effort. We examined
mamane seedling establishment and found that elevation was of overriding importance,
structuring total levels of plant establishment, with fewer seedlings found at higher elevations.
Cover by exotic, competitive understory grasses very weakly positively correlated with increased
seedling establishment, and while residual canopy cover was positively correlated with seedling
establishment. Our results point to specific factors structuring plant establishment following a
large fire and suggest additional targeted restoration actions within this subtropical system, such

as more targeted seed placement and grass removal.
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Introduction

Large-scale changes in land use and ecosystem disturbance regimes are happening
worldwide (Steffen et al., 2011; Lewis and Maslin, 2015). These changes lead to loss of
biodiversity with the associated consequences that that entails (Pereira et al., 2010; Haddad et al.,
2015). A tool that is used to address the concerns of biodiversity decline is that of ecological
restoration (Gann et al., 2019; United Nations, 2020). However, the outcomes of ecological
restoration are notoriously unpredictable (Brudvig et al., 2017; Barnard et al., 2019).
Understanding the reasons behind the variability of restoration outcomes is critical for moving
the field of ecological restoration forward and enabling higher success of restoration actions
(Brudvig, 2017).

Variability in outcomes is prevalent in restoration efforts, such as revegetation efforts,
following wildfire (Engel and Abella, 2011; Bates et al., 2014; Brudvig et al., 2017). Wildfire,
both natural and anthropogenic, is increasing in frequency and scale and is expected to continue
increasing worldwide, due partially to the changing climate (Flannigan et al., 2000; Moritz et al.,
2012). Fire, especially in ecosystems where it may have historically been infrequent, can change
ecosystem composition and function (D’ Antonio and Vitousek, 1992). Species diversity is often
lost following large fires which can change community functioning and ecosystem services for
humans (such as changes to water quality) (D’ Antonio and Vitousek, 1992; Smith et al., 2011).
As a result of these effects on the ecological community and human wellbeing, land managers
often take large and often costly actions to try to mitigate disturbance by fire, often involving
revegetation of the burned area via planting of native species, and, in forested systems, of trees
(McDaniel et al., 2008; Peppin et al., 2010; Vallejo and Alloza, 2015; Copeland et al., 2018).

However, these efforts have varied success in terms of reestablishment of desired vegetation
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(Bates et al., 2014; Munson et al., 2020). Better understanding of the context dependency of what
is driving success or failure of revegetation action could allow land managers, who often have
limited funds, personpower, and time, to direct their efforts to focus on areas that are more likely
to have successful restoration outcomes as well as what additional techniques may be needed to
enhance success across contexts (Brudvig and Catano in press, Gann et al. 2019).

One factor that leads to more frequent fire in systems where fire was infrequent
historically is that of non-native grasses (D’ Antonio and Vitousek, 1992; D’ Antonio et al.,
2011). These grasses may form self-reinforcing positive feedback loops with fire, in which fire
size increases and return interval decreases as a result of increased fuel (provided by the grasses),
which then benefits grasses relative to native plant species that may not be as well adapted to fire
(Smith and Tunison, 1992; Ellsworth et al., 2014; Mahood and Balch, 2019). This feedback loop
may result in species-poor alternative stable states where one of the major components is the
cover of nonnative grasses (Smith and Tunison, 1992; D’ Antonio et al., 2011; Yelenik and
D’ Antonio, 2013). In addition to their effects on fire regimes with their associated impacts on
biodiversity, nonnative grasses are a major competitor with native plants. Grasses are often
strong competitors for resources and in systems like ours, in the upland forests of Hawai‘i, where
monoculture-forming grasses were historically absent, introduced grasses can consistently
suppress natural regeneration of the native flora, even in the absence of the relationship of
grasses with fire (Smith and Tunison, 1992; Yelenik and D’ Antonio, 2013). Indeed, past work
has shown that exotic pasture grasses in the understory of forests can create priority effects that
stall succession to a more diverse forest system (Yelenik, 2017; Rehm et al., 2019). In sites
where fire has occurred, these forests tend to reestablish as similar, species-depauperate systems

with a native monotypic canopy and exotic grass understory (Hughes and Vitousek, 1993;
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Yelenik, 2017). A tool that may work to increase native diversity, lower grass dominance, and
break grass-fire cycles is seed-based restoration, where diverse seeds of native species are sown
immediately after the fire event has occurred (McDaniel et al., 2008; Copeland et al., 2018).
Work, both in systems similar to our own, as well as more broadly, has shown that this approach,
while it may help with maintenance of biodiversity, does not always break this cycle (McDaniel
et al., 2008; Yelenik, 2017; Munson et al., 2020).

There are myriad factors that may affect success of restoration via revegetation following
a fire. Factors like patterns of residual canopy cover, fire severity, abiotic aspects of the soil,
invasive plant species responses, and more have all been shown to change plant-based restoration
outcomes (Diaz-Delgado et al., 2003; Bowles et al., 2011; Kulpa et al., 2012). Abiotic factors
such as landscape position and fire severity can impact how restoration and revegetation
proceeds, post-fire (Diaz-Delgado et al., 2003; Kulpa et al., 2012). Elevation, especially in
topographically-diverse systems, can change local habitat characteristics in profound ways, and
is known to affect restoration success and revegetation patterns (D’ Antonio et al., 2000;
Ainsworth and Kauffman, 2010; Bowles et al., 2011; Davies et al., 2011). Additionally, fire
severity may affect the outcome of restoration actions that are undertaken post-fire through
changes to soil aggregate properties, organic matter and nutrients, the microbial community, and
many other factors (Dooley and Treseder, 2012; Vallejo and Alloza, 2015). Biotic factors, such
as competition with invasive species and residual canopy cover following fire, which are often
heterogeneous across burned landscapes, are likely to change patterns of revegetation in
restoration settings (D’ Antonio et al., 2000; Davies et al., 2011). Canopy cover may have
positive or negative effects, depending on the system in question, and may positively correlate

with success of forest interior species but negatively correlate with success of open-habitat
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species. Invasive species, such as nonnative grasses, may compete with desired native species in
ways that reduce the germination, survival, and growth of those native plants and thus negatively
impact the resulting restoration outcome (D’ Antonio and Vitousek, 1992; Smith and Tunison,
1992; Davies et al., 2011).

To better understand the factors that lead to differences in revegetation following
wildfire, we used a replicated system of 45 seed addition plots in a recently burned area on the
Island of Hawai‘i. In this system, fire has been historically rare, but has increased due to the
presence of a suite of nonnative pasture grasses and increased anthropogenic ignition events. In
the upland forests of Hawai‘i, restoration action seeks to maintain and reestablish native
vegetation post-fire, while creating resistance to exotic species and resilience to fire (McDaniel
et al., 2008). However, restorations in these systems are not always successful. We investigated a
suite of factors that are known to affect restoration success in an effort to determine which were
the most important in structuring the early plant establishment in field conditions. One common
measure of success and one we are using here is that of seedling establishment. Our question
was: How do biotic factors (e.g., canopy cover, grass abundance) and abiotic factors (e.g.,
elevation, fire severity) affect seedling establishment across the landscape?

Methods
Study Site

We conducted this study within Hawai‘i Volcanoes National Park on Hawai‘i Island,
Hawai‘i. A fire that started by human activity took place in August of 2018, burning
approximately 1500 hectares of land, mostly within the national park (in the area known as the
Mauna Loa Strip) (Theune, 2018; West Hawaii Today Staff, 2018). This area contains mostly

native upland forest and is dominated at lower elevations by koa (Acacia koa A. Gray), while at
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higher elevations mamane (Sophora chrysophylla (Salisb.) Seem.) and ‘a‘ali‘i (Dodonaea
viscosa (L.) Jacg.) are canopy dominant and koa, though still present, is less abundant. Within
the area burned by this fire, there was mortality of trees and understory plants on a large scale, as
is typical in fires in this system (Ainsworth and Kauffman, 2010). The large-scale mortality of
native species, in conjunction with the abundance of nonnative grasses led the National Park
Service to engage in a restoration effort to attempt to reestablish the native plant community and
to attempt to reduce the ability of the nonnative grasses to form a monoculture in the understory
(McDaniel et al., 2008).
Seed Sowing

Between November of 2018 and March of 2019, within the burned area, members of the
Hawai‘i Volcanoes National Park Natural Resources Management team seeded ~700 plots (of a
planned 1180 plots) with seeds of native species, including mamane, to promote forest regrowth
(Figure 3.1). Mamane and other seeded species were chosen as they are native, are competitively
disadvantaged by weedy species, and have some resilience to fire (Loh et al., 2009). We worked
with mamane because it was sown in all plots across all elevations and had relatively high
germination, allowing for more statistically rigorous comparisons than if we were to use any
other species. Circular (5m radius) plots were located 50m apart along transects, with transects
being 200m apart, from 1340-1710 m asl. Plots with >50% cover of nonnative grasses were not
selected for restoration, nor for our work here, as high grass covers are expected to decrease
native species establishment (i.e., they would require additional forms of management before
sowing could take place, and resources did not allow for that). In preparation for seeding, plots

were raked to disturb the soil surface. Seeds were sown along raking lines within the plot and
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loosely covered with soil. Mamane was seeded at a rate of 49.2 g/plot, which is approximately

730 seeds/plot or roughly 9.3 seeds/m? (see “Calculating Mamane Seeding Rate,” below).

1.6 Miles
'
i

Figure 3.1. Plot and quadrat diagram. The black point in the circular plot represents the plot
center, with the quadrats arrayed from there. Quadrats are 1m? and are to scale, within the

circular plot.

Seed predation on seeds of mamane is exceedingly unlikely once seeds have been sown.
Mamane seeds contain quinolizidine alkaloids that are toxic to vertebrates and may deter insects
that lack adaptations to these compounds (Banko et al., 2002). At least one introduced potential
seed predator insect was unable to complete its lifecycle on mamane seed (Medeiros et al.,
2008). Additionally, the native seed predators of the Palila (Loxioides bailleui Oustalet, 1877; an

endemic bird species) and several Hawaiian endemic moths in the genus Cydia Hubner, 1825, all
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predate seeds pre-dispersal, and do not consume seeds after dispersal has occurred (Brenner et
al., 2002; Hess et al., 2014). Also, Palila do not presently occur in our study area (Hess et al.,
2014).

Depending on elevation, a subset of the mamane seeds were scarified prior to seeding, to
increase the rate and evenness of germination. In plots below 1500 m asl, where fast-growing
exotic grasses are more prevalent, all mamane seeds were scarified to facilitate mamane
germination in the short, post-fire, grass-free window. In plots of higher elevations, where exotic
grasses are less abundant, half of the mamane seeds were scarified and the other half were not to
increase the length of time over which mamane might germinate, a practice similar to that seen
in other systems that allows for bet hedging of germination and establishment success by
spreading germination over multiple years (Madsen et al., 2016). For our analyses, we corrected
for these differences in the amount of scarified seeds, as described in the Analysis section, below.
For the seeds of mamane that were scarified prior to seeding, this was done in a solution of 100%
sulfuric acid for 1 hour, and then rinsed to remove the acid solution (Sierra McDaniel & Makani
Gregg, personal communication).

Calculating Mamane Seeding Rate

The mamane seeds that were used in this restoration effort and this research were
collected in the field, within Hawai‘i Volcanoes National Park on Hawai‘i Island, Hawai‘i. Each
collection was given a unique collection ID. There were two collection areas: Hilina Pali and the
Mauna Loa strip, both within the boundaries of the park. The Hilina Pali collection area runs
from 960-1040 m asl in elevation, while the Mauna Loa strip collection area runs from 1200
1900 m asl in elevation. In the past, mamane plants from a variety of locations were planted at

Hilina Pali, and this may have included sources from outside the park. To use local seed of
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known provenance, the Natural Resources Management team only used seed that was collected
on the Mauna Loa strip for the restoration effort of this study (Sierra McDaniel, personal
communication).

Some seeds were acid washed as a scarification treatment. The acid wash consisted of
100% sulfuric acid for 1 hour, after which time they were rinsed to remove any acid residue.

To obtain average seed weight, seeds from each collection were weighed in 5 batches.
Each batch contained one US tablespoon of seeds, which was weighed. Following weighing, the
number of seeds were counted, and from that, an average mass was calculated (Table 3.1). To
then convert the weight of seeds used by the Natural Resources Management team into a number
of seeds, we used the average weight of the Mauna Loa collections, and did not include data
from the Hilina Pali collections, as no seeds from Hilina Pali were used in this restoration effort.
The Hilina Pali data are presented here simply to show the variation in seed weight that exists
within mamane.

Table 3.1. Seed weight table

Acid L ocation Collection Collection ngple N Avg.
Wash Date ID Weight (g)* | Seeds? | Weight (g)®
No Hilina Pali July 2014 0714-17 10.62 186 0.05710
No Hilina Pali July 2014 0714-17 10.59 207 0.05116
No Hilina Pali July 2014 0714-17 10.71 193 0.05549
No Hilina Pali July 2014 0714-17 11.18 223 0.05013
No Hilina Pali July 2014 0714-17 11.55 213 0.05423
No Hilina Pali April 2019 0419-74 11.17 190 0.05879
No Hilina Pali April 2019 0419-74 11.62 189 0.06148
No Hilina Pali April 2019 0419-74 11.42 197 0.05797
No Hilina Pali April 2019 0419-74 11.15 181 0.06160
No Hilina Pali April 2019 0419-74 11.09 192 0.05776
No Hilina Pali August 2019 | 0819-146 11.3 224 0.05045
No Hilina Pali August 2019 | 0819-146 10.57 203 0.05207
No Hilina Pali August 2019 | 0819-146 1151 226 0.05093
No Hilina Pali August 2019 | 0819-146 11.39 224 0.05085
No Hilina Pali August 2019 | 0819-146 11.36 232 0.04897
No Hilina Pali August 2019 | 0819-147 11.44 226 0.05062

61



Table 3.1 (cont’d)

No Hilina Pali August 2019 | 0819-147 10.46 214 0.04888
No Hilina Pali August 2019 | 0819-147 10.11 202 0.05005
No Hilina Pali August 2019 | 0819-147 10.76 209 0.05148
No Hilina Pali August 2019 | 0819-147 11.08 223 0.04969
No Mauna Loa August 2019 | 0819-140 10.2 158 0.06456
No Mauna Loa August 2019 | 0819-140 10.01 143 0.07000
No Mauna Loa August 2019 | 0819-140 10.05 150 0.06700
No Mauna Loa August 2019 | 0819-140 8.56 117 0.07316
No Mauna Loa August 2019 | 0819-140 105 167 0.06287
Yes Mauna Loa June 2011 0611-03B 11.69 181 0.06459
Yes Mauna Loa June 2011 0611-03B 10.13 153 0.06621
Yes Mauna Loa June 2011 0611-03B 10.8 155 0.06968
Yes Mauna Loa June 2011 0611-03B 9.23 137 0.06737
Yes Mauna Loa June 2011 0611-03B 10.78 168 0.06417
Yes Mauna Loa June 2011 0611-296 10.2 138 0.07391
Yes Mauna Loa June 2011 0611-296 10.55 154 0.06851
Yes Mauna Loa June 2011 0611-296 10.57 149 0.07094
Yes Mauna Loa June 2011 0611-296 10.97 154 0.07123
Yes Mauna Loa June 2011 0611-296 11.2 151 0.07417
Yes Mauna Loa August 2019 | 0819-151 10.58 164 0.06451
Yes Mauna Loa August 2019 | 0819-151 10.87 176 0.06176
Yes Mauna Loa August 2019 | 0819-151 11.25 174 0.06466
Yes Mauna Loa August 2019 | 0819-151 10.66 154 0.06922
Yes Mauna Loa August 2019 | 0819-151 10.72 160 0.06700
Yes Mauna Loa August 2019 | 0819-152 10 156 0.06410
Yes Mauna Loa August 2019 | 0819-152 11.05 154 0.07175
Yes Mauna Loa August 2019 | 0819-152 9.55 147 0.06497
Yes Mauna Loa August 2019 | 0819-152 10.09 154 0.06552
Yes Mauna Loa August 2019 | 0819-152 10.26 157 0.06535
Yes Mauna Loa August 2019 | 0819-154 10.93 170 0.06429
Yes Mauna Loa August 2019 | 0819-154 10.84 163 0.06650
Yes Mauna Loa August 2019 | 0819-154 10.55 160 0.06594
Yes Mauna Loa August 2019 | 0819-154 10.39 154 0.06747
Yes Mauna Loa August 2019 | 0819-154 10.49 156 0.06724

1Sample Weight refers to the weight of a US tablespoon of seeds
2N Seeds refers to the number of seeds present in that US tablespoon of seeds

3Avg. Weight refers to the average weight of a seed, using the previous two columns
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Data Collection

In late October to early November 2019, we randomly selected a subset of 15 of the plots,
within each of the three elevational bands (n=45 total plots). The fire burned land across a range
of elevations from 1170-1710 m asl. The three elevational bands were low elevation (1338-1400
m asl), middle elevation (1427-1487 m asl) and upper elevation (1578-1652 m asl). For the
coordinates and elevations of each plot, please see Table 3.2. The elevation for each plot was
determined using the Bulk Point Query tool at the United States Geological Survey’s The
National Map project (USGS, 2019). The elevational bands were chosen both to capture the
breadth of elevational change that is present in the burned area and based on where the 700 sown
plots were, across the burned area.

Table 3.2. Coordinates and elevation for our 45 study plots.

Plot Longitude | Latitude | Elevation (m asl) | Elevational Band
V3 -155.331 | 19.4519 1403.46 | low
V4 -155.331 | 19.4516 1402.83 | low
V10 -155.333 | 19.4494 1402.38 | low
V12 -155.333 | 19.4486 1400.6 | low
W6 -155.33 | 19.4498 1391 | low
W11 -155.331 | 19.4479 1388.01 | low
W32 -155.337 | 19.4403 1363.5 | low
X6 -155.33 | 19.4472 1379.6 | low
X7 -155.33 | 19.4469 1376.85 | low
X22 -155.334 | 19.4414 1356.17 | low
X28 -155.336 | 19.4392 1353.18 | low
Y11 -155.33 | 19.4436 1354.63 | low
Y14 -155.331 | 19.4425 1349.91 | low
Z13 -155.329 | 19.4418 1338.06 | low
AAB -155.326 | 19.4426 1338.26 | low
018 -155.345 | 19.4554 1471.47 | mid
P4 -155.339 | 19.4594 1486.64 | mid
P7 -155.34 | 19.4583 1479.48 | mid
P13 -155.342 | 19.4562 1472.98 | mid
Q5 -155.338 | 19.4576 1469.04 | mid
Q8 -155.339 | 19.4565 1464.08 | mid
Q11 -155.34 | 19.4555 1463.93 | mid
Q15 -155.341 | 19.454 1457.43 | mid
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Table 3.2 (cont’d)

Q16 -155.341 | 19.4536 1454.58 | mid
R2 -155.336 | 19.4577 1461.19 | mid
R5 -155.337 | 19.4566 1459.48 | mid
R6 -155.337 | 19.4562 1458.52 | mid
S9 -155.336 | 19.4537 1443.47 | mid
S20 -155.34 | 19.4497 1427.41 | mid
S21 -155.34 | 19.4493 1426.93 | mid
D4 -155.356 | 19.4741 1649.22 | upper
D8 -155.357 | 19.4726 1651.4 | upper
D9 -155.357 | 19.4723 1647.25 | upper
D11 -155.358 | 19.4715 1649.4 | upper
D12 -155.358 | 19.4712 1652.23 | upper
D14 -155.359 | 19.4705 1645.55 | upper
E4 -155.355 | 19.4727 1636.23 | upper
E7 -155.356 | 19.4716 1634.86 | upper
E8 -155.356 | 19.4712 1633.23 | upper
F9 -155.355 | 19.4698 1620.12 | upper
G17 -155.355 | 19.4658 1599.2 | upper
G19 -155.356 | 19.4651 1594.49 | upper
H16 -155.354 | 19.4647 1582.02 | upper
H17 -155.354 | 19.4644 1581.96 | upper
H19 -155.355 | 19.4636 1577.61 | upper

quadrats (Figure 3.1). Within each quadrat, we recorded the number of mamane seedlings, grass
abundance (as a percent cover), and the percent cover of bare soil (a proxy for microsite
availability). The cover of grass and of bare soil was recorded to the nearest whole percent for

values greater than one, to the nearest 0.1% for values between 0.1-1% and to the nearest 0.01

for values between 0-0.1%.

2019) and fire severity. We measured canopy cover using densiometers (Robert E. Lemmon
Forest Densiometers, Rapid City, South Dakota). For each plot, we took four readings (one for

each of the cardinal directions) and summed them to obtain a reading for the plot. Each reading

64

Within each plot, we collected several types of data, using a subsample of nine 1m x 1m

Additionally, at the level of each plot, we took data on canopy cover (taken in June/July




consisted of a count of the number of vertices of the densiometer that were covered by the
canopy, and followed the subsetting methods of Strickler (1959). We measured fire severity
using char height, which is the estimated average height, in meters, that char is left on the trees in
or immediately adjacent to the plot. We realize that fire severity is a complex variable to measure
and that other and better proxies for this measure exist (Keeley, 2009); however, due to logistical
constraints, char height was the proxy we had the ability to collect at the time.

Analysis

In early model selection, we had run all the pairwise interactions with elevation, but when
these interactions are included, only elevation was significant. We therefore decided to remove
the nonsignificant interaction terms, focusing only on main effects.

We ran our analyses in two ways. We ran two generalized linear mixed effects models; in
both of these, the response was the number of seedlings, and the fixed effects were canopy cover,
grass cover, bare ground, fire severity, and elevation, and the random effect was plot. These
models had the response following a negative binomial distribution, as is typical for
overdispersed count data and were run through the Ime4 package, version 1.1-23 (Bates et al.,
2015). Because only half of mamane seeds that were sown in the upper elevation band were
scarified and it is unlikely that any non-scarified seeds germinated on the timescale of this
project (Scowcroft, 1981), we halved the number of seedlings in the lower and middle elevation
bands, to enable comparability between the elevational bands. The difference between the two
models was that in one, elevation was categorical (as originally collected) and in the other,
elevation was continuous. The overall results were qualitatively the same between the models, in
terms of which variables were significant and the direction of the effect, and so we present the

results of the model using continuous elevation, below. We checked all models for collinearity
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using the function check_collinearity within the performance package, version 0.4.5 (Ludecke et
al., 2020). Collinearity was not a problem in our models (all variance inflation factors < 2.6).

To see how our several of our predictor variables vary across elevation, we also ran
statistics on the pairwise relationships between elevation (continuous, in m asl) and each of
canopy cover, bare ground, grass cover, and fire severity. These generalized linear models
consisted of the factor of interest as the response variable, elevation as the predictor variable, and
each was run at the level of the plot (n=45). We ran all four of these models following a gamma
distribution, with a negligible offset of 1 x 1014, so that there were not zeros in the data. These
models did not have a random effect, as they were run at the level of the plot. Additionally, we
calculated Pearson’s r for each of these four relationships, using the data at the plot level for
canopy cover and fire severity (which were measured at the plot level) and the data at the quadrat
level for grass cover and bare ground (which were measured at the quadrat level).

All analyses were performed in R, version 3.6.3 (R Core Team, 2020) through the
interface of RStudio version 1.2.5033 (RStudio, 2019).

Results

Elevation structured recruitment (p=0.0035), with a Pearson’s r of -0.217, indicating
fewer seedlings at higher elevations. (Figure 3.2). Recruitment was also structured by canopy
cover, which positively correlated with the number of seedlings (p=0.0062; Pearson’s r = 0.214;
Figure 3.3) and grass cover, which counterintuitively trended towards a positive correlation
between grass cover and the number of seedlings (p=0.038; Pearson’s r = 0.005; Figure 3.4).

Bare ground did not affect the number of seedlings (p=0.51) nor did fire severity (p=0.31).
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Figure 3.2. The number of seedlings by elevation (with elevation being continuous). The
data shown here are the adjusted number of seedlings, obtained by halving the number of
seedlings at the two lower elevational bands. The data presented here are sums of the number of

seedlings at the plot level (n=45). The trendline is for visual comparison only.
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Figure 3.3. Plot of the number of mamane seedlings by canopy cover (number of covered
vertices). Canopy cover was taken at the plot level, rather than the quadrat level, and is plotted

here accordingly. The trendline is for visual comparisons only.
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Figure 3.4. Plot of the number of mamane seedlings by grass cover. Grass cover was taken at
the level of the quadrat (n=405), as was the number of seedlings, and is presented here

accordingly. The trendline is for visual comparisons only.

The relationships of canopy cover, bare ground, grass cover, and fire severity with

elevation are summarized in Table 3.3 and are shown in Figure 3.5.

Table 3.3. The relationships between different response variables and elevation (m asl).

Response p-value | Pearson'sr

canopy cover | <0.0001 -0.63
bare ground 0.35 0.098
grass cover <0.0001 -0.46
char height <0.0001 0.49
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Figure 3.5. The relationships between elevation and each of canopy cover, bare ground,
grass cover, and fire severity (as measured through char height). Canopy cover is measured

as the number of covered vertices.

Discussion

We found that elevation was a critical factor behind patterns of seedling establishment.
We found that fewer seedlings were at higher elevations. In montane systems, such as ours,
elevation is of overriding importance in structuring plant communities and their dynamics
(Ainsworth and Kauffman, 2010). Elevation additionally influences other biotic and abiotic
factors that affect seedling establishment patterns because it covaries with a host of factors,
including precipitation, temperature, plant competitive interactions, and others (D’ Antonio et al.,

2000; Davies et al., 2011). These relationships between elevation on other factors that influence
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plant recruitment may necessitate different restoration actions at different elevations (Davies et
al., 2011; Yelenik and D’ Antonio, 2013).

Cover by invasive exotic grasses affected plant establishment, where higher grass cover
was weakly, but significantly correlated with number of seedlings (Pearson’s r = 0.005). Grass
cover is known to be a major driver of restoration success in this system (Yelenik, 2017), so the
very weak correlation was unexpected. There are several reasons why we might be seeing this
pattern. One potential reason is that grass cover could be interacting with factors that we did not
measure to influence seedling establishment (D’ Antonio et al., 2000; Ainsworth and Kauffman,
2010). It is possible that, for example, higher moisture availability in lower elevations
(Giambelluca et al., 2013) facilitates establishment of both mamane and of grass, which may
then result in patterns similar to those that we observe. A second reason could be a temporal
delay (Matthews and Spyreas, 2010; Crouzeilles et al., 2016). We collected our data 7-11 months
following seeding and 14-15 months post-fire. It is possible that seedling establishment on this
timescale is less structured by grasses, but that an effect of grass cover may become more clear
over time (Yelenik and D’ Antonio, 2013; Stricker et al., 2015; Grman, Zirbel, et al., 2020).
Given the effects of grasses on seedling establishment in our system, breaking the grass-fire
cycle with seed-based restoration alone is likely to be challenging and may not be possible, under
some circumstances.

Additionally, we found evidence that establishment increased with higher canopy cover.
This may be due to a facilitative relationship, as occurs in moderately to strongly harsh
environments (Callaway et al., 2002; Holmgren and Scheffer, 2010; Yelenik et al., 2015), and
may be achieved here through the canopy species in fostering seedling survival, by shading

seedlings from harsh sun, lowering soil evaporation, and/or through the addition of soil organic
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matter and nutrients. These potential facilitative interactions may be more consequential than
grasses, within these abiotically harsher areas (Badano et al., 2015). Using effective proxies for
plant establishment success may help managers make resource-saving decisions by focusing
effort in locations where success may be higher. In abiotically harsher systems, such as our upper
elevation plots, using other plants as a guide may be helpful (Gémez-Aparicio et al., 2004).
Determining these, and similar, factors will require knowledge of the system and is an argument
for an adaptive management approach, where further management actions are determined based
on results of earlier actions.

The seed-sowing strategies employed in the setup of our study plots likely influenced our
findings in some ways. The scarification of only half of the mamane seeds in the upper elevation
band resulted in our need to recalibrate our data in order to effectively compare the elevations.
However, after recalibrating the data, we found the same results, which is to say that elevation
was still a significant factor in structuring seedling establishment patterns. This shows that, even
after adjusting for number of seeds sown, fewer mamane germinate at higher elevations, relative
to lower elevations. This difference may be indicative of the local environment being harsher at
upper elevations, indicating that the choice to scarify only half of the seeds as a bet-hedging
technique for the harsh environment is likely an effective method for ensuring restoration
success in these areas (Madsen et al., 2016). Additionally, the sowing of seeds in clusters, rather
than uniformly, which was done to expedite plot preparation and allow more plots to be seeded
in less time, resulted in a clustered pattern of seedlings. This clumped pattern of the seedlings
may have made our results more variable and thus our ability to determine the driving factors of

plant establishment more challenging. Such clustering may also have long-term effects on
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seedlings survival, due to potentially increased microscale infraspecific competition within
clusters (Murrell, 2009).

Altogether, our results offer several potential recommendations for restoration practice.
Due to the positive relationship with canopy cover that we observe, it may be beneficial to plant
under canopy cover when possible, in this system. Additionally, seeding more seeds at higher
elevations may help to increase the number of surviving seedlings at those elevations, given the
generally lower seedling success at higher elevations. Furthermore, despite the weak correlation
that we observed between grass cover and the number of seedlings in this study, due to the
known dynamics of grass cover on long-term restoration success in this system (Yelenik, 2017),
removing grass when feasible and seeding into areas with lower grass cover is likely to increase
the number of established seedlings over time.

Our results illustrate factors leading patterns of plant reestablishment during post-fire
restoration. Both biotic and abiotic pressures are known to be important drivers of restoration
outcomes, but the relative importance of these, as well as other factors, is dependent on context
(Ainsworth and Kauffman, 2010; Davies et al., 2011; Munson et al., 2011). Elevation clearly
played a role in our system, as did grass cover and canopy cover. The diversity of factors that
influence restoration outcomes continues to be a challenge for the field of restoration ecology
and is a major barrier in helping ecological restoration to fulfill its aims in service to humanity
and the world. Our results here help address this challenge by clarifying the nuanced
relationships between the drivers of early seedling establishment success in a post-fire restoration

setting.
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CHAPTER FOUR

HABITAT FRAGMENTATION ALTERS THE DISTANCE OF ABIOTIC SEED DISPERSAL
THROUGH EDGE EFFECTS AND DIRECTION OF DISPERSAL

Abstract
Habitat loss and fragmentation are leading causes of species declines, driven in part by reduced
dispersal. Isolating the effects of fragmentation on dispersal, however, is daunting because the
consequences of fragmentation are typically intertwined, such as reduced connectivity and
increased prevalence of edge effects. We used a large-scale landscape experiment to separate
consequences of fragmentation on seed dispersal, considering both distance and direction of
local dispersal. We evaluated seed dispersal for five wind- or gravity-dispersed, herbaceous plant
species that were planted at different distances from habitat edges, within fragments that varied
in their connectivity and shape (edge-to-area ratio). Dispersal distance was affected by proximity
and direction relative to the nearest edge. For 4 of 5 species, dispersal distances were greater
further from habitat edges and when seeds dispersed in the direction of the nearest edge.
Connectivity and patch edge-to-area ratio had minimal effects on local dispersal. Our findings
illustrate how some, but not all, landscape changes associated with fragmentation can affect the
key population process of seed dispersal.
Introduction

Habitat loss and fragmentation are leading causes of biodiversity decline (Haddad et al.,
2015; Newbold et al., 2015), yet the mechanisms linking such landscape changes to biodiversity
loss remain unresolved. This uncertainty results from the highly interrelated patterns and
processes that accompany habitat loss and fragmentation (Didham et al., 2012). For example,
dispersal is a key process impacted by fragmentation, mediating immigration and emigration

rates and affecting population persistence in fragmented landscapes (Templeton et al., 2001,
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Soons et al., 2005). However, fragmentation may influence dispersal through a variety of
intertwined landscape changes, such as reductions to patch connectivity and alterations to patch
edge-to-area ratios (Levey et al., 2005; Damschen et al., 2014), making it difficult to know how
dispersal is affected by fragmentation.

Understanding fragmentation effects on seed dispersal requires consideration of how the
processes that mediate seed dispersal are themselves modified by fragmentation (Nathan, Getz,
et al., 2008). For example, in wind-dispersed plants of open habitats, the focus of this study,
changes to wind patterns as a result of habitat fragmentation have consequences for seed
dispersal (Soons et al., 2005; Damschen et al., 2014; Herrmann et al., 2016). Broadly,
modifications to wind patterns by habitat fragmentation can affect seed dispersal distance
(Nathan and Katul, 2005; Bohrer et al., 2008; Damschen et al., 2014). For example, seeds
disperse further when open habitat fragments surrounded by forest have greater edge-to-area
ratio or when they are connected by corridors, due to greater wind speeds in these situations
(Damschen et al., 2014).

Because the distance of dispersal is often assumed to be the most important aspect of
dispersal, the direction of dispersal is rarely considered, especially in the context of
fragmentation (van Putten et al., 2012; Rogers et al., 2019). However, fragmentation might
influence dispersal directionality through similar mechanisms to effects on dispersal distance.
For example, in open habitats surrounded by forest, wind-dispersed seeds may disperse
directionally and to greater distances along the long axis of a fragment or towards the edges, due
to fragmentation and edges redirecting and accelerating wind in these directions (Detto et al.,
2008; Damschen et al., 2014). The direction in which a seed disperses can influence both how far

it travels (Nathan and Muller-Landau, 2000) and its probability of finding a suitable site to
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establish and grow (Greene et al., 2008; Horvitz et al., 2014). Directional dispersal is likely to
influence where plants occur in fragmented landscapes (Nathan and Muller-Landau, 2000;
Levine, 2003) because seeds that disperse into unsuitable habitat, such as into an inhospitable
matrix, result in lower population persistence (Rand, 2000; Levine and Murrell, 2003).

Virtually all fragmentation research has focused on long-distance dispersal (e.g.,
Rodriguez-Cabala et al. 2007, Uriarte et al. 2011), yet, it remains unclear if or how habitat
fragmentation alters dispersal patterns at a local scale (i.e., short-distance dispersal). Resolving
these effects is important because the vast majority of seeds disperse short distances with
consequences for population and community dynamics; for example, by altering neighborhood
densities and the arrival to suitable microsites in heterogeneous environments (Nathan and
Muller-Landau, 2000; Law et al., 2003; Caughlin et al., 2014).

To understand how fragmentation affects local seed dispersal, we studied dispersal
distances of five wind and gravity-dispersed herbaceous species. We did so within a replicated,
large-scale fragmentation experiment that overcomes the confounding effects of observational
fragmentation studies by experimentally disentangling patch connectivity, patch edge-to-area
ratio (patch shape), and edge proximity, while controlling for habitat amount, matrix type, and
patch area (Tewksbury et al., 2002). Our study system is comprised of open savanna fragments,
surrounded by a matrix of pine plantation. We frame hypotheses based on how wind is affected
by the landscape structure of our experiment (Damschen et al., 2014). We studied local-scale
seed dispersal (to 5m; hereafter “seed dispersal”) and asked five questions:

(1) How does patch connectivity affect seed dispersal distance? We hypothesized that patch
connectivity would increase dispersal distances, due to higher wind speeds in connected patches.

(2) How does patch edge-to-area ratio affect seed dispersal distance? We hypothesized that
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patches with higher edge-to-area ratios would have greater dispersal distances, due to relatively
higher windspeeds in those patches.
(3) How does distance to a habitat edge influence seed dispersal distance? We hypothesized that
individuals farther from an edge would have greater dispersal distances, due to higher wind
speeds at the center of habitat patches.
(4) How does the direction of dispersal influence dispersal distance? We hypothesized that seeds
would disperse further along the long axis of patches, due to higher wind speeds in that direction.
(5) How are relationships between seed dispersal direction and distance affected by proximity to
edge? We had two non-mutually exclusive hypotheses. First, the effect of dispersal direction
may be stronger near open patch centers, because both wind speed and direction are higher and
more directional away from forested edges (Damschen et al. 2014). Alternately, the effect of
dispersal direction may be stronger near edges, due to winds eddying back toward the edge after
entering a patch from above the adjacent tree canopy (Detto et al., 2008).
Methods
Site and Species

We conducted this experiment within eight experimentally-fragmented landscapes,
designed to test effects of patch connectivity and differences in edge-to-area ratio. These
experimental landscapes (hereafter “blocks”) are located at the Savannah River Site (SRS), a
National Environmental Research Park in Aiken and Barnwell Counties, South Carolina, USA.
SRS is US Department of Energy land that is managed under agreement by the US Forest
Service. Each block contains five open-habitat patches, created by clearing mature pine
plantation, that differ in their edge-to-area ratio and connectivity (Figure 4.1). All blocks have a

100m x 100m center patch and a connected patch, which is 100m x 100m and connected to the
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center patch via a 150m x 25m corridor. Additionally, all blocks have two types of isolated
patches, rectangular and winged, which are not connected to the center patch, but are of
equivalent area to the connected patch plus the corridor. The rectangular patch is 100m x 137.5m
and the winged patch is 100m x 100m plus two 75m x 25m "wings", which extend from opposite
sides of the patch. Winged patches have similar edge-to-area ratio as the connected patch plus
the corridor and have a higher edge-to-area ratio than the rectangular patch. Four blocks have
two rectangular patches and four have two winged patches. All patch types were randomly
assigned. Following initial clearing in the winter of 1999-2000, each patch is being restored to
longleaf pine savanna, the historically dominant ecosystem of our study area (Jose et al., 2006).
Surrounding and between each patch of open habitat is a matrix of mature pine plantation.

We planted populations of five herbaceous plant species into each patch, at four distances
from edge (Figure 4.1). These wind and gravity-dispersed perennial species did not previously
occur within our experimental landscapes, but are native components of longleaf pine savannas.
Two were forbs in the Asteraceae: Carphephorus bellidifolius (Michx.) Torr. & A. Gray and
Liatris squarrulosa Michx. Three were grasses in the Poaceae: Aristida beyrichiana Trin. &
Rupr., Sorghastrum secundum (Elliott) Nash, and Anthenantia villosa (Michx.) P. Beauv. We
hereafter refer to all species by their genus name. Mean seed masses based on 5-15
individuals/species were: Anthenantia (22 mg), Aristida (7 mg), Carphephorus (21 mg), Liatris
(20 mg), and Sorghastrum (28 mg) (Damschen, unpublished data). All five of these species
flower and fruit in the fall, from October-December. We started founder populations from seed
gathered from SRS, with the exception of Aristida, which we sourced as plugs from north
Florida. Within the seed collections for each species, we mixed all seeds together, to randomize

any maternal effects and minimize their potential effects on the later results of the experiment.
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These seeds were then propagated into seedlings in greenhouses.

Long Axis of Patches

10m |

Patch Short Axis

Edge

Edge

Figure 4.1. Experimental design, showing the location of the eight experimental landscape
blocks. Each block has five open habitat patches within a forested matrix: a central patch, a
connected patch that is connected to the center patch by a 150m corridor (C, above), and two
types of isolated patches, a winged patch (high edge:area ratio; W, above) and a rectangle patch
(low edge:area ratio; R, above). Each patch has 16 plots, arranged from edge to center along each
of four transects. Each plot contained a single individual of each of our five study species, with
an example individual shown here. The long and short axes noted on the search area are in

reference to the overall habitat patch.

We planted one individual seedling of each species into each of 16 plots/patch in spring
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2007 (N=3200 plants). In fall 2007/spring 2008, we replaced individuals that had died following
initial planting. Prior to transplanting, we prepared plots by removing all vegetation and,
afterwards, we weeded plots through the duration of this study. We arranged these plots along
transects (Figure 4.1), with plots at four distances from each corner of each patch (1, 10.5, 20,
37m from the nearest edge). In each plot, we planted one seedling of each species at least 0.5 m
from any other transplant (Figure 4.1). For more details on plot setup, see Levey et al. (2016).
Seed Dispersal

In fall 2009, we visited each reproductive plant (796 individuals across the five species;
Table 4.1). On each individual we airbrushed fluorescent paint onto the seeds while the seeds
were on the plant. This procedure minimally affects seed dispersal (Lemke et al., 2009).
Following seed dispersal, we visited each parent plant a single time (after most or all seeds had
dispersed), relocated the marked seeds within 5m of each parent plant with a blacklight at night,
and flagged all marked seeds (see Table 4.1 for the number of seeds). We then determined the
distance that each seed dispersed from its parent (in cm), as well as the direction in which the
seed dispersed within four 90° directional bins, with the bins representing each of the four
factorial combinations of being in-line/out-of-line with the long axis of the patch and
towards/away from the edge (see Figure 4.1). We measured seeds within 5m of the parent plant
because 7.5m is the halfway point between plots and we wanted to minimize ambiguity as to the
parentage of a given seed. Across species, 94-98% of recovered seeds were within 2m of a
conspecific adult, which we assumed to be the parent plant. We also measured the height of all
seed dispersal structures and averaged for each individual, as height is known to be important in

seed dispersal patterns (Thomson et al., 2011).
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Table 4.1. The number of individuals and the total number of seeds across all individuals.

Species Number of Individuals | Number of Seeds

Aristida 104 2576

Anthenantia 271 10997

Carphephorus 144 4126

Liatris 130 5897

Sorghastrum 147 16831
Analysis

Our analysis had three stages. In step 1, we performed model selection to identify the set
of fixed and random effects and interactions to include in our final models. To facilitate
interspecific comparisons and because our goal was inference rather than prediction, our model
selection objective was to develop a single model for all species, rather than to identify the best-
fit model for each species. We were able to find a common model for all species, with the
exception of a directionality term for one species (see step 2). In step 2, within the random
effects structure identified in step 1, we conducted a second phase of model selection to
determine which set of seed dispersal directions to include in our final models. In step 3, to
conduct statistical inference on the effects of directionality, patch type, and distance from edge
on seed dispersal distances, we compared parameter estimates between our final models for each
species. We conducted all statistical analyses in R, version 3.1.3 (R Core Team, 2020). We did
not use a single model with species identity as a fixed or random effect because our goal was not
to make comparisons between species, but rather to see how the landscape influenced our
different focal species.

Our first step was to determine which fixed and random effects and interactions to
include in our model. Our initial list included the experimental factors of patch type (a three-
level unitless factor, which allows us to test for connectivity and edge-to-area ratio), distance

from the edge (measured in meters), as well as dispersal direction (as a four-directional or as a
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two-directional), and plant height (measured in centimeters). The continuous numeric variables
of distance from the edge and plant height were standardized to allow for comparison of effect
sizes, using the standardization formula where the observed value minus the mean is then
divided by twice the standard deviation. We forced inclusion of patch type (connectivity and
edge-to-area ratio), distance from edge, and one of the dispersal directions factors, since these
were all related to focal research questions. The interactions that were considered were the
pairwise interactions between our fixed effects, if there was a biological rationale that such an
interaction might exist. We retained interactions between these factors if there was a biological
rationale to warrant the interaction and random effects of experimental block and parent plant
identity if they were selected. We performed initial model selection using generalized linear
mixed effects models, in the rstanarm package, version 2.19.3 (Goodrich et al., 2020). We
performed model selection for each species and compared among models within species using
LOOIC, an information criterion similar to AIC, for models that are fit using MCMC and leave-
one-out cross-validation (Magnusson et al., 2020), found within the loo package, version 2.2.0
(Vehtari et al., 2019). Based on these results, we selected a single model that had the best fit for
two species and was a good fit for the remaining three species.

Our final model used the distance to which a seed dispersed as the response variable and
the direction of dispersal, patch type (categorical; testing connectivity [connected vs. winged]
and edge-to-area ratio [winged vs. rectangle]), distance from nearest edge (continuous, in m),
plant height, and the interaction of direction and distance from edge as predictor variables.
During model selection (step 1), we selected the parent plant as a random effect; we dropped
other random effects (e.g., experimental block), as they did not improve predictive fit of models.

We next determined which direction of dispersal to model for each species, maintaining
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the random effects and interactions from our selected model (step 2). We retained one dispersal
direction factor, selecting either the two-directional factor (in which we collapsed the original
four directions to two, which were “away from edge” and “towards edge”) or the original four-
directional factor. The models using the two-directional factor had a better fit than the models
with four-directional factor for all species, except for Anthenantia (for which we used the four-
directional model).

Finally, we ran selected models in a Bayesian framework (step 3), though the rstanarm
package, version 2.19.3 (Goodrich et al., 2020). We checked model convergence through visual
examination of chains, by checking that R-hat values were <1.1, and by ensuring models
provided a reasonable number of effective samples. The Bayesian framework facilitated
propagation of parameter uncertainty, including random effects, to model predictions.

Results

Overall, we found that distance from the edge of the habitat and the direction in which
seeds disperse, as well as their interaction, influence the distance to which seeds disperse. The
larger landscape factors of connectivity and edge-to-area ratio largely did not affect seed
dispersal distance.

Connectivity and Edge-to-Area Ratio

Connectivity had no effect on dispersal distance for any species, although for Liatris
there was a trend of greater dispersal distance in isolated patches, compared to connected patches
(Figure 4.2). Patch edge-to-area ratio affected dispersal distance of Liatris, with greater dispersal
distances in high edge-to-area ratio (winged) patches, compared to low edge-to-area ratio

(rectangle) patches (Figure 4.2).
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Figure 4.2. Standardized model coefficients with 50% credible intervals (the light gray
lines) and 95% credible intervals (the dark black lines) for five herbaceous plant species in
a fragmentation experiment. Values above the 0 line mean greater dispersal than the intercept,
while values below mean less dispersal than the intercept. For instance, an effect of low edge-to-
area ratio below the zero line would indicate that high edge-to-area patches have greater

dispersal distances.
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Distance from Habitat Edge

Distance from edge affected seed dispersal distance in four of five species (Figure 4.3,
Figure 4.4; Table 4.2). For Carphephorus, Anthenantia, and Sorghastrum, seed dispersal
distance was greater away from edge, while for Aristida, seed dispersal distance was greater

when close to edge. For Liatris, there was no effect of distance from edge.
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Figure 4.3. Seed dispersal kernels (probability density functions) for five herbaceous plant
species, located near patch centers (green lines; 37 m from the edge) and near patch edges
(blue lines; 1 m from the edge) in a fragmentation experiment. For an example with a visual

depiction of the uncertainty around the mean, see Figure 4.5.
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Figure 4.4. Model results and interpretation. Left Panels: Standardized model coefficients



with 50% credible intervals (the light gray lines) and 95% credible intervals (the dark black
lines) for five herbaceous plant species in a fragmentation experiment. Values above the 0 line
mean greater dispersal than the intercept, while values below mean less dispersal than the
intercept. For instance, an effect of edge distance below the zero line would indicate that areas
closer to edges have shorter dispersal distances. For the x-axis of the Anthenantia panel, the
labels correspond to the analogous label on the other panels as follows: The first three labels
correspond to directionality (analogous to “Towards Edge.” The “Edge Distance” is exactly the
same for this species as the others. The remaining three labels correspond to the
“Direction:Edge” interaction term, as this term is more complicated for Anthenantia (see
Methods). Right Panels: The right-hand panel in each species row is a stylized representation of
our interpretation of these results. The gray zone surrounding each parent plant is a stylized

representation of mean seed dispersal patterns.
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Figure 4.5. Dispersal kernels with the uncertainty around the mean. The means depicted

here are those from near the centers of patches.

Directionality

Seed dispersal direction was correlated with the distance of dispersal for four of five
species (Figure 4.4, Table 4.2). For Carphephorus, Liatris, and Sorghastrum, seeds that
dispersed towards the center of the patch dispersed shorter distances than seeds that dispersed
towards the edge of the patch. For Aristida, there was no effect of directionality on distance of
seed dispersal. For Anthenantia, for which the model supported four-directional bins (the bins
noted in Figure 4.1), seeds in the two bins oriented towards the edge dispersed further than seeds
in the two bins oriented towards the center. However, for Anthenantia, in the two bins with seeds

that dispersed towards the center of patches, dispersal distances were greater in the direction in-
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line with the long axis of the patch (Figure 4.4).
Relationship between Distance from Edge and Directionality

Dispersal was less directional at locations closer to the center of the patch for all species
except Aristida (Figure 4.4, Table 4.2). So, for most species, the pattern of greater dispersal
distances towards the edge was stronger for plants located nearer to patch edges. For Aristida,

seed dispersal was less directional closer to patch edges.

Table 4.2. Mean dispersal distances with percent difference between conditions.

. : -, Mean Dispersal | Percent
Comparison Species Condition Distance?cm) Difference

Anthenantia edge 55.3 478
Anthenantia center 58.0 '

5 Ar!st!da edge 80.2 29 42

= Aristida center 64.0

g Carphephorus | edge 49.9 8.5

- Carphephorus | center 54.3 '

S Liatris edge 101.8 o5 ga

t Liatris center 78.5 '
Sorghastrum edge 70.4 12 6°
Sorghastrum center 79.8 '
Anthenantia towards center 57.2 145

- Anthenantia towards edge 66.1 '

2 Aristida towards center 62.8 6.3

o Aristida towards edge 66.9 '

[a) Carphephorus | towards center 45.1 19.4b

< Carphephorus | towards edge 54.8 '

E,J_ Liatris towards center 76.4 91 9b

ra Liatris towards edge 94.6 ’
Sorghastrum towards center 71.6 10.5
Sorghastrum towards edge 79.5 '
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Table 4.2 (cont’d)

Anthenantia at edge towards edge 59.0 13.9°
Anthenantia at edge towards center 51.3 '
Anthenantia at center towards edge 61.2 9.7¢
5 Anthenantia at center towards center 95.5 '
g Aristida at edge towards edge 83.8 16.5¢
2 Aristida at edge towards center 71.0 '
p= Aristida at center towards edge 71.5 93.7¢
2 Aristida at center towards center 56.3 '
§ Carphephorus | at edge towards edge 68.0 60.2°
&) Carphephorus | at edge towards center 36.5 '
= Carphephorus | at center towards edge 49.3 16.8°
-% Carphephorus | at center towards center 58.4 '
= Liatris at edge towards edge 141.6 57 3¢
2 Liatris at edge towards center 78.5 '
§ Liatris at center towards edge 88.5 23.0¢
e Liatris at center towards center 70.3 '
[a) Sorghastrum at edge towards edge 74.7 13.6°
Sorghastrum at edge towards center 65.2 '
Sorghastrum at center towards edge 81.3 43¢
Sorghastrum at center towards center 77.9 '

4positive values indicate greater distances of dispersal at patch centers, relative to patch edges.
bPositive values indicate greater distances of dispersal towards edges, relative to towards patch
centers.
‘Positive values indicate greater distances of dispersal towards edges, relative to towards patch
centers.
Discussion

We found that habitat fragmentation affects local seed dispersal primarily through the
creation of edges. Dispersal distance was generally greater in patch centers and in the direction
of an edge, with this directionality pattern typically stronger closer to patch edges. Our
consideration of directionality afforded key insights about how fragmentation affects seed
dispersal, which would have been missed under the common approach of assuming seed
dispersal is equal in all directions. Our results illustrate consequences of fragmentation on

dispersal that may have ramifications for plant population dynamics (Levine and Murrell 2003;

discussed below).
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Two mechanisms might explain how patch edges influenced dispersal. First, wind is
stronger away from edges in open habitats (Damschen et al., 2014), likely resulting in greater
seed dispersal distances away from edge for three species. Second, as wind travels over forest
canopy into a clearing, it can eddy backwards (Detto et al., 2008), likely resulting in three
species dispersing to greater distances toward edges, particularly at close proximity to edges.

Conversely, we saw little effect of patch connectivity or edge-to-area ratio on seed
dispersal, in spite of our expectations. This difference may be related to how wind behavior at
higher altitudes (smoother, more predictable), rather than at the more chaotic lower levels (which
nonetheless may show trends), as we observe in our data (Bohrer et al., 2008; Detto et al., 2008).

An important consequence of our findings is that fragmentation may influence seed
dispersal differently at long-distance and local scales. Most previous work has focused on only
one scale, without considering differences between them (Nathan and Muller-Landau, 2000;
Rogers et al., 2019). While we find that local seed dispersal is influenced by edge proximity, past
work in our system has illustrated how larger-scale fragmentation effects, such as patch
connectivity and edge-to-area ratio, modify long-distance seed dispersal for both biotically and
abiotically dispersed species, albeit of different species (Levey et al., 2005; Damschen et al.,
2014; Herrmann et al., 2016). Together, these findings suggest that edge proximity may affect
seeds dispersing locally, with patch connectivity and edge-to-area ratio influencing only those
seeds that reach above-boundary layer heights (e.g., >5m above the ground surface).

In spite of their different adaptations to dispersal by wind, our study species showed
remarkably similar dispersal responses to fragmentation. Two of our species (Carphephorus and
Liatris) have clear morphological adaptations to wind dispersal (the pappus), while the three

grasses do not. Adaptations to dispersal could vary with scale of dispersal (Murrell et al., 2002;
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Muller-Landau et al., 2003). The presence of a pappus almost certainly facilitates long-distance
dispersal in Liatris and Carphephorus and the presence of awns may facilitate short-distance
dispersal in Sorghastrum and Aristida. Local dispersal by wind may even occur without any
obvious morphological adaptations, as we see in Anthenantia (Murrell et al., 2002; Riba et al.,
2009). How traits affect dispersal patterns at different scales is an avenue for future research.

Creation of edges through fragmentation affected seed dispersal distance, which in turn
may influence plant population dynamics in several ways. First, plants close to edges typically
dispersed shorter distances than plants away from edges. As a consequence, seedlings closer to
edges may experience higher levels of intraspecific competition with other seedlings originating
from the same parent plant (Comita et al., 2014). Shorter dispersal distances near edges may also
lead to negative demographic consequences through Janzen-Connell effects (Janzen, 1970;
Connell, 1971; Hovanes et al., 2018) on seedlings close to their parent plants, which may reduce
population growth rates near patch edges. Second, near patch edges, dispersal was more strongly
directed towards the edge, which could exacerbate negative density-dependent processes caused
by shorter dispersal distances. Third, in our longleaf pine study system, edge proximity is
associated with increased leaf litter and shading, which are detrimental to longleaf pine
understory herbs (Hiers et al., 2007; Veldman et al., 2013), such as our study species.

We show that the relationship between the distance and direction of dispersal can be
important for abiotically dispersed species, even a local scales. Many terrestrial plants are
abiotically dispersed (e.g., wind, gravity), and may disperse in a directional manner (Nathan et
al., 2002; van Putten et al., 2012). Despite this, relatively few studies have examined directional
seed dispersal for abiotically dispersed species, with past work focusing on riparian systems and

for long-distance dispersal by wind (Levine, 2003; Wright et al., 2008; Damschen et al., 2014;
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Horvitz et al., 2014). We show how novel insights can emerge through consideration of seed
dispersal directionality, in ways that may influence plant populations.

In summary, we show how fragmentation affects seed dispersal at local scales. Our
experimental design allowed us to tease apart influences of patch isolation, edge-to-area ratio,
and edge effects — factors that are often conflated in observational studies of habitat
fragmentation (Didham et al., 2012; Fletcher et al., 2018). Our finding that edges are most
important for local seed dispersal while the large-scale factors of connectivity and edge-to-area
ratio matter less for this process illustrate how experiments can parse out the scale-dependent
influence of fragmentation on key ecological processes, such as seed dispersal.
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CHAPTER FIVE

EXPERIMENTAL HABITAT FRAGMENTATION REVEALS THE ROLE OF EDGES FOR
PLANT RECRUITMENT

Abstract

Despite decades of research, debate remains about how — and even whether — habitat
fragmentation impacts biodiversity. This debate is due, in part, to the complex ways that
landscapes change when habitat is destroyed and fragmented; these changes operate both within
and among habitat patches (e.g., edge effects and isolation effects, respectively). Adding to
confusion and controversy is a typically narrow focus on simple response metrics, such as
species richness. A focus on richness can obscure changes to the abundance and demography of
component populations. We test the effects of habitat fragmentation on recruitment of four
experimentally established plant species. In doing so, we disentangle three effects of habitat
fragmentation on recruitment through a large-scale fragmentation experiment: patch
connectivity, patch edge-to-area ratio, and distance from the edge of the patch. There was no
effect of connectivity or patch edge-to-area ratio on the recruitment patterns of any species.
However, distance from the patch edge influenced recruitment of two species. For one of these
species, there were more recruits at patch edges. For the other species, the effect of edge was
modulated by patch type, with greatest recruitment in the centers of isolated patches with high
edge-to-area ratio. These edge effects were driven by how edge proximity and structure (e.g.,
canopy cover) influenced adult plant reproductive output, which in turn structured plant
recruitment. Our findings demonstrate that habitat fragmentation can lead to changes in
recruitment, an important population-level process. Distance to edge, not connectivity or patch

edge-to-area ratio, was primarily responsible for these changes.
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Introduction

Habitat fragmentation is a major cause of biodiversity decline (Pereira et al., 2010;
Haddad et al., 2015). There has been much effort by conservationists to reduce the effects of
fragmentation on natural communities (Diamond, 1975; Wilcox and Murphy, 1985;
Lindenmayer and Fischer, 2006). Conservation strategies, including corridors that connect
otherwise isolated patches of habitat, seek to ameliorate the effects of fragmentation on species
that are found in those patches (Crooks and Sanjayan, 2006; Haddad and Tewksbury, 2006).
However, despite decades of work, debate continues about how exactly — even whether —
habitat fragmentation leads to biodiversity declines (Didham et al., 2012; Fahrig, 2013; Fletcher
et al., 2018; Fahrig et al., 2019). Disentangling the effects of fragmentation on biodiversity may
be clarified through examination of the underlying population processes, including recruitment,
which is the subject of our study.

Much of the debate about the link between habitat fragmentation and biodiversity may be
due to the focus on simple metrics like species richness in fragmentation research (Fischer and
Lindenmayer, 2007; Vellend et al., 2013; Haddad et al., 2015). This focus can obscure important
changes to biodiversity because richness is a scale-dependent metric (Chase et al. 2020), which
ignores the abundance of species. For example, species richness may remain the same following
fragmentation, in spite of substantial declines in populations of some species or local extinctions
followed by novel colonization events by other species (Schoereder et al., 2004; Jackson and
Sax, 2010; Banks-Leite et al., 2012; Damschen et al., 2019). Therefore, to understand the
consequences of fragmentation for biodiversity, it is critical to move beyond a focus on species
richness to consider the effects of fragmentation on population dynamics and the processes that

drive them. Studies of population responses to fragmentation can illustrate effects on individual
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species and predict future local extinctions resulting from fragmentation (Banks-Leite et al.,
2012). Unfortunately, the majority of plant demographic studies occur only within one or two
patches and do not account for the context of the broader landscape around and between patches
that may influence these processes (Salguero-Gémez et al., 2015; Gurevitch et al., 2016). This is
of pragmatic concern, as species likely respond differently to fragmentation, and their responses
can shape biodiversity management decisions (Gurevitch et al., 2016).

Further clouding fragmentation effects is the fact that they can manifest through multiple
mechanisms that operate at different spatial scales and are difficult to disentangle (Lindenmayer
and Fischer, 2006; Didham et al., 2012; Haddad et al., 2015). Habitat loss typically results in
landscapes with patches that are smaller, less connected to each other (i.e., more isolated), have
higher edge-to-area ratio, and increased prevalence of edge effects (Didham et al., 2012); each of
these fragmentation effects may affect populations differently (Bruna, 2002; Caughlin et al.,
2019). For example, distance from the edge of a fragment might affect populations of plants by
altering microclimate (Tuff et al., 2016) and influencing populations of interacting species, such
as insects and pathogens (Bruna, 2002; Sullivan et al., 2011; Evans et al., 2012; Brudvig et al.,
2015). At larger spatial scales, fragmentation effects like connectivity and edge-to-area ratio
might influence plant populations by altering among-patch dispersal and because effects of edge
proximity may scale up by altering patch geometry, by, for instance, changing the number of
herbivores present in a given habitat patch (Uriarte et al., 2010; Haddad et al., 2014; Damschen
et al., 2019). Experiments can disentangle the mechanisms contributing to fragmentation effects
(Haddad et al., 2015; Fletcher et al., 2018). Coupling experiments with the study of population

responses can resolve both how and why species respond to habitat fragmentation.
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Here, we employ a landscape-scale experiment to evaluate how fragmentation influences
recruitment for four plant species. Our experimental design enables us to disentangle effects of
patch connectivity, patch edge-to-area ratio, and distance from patch edge, which are common
consequences of habitat destruction (Didham et al., 2012). Previous work in this system has
focused on seed production (Brudvig et al., 2015) or on the ability of short-term models to
capture long-term population trends (Caughlin et al., 2019). Here, focus on how recruitment
patterns are shaped on local scales. We measure recruitment patterns of four plant species that
we introduced into our experimental landscapes 7-8 years prior to our study, affording a highly
controlled assessment of recruitment patterns. We ask the following questions: (1) In what ways
does fragmentation (through connectivity, edge-to-area ratio, and edge proximity) affect plant
recruitment? and (2) How do biotic and abiotic factors mediate fragmentation effects on
recruitment patterns.

For Question (1), we focused on three fragmentation effects: (a) Connectivity, for which
we expected positive effects on recruitment for all species. We expected this effect because
connectivity has been shown to promote population persistence in fragmentated landscapes,
which may be due to higher rates of recruitment, as a result of, for instance, higher rates of
pollination as corridors may allow for movement of insects, leading to more pollination, and,
thus, higher seed production (Townsend and Levey, 2005; Damschen et al., 2019; Griffin and
Haddad, 2021). (b) Altered patch edge-to-area ratio, for which we expected more recruitment in
high edge-to-area patches. We expected this effect based off past work in our system which
noted higher herbivory rates for two of our study species in low edge-to-area patches (Levey et
al., 2016), and high herbivory may depress recruitment. (c) Distance from patch edge, for which

we expected species to respond positively to the distance from the edges of our patches (Brudvig
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et al., 2015). This is because our study species are species of open habitat and close to edges,
these species encounter increased shading and litter fall.

For Question (2), we examined those same three fragmentation effects as well as both
biotic (e.g., seed predation, germination rates) and abiotic factors (e.g., amount of bare ground, a
proxy for microsite availability) that may be important in determining plant recruitment patterns.
Given the complexity of how these factors may influence each other, examining them together
may be more enlightening than examining them separately (Brudvig et al., 2015).
Methods
Study Site and Focal Species

We conducted our work at the Savannah River Site (SRS), a National Environmental
Research Park located near Aiken, SC. Our work takes place in a replicated landscape
experiment that is designed to test effects of connectivity, patch edge-to-area ratio, and distance
from the nearest edge of a patch. Each replicate landscape (n=7; hereafter, “block™) contains a
central patch (1 ha), which is connected to a second patch (“connected patch”) via a corridor that
is 150m long and 25m wide (Figure 5.1). The area of the connected patch (including the
corridor) and of the individual unconnected patches is 1.38ha each. The unconnected patches are
“winged,” with two dead-end corridors (the “wings”) that, together, equal the dimensions of the
main corridor, and “rectangular” with dimensions of 100m x 137.5m (Figure 5.1). All blocks
contain one of each patch type (central, connected, winged, rectangular) plus either an additional

winged or rectangular patch, chosen at random.
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Rectangular

Connected 100 m

-

Figure 5.1. Experimental design. Winged patches are isolated and have a high edge-to-area
ratio, differing from the connected patches only in connectivity. Rectangular patches are isolated

and have a low edge-to-area ratio, differing from winged patches only in edge-to-area ratio.

To test for effects of connectivity, we compare winged and connected patches, as winged
patches are unconnected and have approximately the same edge-to-area ratio as connected
patches; they differ in connectivity. To test for effects of edge-to-area ratio, we compare winged
and rectangular patches, as rectangular patches are isolated and low-edge, differing from winged
patches only by having a lower edge-to-area ratio. Patches were open habitat with very little
canopy cover, surrounded by a matrix of pine plantation forest. Following the initial clearing of

habitat patches from the pine plantation matrix, we have managed the patches with prescribed
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fire and brush clearing to facilitate the recovery of the longleaf pine savanna that would have
been the historic vegetation type in this region (Damschen et al., 2019).

In 2007 and 2008, we established (by planting) populations of four species equally into
all habitat patches (N= 7 blocks x 4 patches/block = 28 patches; Figure 5.1). To test edge
proximity effects. we planted one individual of each species into plots at 1, 10.5, 20, and 37m
from the nearest edge, (Figure 5.1). Two of our species were forbs in the aster family
(Asteraceae): Carphephorus bellidifolius (Michx.) Torr. & A. Gray and Liatris squarrulosa
Michx. (synonym: Liatris earlei (Greene) K. Schum., following Radford et al. [1968]), while the
remaining two are grasses (Poaceae): Sorghastrum secundum (Elliott) Nash, and Anthenantia
villosa (Michx.) P. Beauv. Hereafter, we refer to these species by their genus names. All four are
relatively long-lived perennials and can flower within two years of planting (Brudvig et al.,
2015). All populations are derived from seed collected at SRS. We deposited a voucher specimen
of a mature plant from one seed source for each population at the Michigan State University
Herbarium (herbarium code: MSC). Additionally, these four focal species did not previously
occur in our experimental landscape patches, but they would have been present historically and
are currently regionally uncommon to rare. Thus, we assumed that recruits we encountered
within our habitat patches were from our original transplanted individuals.

Recruitment Counts

We used a combination of datasets to answer our questions. In all cases, we counted
individuals that recruited (hereafter “recruits”) following planting of the original transplanted
individuals, which were tagged. Because some recruits have flowered and dispersed seed since

the initial establishment of these populations, it is likely that some of the recruits that we found
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were not offspring of the original transplanted plant. The recruitment that we measured is the
result of seven years of population dynamics.

To explore the effects of edges on recruitment patterns, we counted the number of
recruits of each species during the summer of 2015 at the edges (1m from edge) and the centers
of patches (37m from edge), within a 5m radius around each transplanted conspecific individual.
We chose the 5m distance both to minimize any ambiguity of the plot of origin, as well as
because most recruits were located within that 5m zone. Within this 5m zone, the percentage of
recruits within 3m of the parent plant was 95%-100%, depending on species.

To explore the effects of connectivity and edge-to-area ratio, we combined the above-
mentioned data with two other datasets, in order to cover nearly the whole of each patch. The
first of these was a survey from fall of 2015 of plots located at 10.5m and 20m from patch edges,
with all recruits to a distance of 1.5m from each transplanted conspecific. The second of these
was a survey from fall of 2016 of reproductive recruits anywhere in our patches at distances >5m
from the transplanted individuals.

Additional Biotic and Abiotic Factors

To address Question 2, we collected additional data on a suite of biotic and abiotic factors
that may influence recruitment patterns. Methods for each of these is described below and a
summary of each variable can be found in Table 5.1. We have previously examined some of
these data in a mechanistic population model (Caughlin et al., 2019), but are using those and
additional data here to explore the covariates that influence our population outcomes. The
Caughlin et al. (2019) paper focused on whether demographic models parameterized from short-
term data could predict long-term population trends, while the present work focuses on how

these covariates actually influence local recruitment outcomes.
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Table 5.1. Explanation of factors used in constructing the SEMs

Variable Units Method Methods Citation (if applicable)
bare ground percent (range: 0-74) visual estimation described in present study
canopy cover counts (range: 0-56) densiometer described in present study
connectivity binary (connected or not) experimental design see Figure 1

edge distance continuous (range: 1-37) experimental design see Figure 1

edge-to-area ratio |binary (high edge or low edge) |experimental design see Figure 1

germination

counts (range: 0-26)

number of seeds that germinated, out of 40

Caughlin et al. 2019

herbivory

proportion (range: 0-1)

number of leaves with herbivory, divided by the total number of leaves

Brudvig et al. 2015

number of recruits

counts (range: 0-137)

counted number of individuals

Caughlin et al. 2019

reproductive output

counts (range: 0-1113)

total number of flower structures from each of 2009, 2012, and 2015

Caughlin et al. 2019

seed predation

counts (range: 0-20)

number of seeds that were removed from seed predation trays, out of 20

described in present study

Bare Ground

We collected data on bare ground in 2017 using a visual estimation approach in which we

recorded the amount of bare ground within a meter-squared quadrat at the location of each of the

original transplant plants. We recorded cover on a continuous basis, using whole integers for

cover values greater than 1% of a square meter, and for cover values less than 1%, we recorded

values to the nearest tenth of a percent, and for cover values less than a tenth of a percent, we

recorded values to the nearest hundredth of a percent.

Canopy Cover

Canopy cover data were collected in 2017, using convex Model A densiometers (Robert

E. Lemmon Forest Densiometers, Rapid City, South Dakota). We counted the number of vertices

of the densiometer that were covered by the canopy, following the subsetting methods of

Strickler (1959).

Connectivity, Edge-to-Area Ratio, Edge Distance

These are structural to our experiment and are described in the second and third

paragraphs of the Methods of this chapter.
Germination
In February 2010, at half of all plots that contained our transplanted species, we planted

40 seeds of each of our study species in a separate plot to ensure that germinants would be from
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these added seeds, rather than from our study populations. Over the course of that growing
season, from March 31-September 8, we checked these plots weekly and tagged germinants with
sewing pins to ensure no duplication of counts between checks. At the conclusion of the growing
season we assumed all remaining seeds had died and summed the total number of germinants
from that season, including those that had died. We realize that this assumption may not reflect
any additional germination from subsequent years; however, we are interested in the relative
difference in germination between the different plot locations, rather than the absolute number of
germinants across all years. For the data associated with this, please see Caughlin et al. (2019).

Number of Recruits

In fall of 2015, we counted all recruits within 1.5m of each of our transplanted
individuals at each of the four distances from the edge of the patch. For the data associated with
this, please see Caughlin et al. (2019).

Reproductive Output

In each fall of 2009, 2012, and 2015, we counted the total number of flowering structures
on each transplanted individual. We then summed them to obtain a total number of flowering
structures per transplanted individual. A subset of these data are present in Caughlin et al.
(2019).

Herbivory Data

In September of 2009, we counted the number of leaves with visual signs of herbivory as
well as the total number of leaves on each of our transplanted individuals. For individuals with
>100 leaves, we did this with a haphazard sample of 100 leaves. For additional details, please see

Brudvig et al. (2015).
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Seed Predation

We collected these data on post-dispersal seed predation in 2009. we placed 20 seeds on
top of 0.5 cm of sand within a 19 x 14 x 10 cm plastic container fitted with a tight cover. Two
holes, 2.5 cm diameter each, were cut on adjacent sides of the container to allow insect and
mammalian seed predators to enter freely. Seeds for this experiment were collected from other
populations of plants located outside our experiment. For each individual plant in the
experiment, seeds of the same species were placed in containers adjacent to, but 1m away from
the plant. We placed these seeds during the time of natural seed dispersal for each species and
then left the seeds in the field for 20 days. After 20 days, any remaining seeds and sand were
collected in plastic bags. Seeds were later separated from sand and counted. For each of our
species, the mean * standard deviation of the number of seeds removed during the 20-day period
is as follows:

Anthenantia: 4.7 + 4.9; Carphephorus: 7.1 + 7.6; Liatris: 5.2 + 6.0; Sorghastrum: 7.5 * 6.0.
Analysis

To answer Question 1, about fragmentation effects on recruitment, we ran two
generalized linear mixed effects models (GLMM) for each species. For both models, our
response variable was the count of the number of individuals of each species. One model tested
edge effects on recruitment for each species, using the count data at patch edges and centers. Our
predictor variables were distance from the edge of the patch, patch type (included to allow for
the interaction term), and the interaction term between distance from the edge and patch type.
Our second model used the combination of the three types of data (as described in the section
titled “Recruitment Counts,” above) and examined the patch-level factors of connectivity and

patch edge-to-area ratio for each species and had a single predictor variable of patch type. For
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both models, we used a nested random effect of patch within block to account for the nested
nature of our experimental design. For all models, we used a negative binomial distribution
(typical for over-dispersed count data), as implemented though the glmer.nb function of the Ime4
package within R (Bates et al., 2015). However, the Anthenantia edge model did not converge
using this function, so we instead used the same model structure, through the gimmTMB
function (with the “nbinom1” parameterization) within the glmmTMB package within R (Brooks
et al., 2017). All analyses were run using R, version 3.6.3 in RStudio, version 1.2.5033 (RStudio,
2019; R Core Team, 2020).

To answer Question 2, about factors mediating fragmentation effects on recruitment, we
ran a set of structural equation models (SEMs). SEMs allow for testing whether fragmentation
effects influence recruitment by altering various abiotic and biotic factors. To do this, we
constructed a single SEM for each study species using the piecewiseSEM package, version 2.1.1
(Lefcheck, 2016). To examine potential mechanisms as well as our fragmentation effects, we
constructed SEMs containing our three fragmentation effects (distance from the edge, edge-to-
area ratio, connectivity), two demographic factors (rates of germination and reproductive output
of transplanted individuals), two factors of habitat structure (canopy cover and the amount of
bare ground), and two biotic interactions (rates of seed predation and levels of herbivory). For a
brief methodological explanation of each of these factors, please see Table 5.1. Of these, we
expected that the two demographic factors would positively correlate with recruitment. Of the
aspects of habitat structure that we examined, we predicted a negative relationship between
canopy cover and recruitment (as higher canopy cover results in more shade), but a positive
relationship with bare ground (i.e., available microsites for new recruits). We predicted negative

correlations for both of our biotic interactions of seed predation and levels of herbivory on
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recruitment, as seed predation leads to fewer potential recruitment opportunities and herbivory
can decrease seedling survival. We standardized all path coefficients, enabling comparison of
their relative effects. We constructed SEM paths based on our initial hypotheses and expected
relationships based on our understanding of the ecology of our study system and left all
nonsignificant paths in the final models. We also determined goodness-of-fit tests for each SEM
(using the function summary.psem) and the goodness-of-fit test statistic was p>0.05 for all
SEMs.
Results

Overall, we did not see major effects of connectivity and patch edge-to-area ratio on
recruitment patterns for our species. Distance from the edge, especially as mediated through
effects on canopy cover and reproductive output on parent plants was important for recruitment
patterns in several of our species.
Question 1: Effects of Fragmentation on Recruitment

There was no effect of connectivity or patch edge-to-area ratio on recruitment patterns for

any species (p>0.05 in all cases; Table 5.2) (Figure 5.2).

Table 5.2. Statistics table for the effect of patch type, as obtained from the patch-level
GLMM.

Species Chi.Sq Value | p-value
Carphephorus 0.133 0.94
Liatris 1.6 0.45
Sorghastrum 3.13 0.21
Anthenantia 3.93 0.14
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Figure 5.2. Effects of isolation and shape on recruitment patterns of our four study species.

Note that the y-axis is scaled differently for each species.

Distance from the edge affected recruitment patterns for the two members of the
Asteraceae. For Liatris, plants at edges had 3.49 times more recruits than plants at centers, on

average (p=0.002; Table 5.3) (Figure 5.3).
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For Carphephorus, the effect of edge differed by patch type, with a higher number of
recruits at patch centers, but only in isolated, high-edge patches (2.5-12.7 times higher, on
average, than other patch x edge distance combinations [derived from estimated marginal means
from the model], p=0.009; Table 5.3) (Figure 5.3).

For both grass species, there was no effect of distance from the edge on recruitment

patterns (Figure 5.3; Table 5.3).

Table 5.3. Statistics table for edge models. See main text for effect size of significant factors.

Species Predictor Chi.Sq Value | p-value
Distance from Edge 0.27 0.61
Carphephorus Patch Type 1.22 0.54
Edge:Patch Type Interaction 9.49 0.0087
Distance from Edge 9.38 0.0022
Liatris Patch Type 0.76 0.68
Edge:Patch Type Interaction 0.48 0.78
Distance from Edge 1.38 0.24
Sorghastrum Patch Type 4.65 0.098
Edge:Patch Type Interaction 3.42 0.18
Distance from Edge 1.4 0.24
Anthenantia’ Patch Type 3.9 0.14
Edge:Patch Type Interaction 2.85 0.24

"Values for Anthenantia were obtained using the identical model structure as the other species,
but with the gimmTMB package, as described in the Methods
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Figure 5.3. Interaction plots for the interaction on the number of recruits between distance
from the edge of the patch and the patch type. The red line is for connected patches, the blue
line is for rectangular (low edge-to-area, isolated) patches, and the green line is for winged (high

edge-to-area, isolated) patches. Shaded regions indicate 95% confidence intervals.
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Question 2: Factors Mediating Fragmentation Effects

The relationship between canopy cover and distance from the edge was identical for all
species, as the underlying canopy cover data was applied to all species. These data showed that
canopy cover was negatively related to the distance from the edge of the patch, as expected (r=-
0.39, p<0.0001). The SEMs all fit the data well (Fisher’s C of 10.27-18.70 and p-values from
0.85-0.997, with p-values >0.05 indicating a good fit; Figure 5.4).
Carphephorus

Carphephorus recruitment was positively related to reproductive output (r=1.00,
p<0.0001) and negatively related to herbivory (r=-0.34, p=0.034) and canopy cover (r=-0.45,
p=0.048). Reproductive output itself, for Carphephorus, was negatively related to canopy cover
(r=-0.098, p=0.044) and patch edge-to-area ratio (r=-0.16, p=0.047).

Liatris

Recruitment of Liatris was positively related to reproductive output (r=1.07, p=0.0014).
However, reproductive output was not significantly predicted by any other model component
(p>0.05 in all cases).

Anthenantia

Recruitment of Anthenantia was positively related to reproductive output (r=0.78,
p<0.0001). Reproductive output was negatively related to canopy cover (r=-0.13, p=0.034).
Herbivory of Anthenantia was positively related to distance from the edge of the patch (r=0.12,

p=0.0002).
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Sorghastrum

Sorghastrum recruitment was positively related to reproductive output (r=1.11,

p<0.0001) and germination (r=0.68, p=0.0040). However, neither reproductive output nor

germination were significantly predicted by any other model component (p>0.05 in all cases).
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Figure 5.4. SEM diagrams for each species. Black arrows indicate significant relationships
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scaled to standardized effect size.
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Discussion

We found that habitat fragmentation affects plant recruitment patterns mostly through
local edge effects. There was little evidence that the larger-scale factors of patch connectivity
and edge-to-area ratio affected recruitment. These results illustrate the need to disentangle the
different ways that habitat fragmentation can change populations.

In contrast to the effects of edge proximity, we found little evidence that the larger-scale
fragmentation factors of patch connectivity and edge-to-area ratio influenced recruitment. Our
structural equation models reveal a likely reason: recruitment is strongly structured by parent
plant reproductive output and reproductive output is insensitive to patch connectivity and edge-
to-area ratio (see also Brudvig et al. 2015). In spite of having little effect on recruitment in our
study, connectivity and edge-to-area ratio do affect plant species diversity in our system and
others (Yamaura et al., 2008; Hooftman et al., 2016; Arellano-Rivas et al., 2018; Damschen et
al., 2019). Damschen et al. (2019) illustrated how patch connectivity increases plant diversity
through elevated colonization and reduced extinction. Our present study suggests that reduced
extinction rates may be a consequence of among-patch, dispersal-driven rescue effects, as
opposed to elevated plant population growth or performance within connected patches. Although
rates of colonization are higher in connected fragments (Damschen et al. 2019), our study
suggests that rates of recruitment may be similar across connected and unconnected patches
following colonization, but that patterns of recruitment across patches may be modified by edges
for at least some species. Together, these studies illustrate the importance of considering
biodiversity responses to fragmentation from perspectives of species diversity and component

populations.
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We do find that edges affect patterns of recruitment, and our findings expand
understanding of how edges influence ecological systems (Ries et al., 2004). In our system,
edges modified plant reproductive output, which was the strongest predictor of recruitment for
most of our study species. Canopy cover, which is highest near patch edges in our study system,
had negative effects on reproductive output. In other systems where reproductive output has been
examined in a landscape context, proximity to edge is also an important influence (Bruna, 2002;
Melo et al., 2007), usually with proximity to edge being negatively correlated with survival
and/or reproductive rate. Edges are a ubiquitous consequence of fragmentation, with 70% of the
world’s forest within 1 km of an edge (Haddad et al., 2015). Fragment edges can also affect open
grasslands and savannas, like our study system (Winter et al., 2000; Mendonca et al., 2015;
Stevens et al., 2017). Therefore, with edges being so pervasive on the landscape, such negative
effects on reproductive rate of species that are not edge-adapted may be a major factor in
population declines worldwide.

Conversely, we found little evidence for biotic interactions or the amount of bare ground
(i.e., microsite availability) influencing plant recruitment. Although microsite availability is often
important in seedling establishment (Eriksson and Ehrlén, 1992), fragment edges can modify a
suite of abiotic factors like temperature and moisture availability (Bruna, 2002; Tuff et al., 2016),
which may also influence plant recruitment patterns (Bruna, 2002). Thus, our edge proximity and
canopy cover findings may relate to additional microenvironment factors that play key roles for
recruitment of our species. Seed predation did not affect recruitment. Herbivory significantly
influenced recruitment patterns only of Carphephorus. This overall lack of support of biotic
interactions on recruitment patterns in our system occurs despite the potential of edges to modify

these interactions (Melo et al., 2007; Brudvig et al., 2015). Additional unmeasured interactions
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(e.g., those with pathogens/soil microbes or plant-plant interactions) are likely to influence
recruitment in our system and elsewhere.

Our work suggests several approaches for mitigating fragmentation effects on plant
populations in open habitats. Reducing the effects of edges is a primary concern, given that
canopy cover and/or edge proximity influenced recruitment for several of our species. We
suggest that edge effects might be lessened by softening edges through thinning trees near patch
edges, thereby decreasing canopy cover (Templeton et al., 2011). Where possible, enlarging
patches would benefit populations by increasing the area of internal habitat, away from edges
(Yamaura et al., 2008). Although we did not find effects of patch connectivity on plant
recruitment, connectivity is known to mediate the arrival of individuals and persistence of
populations (Damschen et al., 2014). Thus, we suggest the coupling of edge effect-mitigation
with enhancement of connectivity through strategies like corridors (Damschen et al., 2019) and
modification of the matrix between patches, to increase permeability by, for example, the use of
prescribed fire (Templeton et al., 2011) or tree thinning in systems like ours. By increasing patch
occupancy and the growth and persistence of populations within patches, a multi-pronged
management approach can mitigate multiple landscape modifications resulting from habitat
fragmentation.

Our work connects landscape changes resulting from habitat fragmentation to specific
processes structuring population responses. By experimentally disentangling consequences of
fragmentation, we show how edges play particularly important roles for plant recruitment
patterns of species of conservation interest. However, even within our study, we see positive,
negative, and neutral responses of recruitment to edges. Given the pervasiveness of edges on the

world’s terrestrial landscapes and their importance to plant recruitment patterns, managing to
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reduce the effects of edge should have important benefits for population recovery of species of
concern.
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