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ABSTRACT 

THE IMPACTS OF ALGAL SUBSIDIES FROM A RUN-OF-RIVER RESERVOIR ON 
DOWNSTREAM FOOD WEBS AND NUTRIENT AVAILABILITY, AND THE 

IMPLICATIONS OF A DILUTED BITUMEN SPILL, ON THE KALAMAZOO RIVER 
 

By 
 

Micaleila D. Desotelle 

Rivers are important systems for the delivery of nutrients and materials into receiving 

bodies and provide important ecosystem services. The Kalamazoo River is an ideal system for 

researching basic river ecosystem processes as well as to understand past contamination, 

restoration potential, and future risks. In this study, I examined the impacts of a run-of-river 

reservoir, which alters hydrologic retention time but does not change discharge. The increased 

water residence time from the reservoir led to an increase of algae downstream. Nutrients 

upstream were in a bioavailable form but were converted into particulate forms, likely mainly as 

algal biomass, immediately downstream of the reservoir. Phosphorus appeared to follow 

suspended chlorophyll-a patterns closely. However, the fate of suspended chlorophyll-a and 

nutrients from the reservoir was complex. The suspended chlorophyll-a produced in the reservoir 

provided a subsidy that was evidently consumed by benthic macroinvertebrates. Using natural 

abundance stable carbon isotopes to indicate longitudinal patterns in macroinvertebrate diets and 

artificial substrata to quantify macroinvertebrate densities, I was able to trace which taxa 

responded to the algal food subsidy. Filter feeding caddisflies from the family Hydropsychidae 

appeared to respond to the subsidy most clearly, although they were also abundant above the 

reservoir. More work is needed to understand food web dynamics in rivers the size of the 

Kalamazoo River. Lastly, a major oil sands spill occurred on July 25th, 2010. This work 

quantified the responses of river macroinvertebrates to the oil and its cleanup. In addition, an in-



 

 

situ bioassay using Hyalella azteca was conducted, and I collected Orconectes spp. crayfish to 

measure metal bioaccumulation, to understand the impacts of submerged oil. This study found 

that macroinvertebrates were severely reduced in two sections of river, but showed recovery one 

year later. Hydropsychidae caddisflies seemed particularly impacted by the oil spill. The in-situ 

bioassay showed the possibility of sub-lethal impacts. This study from the Kalamazoo River oil 

spill will be useful for understanding the risks to other rivers, and in particular the impacts of 

diluted bitumen spills on benthic macroinvertebrates. More work is needed to understand if 

bitumen is more or less toxic than conventional crude, and the risk of submerged oil in 

freshwater ecosystems. 
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1 

INTRODUCTION 

 

Rivers are heavily impacted systems used for waste disposal, navigation and water supplies, and 

our use and modification of rivers has led to loss of biodiversity and some ecosystem services 

(Stanford et al. 1996). Dams alter hydrology so that high flows are reduced but low flow periods 

have larger discharge than found historically (Carlisle et al. 2010). Altered hydrology has led to a 

mismatch of timing between biota and flows, and improved flow management is necessary for 

river management (Richter et al. 2003). Some of the world’s large rivers have been heavily 

channelized and impounded, reducing connectivity with floodplains. Restoration of connectivity 

to channel habitat and floodplains has enhanced nutrient uptake and other biological processes 

on the Danube River (Hein et al. 1999, Tockner and Schiemer 1997). The modifications to the 

Missouri River have completely altered the hydrograph and impacted biota, but controlled flood 

releases to mimic the natural hydrograph have been discussed (Galat et al. 1998). Structural 

modifications such as wing dams, levees, and lock and dam systems were built on the 

Mississippi River to maintain a 2.7 m depth for navigation, but this has led to negative impacts 

on the river (Sparks 2010). A major flood release from the Glen Canyon Dam on the Colorado 

River led to food web changes, but did not restore the natural river food web completely (Cross 

et al. 2011). The restoration and management of the Columbia River strives to restore more 

natural food webs and fisheries (Naiman et al. 2012). The recent removal of the two dams on the 

Elwha River in Olympic National Park will lead to ecosystem recovery (Morley et al. 2008). 

Many of these dams that were built over 100 years ago are aging dams with the possibility of 

being removed (Stanford et al 1996), and there is interest in developing run-of-river dams world-

wide (Francois et al. 2016, Kumar and Katoch 2014, Winemiller et al. 2016). These examples 

highlight past degradation, but also ecological restoration. River management is ongoing and 
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challenging, which makes them ideal systems for coupled human-natural system studies 

(Stevenson and Sabater 2010, sensu Liu et al.  2007).  

 Rivers are important for the transport of material, and the uptake of nutrients before they 

reach estuaries (Wollheim et al. 2006, Tank et al. 2008, Alexander et al. 2000). Excessive 

nutrients (phosphorus and nitrogen) have led to eutrophication in downstream water bodies 

(Rabalais 2002, Paerl 2009). Phosphorus (P) is particularly important in freshwater systems 

where increasing P has led to algal blooms in lakes and rivers (Carpenter 1998, Mallin et al. 

2006, Smith 2015). Rivers represent a sizable area of water bodies in the United States (Downing 

et al. 2012), and U.S. rivers often have multiple dams on them (Stanley et al. 2002).  

 Dams on rivers in humid regions often are of the run-of-river design. Run-of-river dams 

do not alter the hydrology but increase water retention time in rivers, which can lead to algal 

growth and eutrophication (Reid et al. 2007, Hilton et al. 2006). Interestingly, both variable 

release (storage) and run-of-river dams can be found in series along a river (i.e. Oliver et al. 

2014), which has important cumulative effects.   

 The Kalamazoo River of southwest Michigan is interesting because it one of the original 

Superfund sites, and the EPA has been in process of removing polychlorinated biphenyls 

contaminated sediment for the last thirty years (Wesley 2005). Additionally, a total maximum 

daily load (TMDL) for phosphorus has been implemented to reduce algal blooms in the most 

downstream reservoir (Lake Allegan). The sections of river in this study represent one of the 

rivers studied in the original research on the River Continuum Concept rivers, making it a high 

quality and well protected section of river (Vannote et al. 1980, Cummins et al. 1981).  

 The Kalamazoo River is a typical example of a working river in the Midwest, and is an 

ideal river to consider in context of past impacts and future restoration. Like many U.S. rivers, 
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dams were built in the early part of the 1900s, in this case mainly for hydroelectricity and for 

industrial cooling water. The Kalamazoo River drains a 5,230 km2 watershed in southwestern 

Michigan. The river is 260 km long with a mean discharge of 38 m3/s at Comstock (USGS gauge 

4106000). The Kalamazoo River is groundwater fed and meanders through glacial deposits 

(Wesley 2005). As of 2005 the main-stem river had 15 dams (two of which have since been 

removed), while the entire watershed had 110 registered dams (Wesley 2005).  

 Morrow Lake, on the Kalamazoo River main-stem near Comstock, MI, is a run-of-river 

reservoir that is the focus of this dissertation. Run-of-river dams increase water retention time in 

proportion to the volume of the reservoir, but do not alter downstream river hydrology as much 

as variable-storage dams do (Csiki and Rhoads 2015). Decommissioned hydroelectric dams or 

dam remnants also exist in the Kalamazoo River downstream of Plainwell, including at Plainwell 

(now breached), Otsego City, Otsego Township (now being removed), Trowbridge Township, 

and Allegan City. Downstream of those dams is Lake Allegan, a reservoir maintained by the 

functioning Calkins Dam hydroelectric facility. Additionally, channel straightening of meander 

bends occurred on the river, though there are many reaches of river that remain well connected to 

the floodplain (Rachol et al. 2005). Another important aspect of the Kalamazoo River is that 

several paper-making and carbonless paper recycling plants once operated along the river. 

Wastes from the latter process, which were contaminated with polycyclic chlorinated biphenyls 

(PCBs), were discharged into the river and floodplain, creating a legacy of contaminated 

sediments.  

 Currently, the remaining old decommissioned dams on the mainstem between Morrow 

Lake and Lake Allegan are partially removed and the remnants are decrepit, but the PCB-

contaminated sediment has prevented full removal of these dams. These dams create “semi-
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impounded” reaches that have water residence times of less than one day (Reid and Hamilton 

2007), with important ecosystem impacts (see Chapters 1 and 2). As of 2017, these dams are 

seriously deteriorating and are in either in the process of full removal or in the planning stages. A 

dam downstream of Plainwell, MI was removed in 2009, and the Otsego Township dam is in the 

process of being removed. The Otsego City dam (built in 1836) is also in stages of collapse but is 

still in the planning stages of removal. Negotiations between the EPA and the responsible parties 

have been ongoing. The remaining PCBs have been found to have negative impacts to wildlife 

such as mink (Beckett et al. 2005) and carp (Fisher et al. 2006). Studies have looked at the PCBs 

in macroinvertebrates and the possible impacts of emerging insects on swallows (Blankenship et 

al. 2005). 

Despite the lingering problem of contaminated sediments, the water quality of the 

Kalamazoo River has improved considerably in recent decades. Local community members 

remember times when the river was heavily polluted, creating massive fish kills leading to 

national attention. However, non-point source pollution continues to be a problem on the river. 

Lake Allegan has impaired water quality because of excessive algal growth, low dissolved 

oxygen and a fish community composed of common carp and channel catfish. The largest 

upstream reservoir, Morrow Lake, near Comstock, MI, has clear water and has better fish 

diversity. For Lake Allegan, the US EPA and Michigan Department of Environmental Quality 

determined a target total phosphorus concentration of 60 µg/L to devise a total maximum daily 

load (TMDL) to improve water quality by reducing algal production. That concentration was 

based on observations of Morrow Lake, which was considered similar in size but with fewer 

impairments. In Morrow Lake, however, water retention time may be particularly important for 

limiting the production of algae and hence reduced water quality downstream of Morrow Lake 
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(Reid and Hamilton 2007). Concentrations of nutrients and particularly P tend to explain much 

of the variation in chlorophyll standing stocks, but that relationship appears to be nonlinear 

(Stevenson et al. 2008).   

Eutrophication of estuaries and lakes from non-point source pollution is increasingly a 

challenge for protecting water resources (Rabalais 2002, Carpenter 1998). Rivers themselves can 

become eutrophic (Hilton et al. 2006). Increased water residence time from reservoirs allows for 

the production of suspended algae (phytoplankton), which frequently increase downstream of 

lake outflows. Reid and Hamilton (2007) and Bass (2009) conducted studies of nutrient cycling 

and algal production in Morrow Lake. Chapter 1 builds on the work by Reid and Hamilton 

(2007). More longitudinal sampling and additional water quality variables were collected along 

with chlorophyll-a to understand upstream and downstream patterns of suspended algae and 

water quality variables. Chapter 1 uses a semi-Lagrangian sampling approach to understand 

patterns of suspended chlorophyll-a and nutrients both upstream and downstream of Morrow 

Lake. Nearly ten years of chlorophyll-a and phosphorus data show that while TP is decreasing, 

water retention time is high enough that algae are produced, which is important for the Lake 

Allegan TMDL.  

Algae produced in Morrow Lake could transported downstream to provide a food web 

subsidy for river macroinvertebrates. The link between the base of the food web (i.e., primary 

producers and detritus) and river macroinvertebrates is not well known, but both phytoplankton 

and benthic algae are potentially important (Delong and Thorp 2006). Chapter 2 looks at the 

downstream subsidy from Morrow Lake to understand how macroinvertebrate communities 

respond to suspended algae exported from the reservoir. This is important for understanding how 

reservoirs affect secondary production in rivers, and also how PCBs enter the food web and are 
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biomagnified through higher trophic levels. Lastly, Chapter 3 examines the impacts of a massive 

oil spill that occurred on the Kalamazoo River on July 25th, 2010 on the macroinvertebrate 

community. This study looked at the direct toxicity and possible indirect impacts of submerged 

oil on macroinvertebrate community composition and abundance.  
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CHAPTER 1: EFFECTS OF A RUN-OF-RIVER IMPOUNDMENT WITH SHORT 

WATER RESIDENCE TIMES ON DOWNSTREAM NUTRIENTS AND ALGAE 

 

ABSTRACT 

Impoundment of rivers often creates lacustrine conditions that favor the growth of 

suspended algae (phytoplankton), and when algal biomass is transported downstream in 

outflowing water, it can act as a subsidy for river food webs. Morrow Lake, a run-of-river 

reservoir on the Kalamazoo River (Michigan), has short water residence times but can produce 

high concentrations of suspended algae at lower river discharges. In this chapter, I examine how 

Morrow Lake affects downstream patterns of nutrients and algal biomass (as indicated by 

chlorophyll) over a range of discharges. This study used a semi-Lagrangian method, where water 

samples were collected along a longitudinal transect as if to track a parcel of water and estimate 

changes to nutrients. I measured suspended chlorophyll-a, total suspended solids, and nutrients 

(phosphorus, nitrate, ammonium,) to estimate the fate of algae and nutrients downstream of 

Morrow Lake. It appears that high discharge reduces water retention time to the point where the 

abundance of algae in water leaving from Morrow Lake is reduced. During low discharge 

summers, algae decreased downstream of Morrow Lake, with consequent transformation of 

particulate phosphorus to dissolved inorganic phosphorus. Nitrogen did not closely follow 

chlorophyll-a. Morrow Lake thus produces algal biomass at lower discharges (longer water 

residence times), and export of this biomass extends variable distances downstream depending 

on discharge. Phosphorus may be temporarily sequestered in algal biomass but as the algae 

disappear the phosphorus is released in soluble forms, thereby maintaining relatively constant 

total phosphorus concentrations along the study transect. 
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INTRODUCTION 

Rivers transport nutrients and organic material from watersheds to receiving water 

bodies, which can cause eutrophication and sometimes the development of hypoxic zones 

(Howarth et al. 1996, Vitousek et al. 1997, Rabalais 2002, Smith 2003). Dissolved inorganic 

nitrogen is frequently cited as the proximate driver for eutrophication in estuaries (Rabalais 

2002, Carpenter 1998, Paerl 2009). Phosphorus is considered more likely to be the limiting 

nutrient for eutrophication in freshwaters (Baker et al. 2014, Lewis and Wurtsbaugh 2008, 

Carpenter 2008, Basu and Pick 1996, Sondergaard et al.1992, Istvanovics et al. 2004), though 

both N and P can limit primary production (Pearl 2009, Lewis and Wurtsbaugh 2008). Rivers 

transport N and P to receiving bodies, but uptake, retention and removal of nutrients in rivers can 

prevent nutrients from entering estuaries (Hall et al. 2013, Tank et al. 2008, Ensign and Doyle 

2006, Wollheim et al. 2006, Webster 2007, Alexander et al. 2000, Alexander et al. 2008). Rivers 

themselves suffer from eutrophication, especially when they pass through impounded reaches or 

broaden into estuaries (Mallin et al. 2006, Reid et al. 2007, Hilton et al. 2006, Lucas et al. 1999, 

Bowes et al. 2012, Dodds 2006, Smith and Schindler 2009). Phytoplankton or suspended algae 

increase predictably with total phosphorus in rivers like in lakes (Smith 2016). However, the 

actual longitudinal pattern of chlorophyll-a and nutrients is complex and chlorophyll-a can 

increase (Minaudo et al. 2015, Basu and Pick 1997) or decrease (Bukaveckas et al. 2011, Houser 

et al. 2010) in the downstream direction. 

Dams, especially on medium-sized rivers, are important to consider because they can 

degrade water quality by increasing water residence times in their reservoirs to the point where 

high concentrations of phytoplanktonic algae are produced (Bowes et al. 2012). The effects of 

dams and their impounded waters (reservoirs) on biogeochemistry and water quality have been 
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amply documented (Powers et al. 2015, Oliver et al. 2014). Reservoirs are important for 

biogeochemical processing by reducing downstream transport of sediment, N and P (Powers et 

al. 2015, Oliver et al. 2014, Vorosmarty et al. 2003, Harrison et al. 2009, Wohl et al. 2015), and 

biological metabolism within reservoirs produces carbon dioxide and methane emissions 

(Deemer et al. 2016). Reservoirs can increase or decrease organic carbon transport (Ulseth and 

Hall 2015, Angradi 1993). This is especially true for larger reservoirs that commonly have 

seasonally variable water storage volumes and long water residence times.  Midwestern 

impoundments in particular can lead to the burial of a large percentage of organic carbon inputs 

(Downing et al. 2008).  

Within reservoirs, water retention time has been found to be an important predictor for 

suspended algal production (as indicated by chlorophyll-a concentrations) and nutrient 

transformations (Bowes et al. 2012, Neal et al. 2006, Lucas et al. 2009, Soballe and Kimmel 

1987, Honti and Istvanovics 2010). Rivers without impoundments were thought to be too deep 

and turbid, and water residence time too short, to allow for the extensive production of river 

phytoplankton (Vannote et al. 1980, Lewis 1988, Cole et al. 1992). While numerous 

phytoplanktonic species are found in rivers (Kohler et al. 2002, Reynolds 2000, Descy et al. 

2012, Reynolds and Descy 1996), phytoplankton in rivers was thought to originate from lakes 

rather than representing growth of an extant population (Reynolds and Descy 1996). The 

development of phytoplankton in free-flowing reaches of rivers has been difficult to evaluate 

because dams are ubiquitous along most larger rivers (Welker and Waltz 1998, Wehr and Thorp 

1997). Reservoirs are important for understanding P cycling and algal dynamics within and 

downstream of reservoirs because the contribution of suspended chlorophyll-a to particulate 

organic matter and nutrients in rivers varies from small amounts to a significant proportion 
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(Bukaveckas et al. 2011, Houser et al. 2010, Dolph et al. 2017). The role of suspended algal 

production in nutrient uptake in rivers is known to be important (Hall et al. 2016. Reisinger et al. 

2015). Short water retention times prevent algal production and reduces nutrient uptake (Smith 

2016, Ameziane et al. 2003).  

Downstream of dams, the abundance of suspended algae often diminishes; loss 

mechanisms such as deposition, filter feeders and macrophytes are thought to be important 

(Strayer et al. 2008, see also Monaghan et al. 2001 for smaller streams). A rich literature exists 

on the ability of filter-feeders to reduce chlorophyll-a concentrations, and this has been studied 

extensively in the case of invasive zebra mussels and their ability to transform food webs (Alpine 

and Cloern 1992, Caraco et al. 1997, Descy et al. 2003, Descy 2012, Strayer et al. 2004). As 

reservoir-derived phytoplankton decreases, inorganic nutrients such as SRP can increase (Welker 

and Walz 1998). Documentation of chlorophyll-a and nutrient patterns downstream of a run-of -

river reservoir under a range of discharges can help improve our understanding of production of 

suspended algae and its downstream fate.  

The Kalamazoo River of southwest Michigan has multiple impoundments, like many 

rivers in the Midwest U.S., with several shallow run-of-river reservoirs along the main channel. 

Chlorophyll-a has been observed to decrease in river waters downstream of Morrow Lake (Reid 

and Hamilton 2007). Algal production in medium sized rivers such as the Kalamazoo River has 

not been well studied. Medium-sized rivers are transitional between the better studied small 

streams and large rivers. Generally, the amount of phytoplankton biomass carried in medium 

sized rivers is unknown, and such rivers can be shallow and transparent enough to have high 

benthic algal production. This work examines how a run-of-river impoundment on the 

Kalamazoo River which is characterized by a short water residence times relative to other 
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impoundments affects the concentrations of nutrients and algae within the reservoir, and how 

these effects propagate downstream of the reservoir. Data were collected over various discharges 

to examine patterns of chlorophyll-a, nutrients, total suspended solids, and water clarity. 

 

METHODS 

Study site 

The Kalamazoo River is located in Southwest Michigan (Figure 1). The watershed area is 

5230 km2 with a mean discharge of 38 m3/s. The entire river runs 260 km. The study area in the 

Kalamazoo River has side channels, backwaters and floodplains, some of which have been lost 

in the vicinity of the urban areas of Battle Creek and Kalamazoo (Rachol et al. 2005). The two 

largest reservoirs are Morrow Lake and Lake Allegan. Morrow Lake is on average 1.6 m deep 

and has a water residence time ranging from 2-7 days. Lake Allegan, about 69 km downstream 

of Morrow Lake, is a larger reservoir, on average 3 m deep, and has a longer water residence 

time of 3-11 days (Reid and Hamilton 2007). Five smaller dams were built between Lake 

Allegan and Morrow Lake around the turn of the century. These dams were decommissioned and 

partially removed, leaving a section of river that is semi-impounded. These reservoirs have short 

water retention times of less than one day each (Reid and Hamilton 2007). A dam downstream of 

Plainwell was removed in 2009, another one downstream of Otsego is in the process of removal 

at the time of this writing, and several others are failing and slated to be removed.   

 

Sample collection 

Our approach was to conduct frequent longitudinal sampling under periods of stable flow 

between storms. Sampling baseflow conditions became challenging because of unexpected and 
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frequent storms beginning in 2008 and becoming more frequent in 2011. The year 2012 had a 

particularly warm spring and almost no large rain events, and discharge was more stable. In the 

summer of 2008, samples were collected nearly biweekly. In 2009, samples were collected 

monthly. In 2010, water samples were collected over a course of one month, and then monthly. 

Sampling was monthly in 2011 from May to October. In 2012, water samples were only taken in 

the first weeks of July and October.  

I used a semi-Lagrangian approach to sample chlorophyll-a and nutrients along a 

longitudinal transect during periods of a few days of relatively stable flow. I assumed that the 

samples across the transect reflect changes experienced by a parcel of water moving through the 

system (Doyle and Ensign 2009). Lagrangian sampling can identify hotspots or provide insights 

into the spatial distribution of ecosystem processing (Hensley et al. 2014, Volkmar et al. 2014. 

Zhang et al. 2013, Houser et al. 2010). Lagrangian sampling designs have also been employed in 

flow path studies through the hyporheic zone to reveal nutrient transformations (Briggs et al. 

2014, Zarnetske et al. 2011, O’Brien et al. 2012). Lagrangian approaches have been used to 

understand the role of filter feeders in reducing phytoplankton in rivers (Welker and Walz 1998, 

Basu and Pick 1997, Scherwass et al. 2010). Studies using a semi-Lagrangian approach have 

been performed to track changes in nutrients and suspended chlorophyll-a along a longitudinal 

transect over time and help to understand the role of dams in affecting river water quality (Oliver 

et al. 2014, Zhang et al. 2013). Baker et al. (2014) used this approach to understand nutrient 

dynamics during storm events.  

The river was sampled on average every 6 km, with up to three sites upstream of Morrow 

Lake and twelve downstream, between Morrow Lake and Lake Allegan. Samples were collected 

by section, so sites above the reservoir, downstream of it, or in the semi-impounded reaches were 
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collected on the same day.  I sampled when flows were stable and avoided high runoff events 

following storms, except in June 2008. Sampling occurred on the rising limb of the flood pulse in 

early June 2008. I did not calculate the transit time of water flow along the river because detailed 

geomorphology was not available, and therefore I was not necessarily following the same parcel 

of water. By sampling during periods of stable flow, I may be able to obtain an “average” of 

river processes.   

 As described in Chapter 3, a major oil spill occurred in late July 2010, followed by 

aggressive clean-up measures in the river system at and above Morrow Lake. I did not include 

any nutrient measurements from after July 2010 to October 2010 in this chapter because this was 

soon after the oil spill. Nutrient concentrations were different in samples collected in the days 

after the spill, but nutrient patterns appeared to quickly become comparable to previous 

measurements (Chapter 3). Data from May and early July 2011 were included while clean-up of 

an oil spill was ongoing because water chemistry appeared comparable to previous years. Intense 

river clean-up was particularly evident in the August 2011 total suspended solids data (Bejarano 

et al. 2012, Chapter 3). Additionally, the summer of 2011 was distinctive in that frequent storms 

decreased water residence times relative to average. The river was at a high flow period most of 

the summer, which likely reduced reservoir water residence times, and thus concentrations of 

chlorophyll-a.  Data from 2012 suggest that nutrient and chlorophyll concentrations in the river 

had mostly recovered from the 2010 oil spill.  

 

Hydrochemical measurements 

Water samples were collected using a dip sampler (2008-2009) and filtered in the field 

(2010-2012) or put on ice and filtered the day of collection. Samples were filtered through a 0.45 

micron Supor filter. Total suspended solids (TSS) concentrations were measured on pre-weighed 
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filters; samples were dried at 60 °C and reweighed within one month. Ammonium was measured 

on filtered water using the phenylhypochlorite method (Aminot et al. 1997). Nitrate (filtered 

water) was measured by membrane suppression ion chromatography. Soluble reactive P (SRP; 

filtered water) was analyzed using the acid molybdate method (Wetzel and Likens 2000). Total 

phosphorus (unfiltered water) and total dissolved phosphorus (filtered water) was determined by 

persulfate digestion (Valderrama 1981, Langner and Hendrix 1982) followed by SRP analysis. 

Samples were run analyzed five days of collection except for total P. Particulate P was calculated 

as the difference between total P and total dissolved P. Soluble organic P was calculated as the 

difference between SRP and total dissolved P. 

Chlorophyll a was measured on particulate matter collected by filtration onto an ashed 

A/E glass fiber filter (450oC for at least one hour) that was frozen until analysis. Chlorophyll-a 

analysis was performed by cutting a subsample of the filter and extracting pigments in 95% 

ethanol for 24 hours at 4oC (Welschmeyer 1994). Storage tests suggested that there were not 

significant reductions in chlorophyll-a for up to 3 months. Samples were analyzed within one 

month except for 2010 and 2011, when samples were measured after one year of frozen storage. 

Storage tests suggest that chlorophyll a may have been reduced by 50% after six months and 

remained stable for two years. The reduction is possibly due to automatic defrosting of freezers 

(Chapter 2, Appendix 1). Suspended chlorophyll-a measurements from 2010 and 2011 could be 

reduced by up to 50%, but also were comparable to measurements made in 2004, 2008 and 2009, 

however, so whether such large changes really occurred is uncertain. No corrections were made 

to 2010 or 2011 to suspended chlorophyll-a. 
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Data analysis 

Each site downstream of Morrow Lake was compared using paired t-tests to compare the 

upstream reference site to each site downstream after grouping measurements on all dates for a 

particular site (Orr et al. 2008). My upstream reference site was at the Fort Custer State 

Recreation Area, which was the second site upstream of Morrow Lake. Note that this site is 

different from nearby sites sampled by Reid and Hamilton (2007) and Baas (2009). There are 

slight differences between the Fort Custer Recreation Area and Galesburg, MI sampling sites in 

water chemistry variables (Chlorophyll-a, TSS, DIN and P fractions), but they were not 

statistically significant differences for any of these variables. Paired t-tests were also conducted 

to compare water quality variables between a high (2010 or 2009) vs. low flow summer (2012). 

Lastly, seasonal variation in hydrochemistry was compared between July 2012 and October 2012 

and July 2009 and October 2009. 

I acknowledge that groundwater inputs are important across my longitudinal transect: 

discharge data from days with hydrochemical measurements for the Battle Creek (4105500) 

(mean 19.8 m3/s) and Comstock (4106000) (mean 28.5 m3/s) gauging stations show the river 

always gains discharge in that reach (DF=20, -4.59, p<0.05).  While not necessarily an indicator 

of groundwater inputs, conductivity decreases downstream of Morrow Lake compared to the 

upstream site. 

 

RESULTS 

Discharge and residence time 

Discharge of the Kalamazoo River is typical of rivers of the temperate Midwest U.S., 

tending to be lowest during the summer and fall, with the highest flows corresponding with 
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spring rains and snow melt (Figure 1.2, Table 1.1). River discharge in 2008, 2009, 2010 and 

2011 was higher than the annual average discharge. 2003 had the lowest annual average 

discharge in this study. The annual discharge in 2007 was overall higher than average, while 

overall discharge in the 2012 summer was close to average.  

High summer flows occurred in 2008-2011 as a result of frequent strong storms (Figure 

1.2). Summer discharge in 2004, 2008 and 2009 were statistically above average compared to the 

long-term summer mean. Discharge in the summers of 2003, 2007 and 2012 were years with 

summer daily discharge below the mean. In 2008, early May discharge was close to average (30 

m3/s) but increased due to a storm in early June and July (to 56 m3/s). Discharge decreased to 

13.5 m3/s by August 2009, which was comparable to the lowest discharges in the summers of 

2003 and 2012. Discharge in 2009 was above 50 m3/s through June 2009, but decreased to 17 

m3/s in late July followed by an early August storm that increased discharge again. Summer 

discharge in 2010 and 2011 was higher than the long-term mean because heavy rains occurred 

through the summer. Discharge was particularly high (above 50 m3/s) through spring into early 

July in 2010. Discharge decreased to 20 m3/s through July until a large flood occurred at the end 

of July, and discharge increased to 90 m3/s. The summer of 2012 was distinct because discharge 

was 30 m3/s by early May, decreased to 20 m3/s by the end of May, and decreased to 8.5 m3/s in 

July, which was nearly half of the 2010 discharge during the summer.  

Water residence times in Morrow Lake varied inversely with discharge since the 

reservoir volume is approximately constant. Water years in which discharge was above average 

had a mean water residence time of ~3 days for both annual and summer means (Table 1.1). 

Summers with particularly high discharges (2010 and 2011) had water residence times below 3 

days, though water residence time increased to up to 5 days by the end of July 2011. Years with 
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relatively low summer discharges had water residence times ~5 days. Low flow summers had 

water residence times averaging ~5 days (2007) to ~8 days in July (2003 and 2012). The summer 

2012 had the lowest discharge with water residence times of over 6 days. The average annual 

water residence time at Morrow Lake was ~3-4 days for years with average to above average 

annual discharge years (2004-2012) and 5 days for the low-discharge year 2003.   

 

Algal production and loss along a longitudinal transect 

Chlorophyll-a had distinct longitudinal patterns along the river (Figures 1.3 and 1.4). 

Chlorophyll-a concentrations were similar above the Morrow Lake reservoir among years. 

Above the reservoir, chlorophyll-a was usually ~3 µg/L even under different discharges (Figure 

1.5). Suspended chlorophyll-a usually increased markedly at the first sampling site downstream 

of the Morrow Lake reservoir, often by 15-25 µg /L, but this varied depending on the water 

residence time in the reservoir (Figure 1.4, Table 1.1). The chlorophyll-a increase, from ~3 to 

~20 µg /L, started in early May and peaked around late July through August (Figure 1.3). By the 

most downstream sampling site, chlorophyll-a never returned to concentrations comparable to 

above Morrow Lake in summers with above average discharge (Figure 1.4). Chlorophyll-a did 

not decrease in late July even when discharge decreased to that observed in low flow summers 

(2008, 2009). In summers with below average discharge, chlorophyll-a concentrations decreased 

by 16 km downstream of the dam to concentrations as low as or lower than those above the 

reservoir (Figure 1.4). Further downstream, algal concentrations were low, though they tended to 

become higher in the semi-impounded reaches in 2003. Under high flow periods or years (2004, 

2008-10), when chlorophyll-a did not decrease markedly downstream of Morrow Lake, 

chlorophyll-a remained high through semi-impounded reaches. However statistically, 

chlorophyll-a was only greater to 30 km downstream. 
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Suspended chlorophyll-a patterns in June and July 2009 were comparable to chlorophyll-

a patterns observed in the same months in 2008. Chlorophyll-a remained high downstream of 

Morrow Lake and through the semi-impounded reaches (Figure 1.5). The summer 2009 

discharge was similar to 2008 with a large rain event in early August. By the end of August, 

chlorophyll-a in the river was low with little increase in algae as water moved through Morrow 

Lake, unlike what was observed in August 2008. Chlorophyll-a concentrations in July 2010 were 

similar to those sampled in July 2008 and 2009 (Figure 1.5). Monthly measurements of 

chlorophyll-a in 2011 were never as high as 2008, 2009 or 2010, likely because water residence 

times were particularly short (Table 1.1). However, considering that chlorophyll-a in samples 

was measured after one year in freezer storage, it is possible that chlorophyll-a was degraded and 

hence measured concentrations are likely lower than expected (Chapter 2). Additionally, 

submerged oil was still present in Morrow Lake and sediment disturbance associated with oil 

recovery may have had an impact on chlorophyll-a (Chapter 3). Concentrations in July 2012 

were comparable to measurements made in 2003 and 2007. Chlorophyll-a increased to 30 µg/L 

and decreased to ~5 µg/L by 16 km downstream. Chlorophyll-a concentrations remained low 

downstream to a distance of 60 km. 

Suspended chlorophyll-a concentrations in all years combined were statistically greater 

below Morrow Lake until a distance of 30 km downstream (Figure 1.5, Table 1.2). Downstream 

of Morrow Lake chlorophyll-a concentrations usually diminished markedly. Chlorophyll-a was 

statistically higher in 2009 (a high discharge year) than in July 2012 (a low discharge year). 

Chlorophyll-a remained higher below Morrow through early October in 2012. This was not the 

case at the end of September 2009, where chlorophyll a was low and 1 µg /L through the river 

(Figure 1.5, Table 1.2). 
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Phosphorus concentrations 

Total phosphorus (TP) concentrations along the river averaged 49 µg/L with all dates and 

sites combined (Figure 1.6). TP was higher in the lower discharge years of 2012 and 2003 

compared to higher discharge years (Figure 1.6, Table 1.2). Early in the season, TP was 50-60 

µg/L with occasional TP measurements of ~100 µg/L. Overall, TP appeared to be decreasing in 

concentration in the river system from 2003-12, with mean concentrations declining from ~80 to 

~50 µg/L. Compared to the reference site above Morrow Lake, differences in TP were not 

statistically significant immediately downstream of the reservoir, but were greater between 8 to 

30 km downstream, although not further downstream in the semi-impounded reaches. The City 

of Kalamazoo’s wastewater effluent enters the river at 6 km downstream of the dam and could 

augment TP concentrations in the river. 

Even though TP increased along the river, TDP and its components (soluble reactive and 

dissolved organic P) did not statistically increase compared to above Morrow in the downstream 

reaches (Figure 1.7, Table 1.2). These fractions of P had high variance. However, there was a 

distinct longitudinal pattern that was related to high and low discharge summers (Figure 1.7, 

Table 1.2). TDP concentrations were higher in July 2012 (below average discharge) than 

summer 2009 (above average discharge). During the summers of 2010 and 2009, TDP was less 

than 50% of TP, while TDP was a large percentage of TP in the summer of 2012. By the end of 

September, TDP was up to 75% of TP for both 2012 and 2009, and TDP was higher in July 2012 

compared to October 2012.  

Like TDP, SRP did not significantly differ above and downstream of Morrow Lake 

(Figure 1.7, Table 1.2). Instead seasonal patterns were important. SRP comprised much of the 

TDP, especially in Summer 2012 where there was more SRP in July 2012 than the summer of 
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2009. SRP in the summer of 2012 was almost two times higher than 2010, but I have no 

measurements of SRP in 2009. In 2012, SRP composed almost all of TDP and composed almost 

75% of TP in both July and October while SRP was less than 25% of TDP in 2010 and 2009. 

SRP composed a large percentage of TDP and TP in early October of all years measured. I have 

fewer measurements of dissolved soluble organic P (DOP), but the fraction of TDP that was 

organic was small. DOP was 5- 10 µg/L and did not statistically increase or decrease along the 

river. DOP composed 20-50% of TDP, and SRP composed a greater proportion of TDP than 

DOP. DOP only composed a large proportion of TDP in late fall of 2009. Statistically DOP was 

higher in summer 2012 than 2010, but the difference was only a few µg/L, DOP did not differ 

between July and Oct 2012. Among the P fractions, DOP seemed least related to discharge in 

summer.  

Particulate-P (PP) was ~20 µg/L averaging all data. While PP appeared to increase 

downstream of Morrow Lake, there were no significant differences between above and below 

Morrow Lake (Figure 1.7, Table 1.2). Sites at 4 km and 16 km were different, but at 30 km, PP 

was not different from the reference site. More importantly, PP concentrations were higher in the 

summer of 2009 and 2010 than 2012. The difference in PP was smaller than the difference in 

TDP between a high (2009) and low (2012) discharge summer. PP was only 10 µg /L greater in 

2009 compared to July 2012. PP composed a small proportion of TP by early October in both 

high and low flow years. There were larger differences between summer and fall PP 

concentrations. PP was 20 µg/L in July compared to 5 µg/L in early October.  

Phosphorus patterns appeared to follow chlorophyll-a patterns, and these patterns were 

related to the production and loss of algae. Chlorophyll a and SRP followed a distinct pattern, 

and the fraction of TP that was SRP appeared to be related to discharge. TP, TDP and PP 
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concentrations were approximately constant with distance along the river when all years are 

averaged. However, higher– and lower–discharge summers showed clearer patterns along the 

river. Summers with low discharge had lower chlorophyll-a and slightly lower PP, but higher 

SRP and TDP. In fall, there was less PP and more SRP or DOP. In 2012, TDP increased as 

chlorophyll-a decreased, and TDP followed the chlorophyll-a loss pattern. By the end of 

September and into October, suspended chlorophyll-a decreased and TDP increased, marking the 

end of the algal growing season. 

 

Nitrogen and suspended sediments 

Nitrate concentrations show clear longitudinal patterns (Figure 1.8, Table 1.2). Nitrate-N 

concentrations were on average ~1 mg/L upstream of the reservoir, and decreased to ~0.8 mg/L 

downstream, and reached as low as 0.4 mg/L during a period of low discharge in 2012. Nitrate 

always decreased as water passed through the Morrow Lake reservoir (Figure 1.8, Table 1.2). 

Nitrate reached the lowest concentrations immediately downstream of Morrow Lake, and 

returned to concentrations comparable to the upstream site by 30 km downstream. Nitrate 

decreased along the river and this was observed in all seasons where measured and was lowest 

by the end of July and August. Nitrate was significantly lower in July 2012 (Table 1.2), and 

nitrate was not reduced in October 2012. Through the semi-impounded reaches, nitrate did not 

increase or decrease, and concentrations were comparable to upstream.  

In contrast to nitrate, ammonium concentrations did not decrease downstream of Morrow, 

and concentrations were variable along the river. Ammonium appeared to increase downstream 

of the reservoir during late summer in mid-August 2009, July 2011 and July 2012, and then 

appeared to return to concentrations comparable to above Morrow Lake by 30 km downstream. 

However, despite these apparent patterns, ammonium concentrations at the downstream sites 
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were not statistically different from the upstream reference site for any site downstream. 

Ammonium did not change through the semi-impounded reaches (Figure 1.9, Table 1.2). 

Ammonium concentrations were higher in July 2012 than 2009, and ammonium was higher in 

July 2012 than October 2012. 

Total suspended solids (TSS) concentrations were usually < 20 mg/L (Figure 1.10, Table 

1.2). TSS ranged in each site from 2-15 mg/L. Changes in TSS along the river were not 

statistically significant overall even though TSS sometimes appeared to increase within the semi-

impounded reaches. Total suspended solids were higher under high flow conditions in July 2009 

than in July 2012. Both chlorophyll-a and TSS are positively correlated with particulate P 

(Figure 1.11); algal biomass may be a significant component of the TSS below Morrow Lake.  

Transparency as measured by turbidity tube was typically > 80 cm (Table 1.2). Above the 

reservoir, turbidity tube measurements were often greater than 120 cm (the length of the tube). 

Downstream of the reservoir, turbidity tube transparency was reduced to ~90 cm (Table 1.3, 

Table 1.2).  Transparency increased further downstream, then decreased in the semi-impounded 

reaches.  

Concentrations of sodium, sulfate and chloride ranged from 30 to 40 mg/L. Calcium was 

higher and ranged from 70 to 80 mg/L (Table 1.3).  Conductivity was higher in summer 2012 by 

50 µS/cm (Table 1.2). 

 

Dissolved oxygen and temperature 

Dissolved oxygen in the river ranged both above and below atmospheric equilibrium 

(Figure 1.12, Table 1.2). The upstream reference site was often undersaturated, but oxygen 

concentrations increased significantly immediately downstream of the Morrow Lake reservoir, 
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often showing considerable supersaturation. Dissolved oxygen measurements also were above 

saturation in the sites at 16- and 30-km downstream, and many measurements were above 

saturation in the semi-impounded reaches. Dissolved oxygen was significantly greater than 

above Morrow Lake in almost all sites downstream of Morrow Lake. Temperature significantly 

increased by 1 °C downstream of Morrow to 16 km (Table 1.3); this extended downstream to 16 

km, and the river was warmer in July 2012 than 2010 based on our temperature measurements. 

 

DISCUSSION 

The Morrow Lake reservoir on the Kalamazoo River is a run-of-river design with short 

water residence times that cause the conditions to be more lotic at higher discharges but more 

lentic at the lowest discharges. Low discharges tend to occur in the summer and fall but do not 

occur every year. The role of run-of-river reservoirs in altering suspended material in the river 

was variable in this study. While TP appeared to increase downstream of Morrow (Figure 1.6), 

the net P balance (i.e., retention vs. release) as water passes through the reservoir work did not 

support a consistent directional pattern. Longitudinal trends of TDP, PP, SRP, DOP, TSS, and 

ammonium showed high variance throughout the year (Figures 1.7,1. 9, 1.10). There was no 

significant difference for these nutrients between upstream and downstream of Morrow Lake 

when using a paired-t-test. Some nutrients such as phosphorus and its fractions appeared coupled 

with phytoplankton biomass (as measured by chlorophyll-a) from Morrow Lake, while other 

nutrients such as ammonium did not. At longer water residence times during below average 

discharge summers, I observed the greatest increases in chlorophyll-a and nutrient changes that 

were propagated for a limited distance downstream. TP and conductivity increased along the 

river downstream of 8 km, which was observed previously (Reid and Hamilton 2007 and Baas 
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2009). Only nitrate showed a consistent longitudinal pattern regardless of flow (Figure 1.8), 

where it decreased below the reservoir and then increased downstream, and its loss and regain 

will be discussed (needs discussion). 

 

Production of algae in Morrow Lake and effects on water quality 

This study highlights that increased water residence times allow the production of algae 

in nutrient-rich reservoirs. Algal production from Morrow Lake may continue to develop even 

when nutrient levels decrease, delaying water quality improvements in downstream Lake 

Allegan downstream, as has been observed in other river systems (Bukaveckas and Crain 2002, 

Honti and Istvanovics 2010, Bowes et al. 2012). The observation that most samples above 

Morrow contained substantial concentrations of P in the bioavailable form of SRP could indicate 

that short water retention times were limiting production in the Kalamazoo River (see Smith 

2016). Reservoirs, or in the case of the Kalamazoo River, multiple reservoirs in series, appear to 

be important sources of algae in suspension (Reid and Hamilton 2007). High nutrient 

concentrations on the Fox River in Illinois led to high chlorophyll-a in multiple reservoirs (sensu 

Santucci et al. 2005). As in my study, water residence time was particularly important in 

explaining variation in algal production rivers in addition to nutrients (Soballe and Kimmel 1987, 

Koch et al. 2004, Neal et al. 2006. Lucas et al. 1999, Sellers and Bukaveckas 2003, Ameziane et 

al. 2003), light limitations (Philips et al. 2000, Koch et al. 2004, Knowlton and Jones 2000), and 

temperature (Wehr and Thorp 1997, Knowlton and Jones 2000, De Jager and Houser 2012).   

Reservoirs on rivers can also improve water quality downstream by reducing TP and TN 

concentrations (Powers et al. 2015, Oliver et al. 2014), though under certain conditions, reservoir 

sediments have also been observed to release P (Powers et al. 2015, Harrison et al. 2009, Baas et 

al. 2009, Zhang et al. 2013). Sediment P release from Morrow Lake has been ascertained but is 
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variable from year to year (Reid and Hamilton 2007, Baas 2009). A natural lake on the Upper 

Mississippi River trapped P and suspended solids, though sediments could also be a source of 

SRP leading to eutrophication (Engstrom et al. 2009, Houser et al. 2010, James and Barko 2004). 

The Conowingo Dam on the Susquehanna River traps sediment and P, although its storage 

capacity is decreasing more quickly than anticipated and high flow events have released 

sediments and associated P (Zhang et al. 2013). 

Nitrogen transformations can also be important in reservoirs. This study found that nitrate 

decreased during the growing season in Morrow Lake, which like other reservoirs could be 

important for N reduction and denitrification in the river system (Wall et al. 2005, Finlay et al. 

2013). A longitudinal study of nutrients on the Klamath River found that dams reduced nitrate  

(Oliver et al. 2014). Thus, the role of reservoirs on nutrient transport and algae production in 

rivers is variable and not necessarily predictable. The Kalamazoo River highlights that reservoirs 

in series are very common and have important implications for nutrient transport where 

chlorophyll-a remained high (Santucci et al. 2005, Zhang et al. 2013, Oliver et al. 2014). 

 

The downstream fate of chlorophyll and nutrients 

Year to year variation of discharge and water residence time was important for the effects 

of Morrow Lake on nutrients, which appear related to algal growth and also the downstream fate 

of algae from Morrow Lake. When summer discharge was average (2008) to above average 

(2004, 2009, 2010, 2009), water residence time was low, and suspended chlorophyll-a 

concentrations did not peak as high downstream of Morrow. In these high discharge summers, 

suspended chlorophyll-a, TSS and PP did not decrease back to concentrations comparable to 

above Morrow even when discharge decreased in late July.  
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Sediment resuspension events could partly explain the high chlorophyll-a downstream of 

Morrow Lake. Suspended algae may originate from scoured benthic algae during high discharge 

events in addition to the growth of phytoplanktonic algae (Istvanovics and Honti 2011, Paul and 

Hall 1996, Newbold et al. 2005. Knowlton and Jones 2000). Summers with below average 

discharge (2003, 2007 and 2012) had higher chlorophyll-a peaks downstream but chlorophyll-a 

decreased to resemble upstream concentrations by 16 km, as was also observed by Reid and 

Hamilton (2007). TP concentrations were particularly low in 2012, which may reflect the lack of 

resuspension events that summer.  

SRP composed a large percentage of TP upstream of Morrow while PP was a greater 

percentage downstream of Morrow. SRP increased as chlorophyll-a decreased in a low flow 

summer (Figure 1.7). Like our study, SRP increased longitudinally when chlorophyll-a 

decreased downstream from the lake in the River Spree (Welker and Waltz 1998). Like this 

study, SRP was a large component of TP as has been found in other river studies (James and 

Larson 2008, Baker et al. 2014a, 2014b). Chlorophyll-a can increase during low flow periods, 

drawing down SRP when chlorophyll-a was highest (James and Larson 2008). This indicates the 

importance of suspended algae in P uptake (Welker and Waltz 1998, Basu and Pick 1997, James 

and Larson 2008). Chlorophyll-a, PP and TSS are related, suggesting that algal biomass was an 

important contributor to both PP and TSS in the Kalamazoo River at times of high chlorophyll 

concentrations. 

However, not all rivers show such strong patterns between SRP and chlorophyll-a. 

Chlorophyll-a in rivers exhibits a large range and high chlorophyll-a may reflect input from 

locations upstream (Knowlton and Jones 2000) or chlorophyll-a could peak at more intermediate 

distances (Basu and Pick, 1997, Bukaveckas et al. 2011, Houser et al. 2010, Minaudo et al. 2015, 
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Oliver et al. 2014, Dolph et al. 2017). Above Morrow Lake, chlorophyll-a did not exhibit large 

increases during high or low flows highlighting the complex patterns of suspended algae in 

rivers. Increased water residence time by Morrow Lake was important for increasing 

chlorophyll-a in the Kalamazoo River.  

The differences in PP and TSS between high and low discharge summers was small, and 

there was no statistical difference between above and below Morrow Lake for PP and TSS. This 

suggests that riverine particulate P was composed of both inorganic and organic fractions 

(Russell et al. 2001, James and Larson 2008, Withers and Jarvie 2008, Findlay et al. 1996, 

Howarth et al. 1996, Knowlton and Jones 2000). Suspended solids collected from the Kalamazoo 

River were primarily in the silt size range (Fitzpatrick et al. 2015), and the river contains a high 

amount of fine particulate organic matter (Cummins et al. 1981). Algae in FPOM vary with the 

contribution of terrestrial organic matter, and macrophytes, as inferred from natural abundances 

of stable carbon isotopes (Kendall et al. 2001, Angradi 1993, Bianchi et al. 2007, Wissel et al. 

2005, Cloern et al. 2002).  The contribution of suspended algae and phytoplankton to particulate 

organic matter varies from a small percentage to 50%, in larger rivers (Bukaveckas et al. 2011, 

Admiraal et al. 1992, Knowlton and Jones 2000, Sellers and Bukaveckas 2003, Neal et al. 2006, 

James and Larson 2008, Dolph et al. 2017, Houser et al. 2010). While PP can be bound in algal 

biomass, PP in rivers can also be bound with minerals like Fe (James and Larson 2008, Baker et 

al. 2014a, 2014b). The other components of PP besides algae in the Kalamazoo River are not 

known, but the contribution of algae to suspended material likely increased downstream of 

Morrow.  These observations are also supported by Bass (2009), who used mixed-models to 

identify periods when TP transport in the Kalamazoo River was either under hydrologic or 

biological control; biological control was considered to include sediment P release.  
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Longitudinal patterns of nutrients along the Kalamazoo River  

Summers with low discharge had the lowest nitrate, slightly higher TP, and higher TDP, 

SRP and ammonium concentrations. Nitrate concentrations were reduced by nearly half in the 

lowest flow summer. While nitrate decreased, SRP and ammonium were surprisingly not more 

reduced by the reservoir nor downstream in the river. While SRP longitudinal patterns could 

possibly be explained by chlorophyll-a patterns, ammonium cannot. Rivers are known to be 

important for nutrient uptake, and uptake lengths of nutrients in river could be longer for nitrate 

than ammonium (Tank et al. 2008, Hall et al. 2013, Ensign and Doyle 2006, Dodds et al. 2008) 

and SRP (Hall et al. 2013, Ensign and Doyle 2006). Lagrangian sampling with higher 

frequencies than this study have found sections of river with possible “hotspots” for nitrate 

uptake and denitrification (Powers et al. 2012, Hensley et al. 2014). Observed decreases in 

nitrate could possibly be explained by denitrification along the river. The Kalamazoo River has 

abundant side channels and slackwater habitats, especially above Morrow Lake that could have 

low or no nitrate (Hamilton unpublished data). Side channels and floodplains could reduce flow 

and be sites for denitrification (Welti et al. 2012, Pfeiffer et al. 2006, Gergel et al. 2005, Forshay 

and Stanley 2005, Houser et al. 2010, Knowlton and Jones 1997). However, sediment release in 

backwater habitats could be a source for SRP (Schonbrunner et al. 2012, Houser 2016, De Jager 

and Houser 2012, Pongruktham and Ochs 2015). A flow-through wetland experiment found that 

nitrate was reduced, but ammonium was released by decomposition (O’Brien et al. 2012). This 

might explain our higher than expected ammonium concentrations along the river, and the 

increases in nitrate downstream of Morrow Lake.  

A second source for nutrients is from the discharge of treated wastewater from the City of 

Kalamazoo wastewater treatment facility (WWTF), which enters the river at about 6 km 
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downstream of Morrow Lake. The 4 km site  is upstream of the wastewater treatment facility of 

the city of Kalamazoo, and the 8 km site is below the Kalamazoo WWTF, with additional 

facilities downstream (Reid and Hamilton 2007). In our study, the impact of the WWTF was 

evident in the lowest flows in 2012, as other studies have found (Bowes and et al. 2003, James 

and Larson 2008). I only observed large increase of SRP and NH4
+ between these two sites in 

October 2012 when discharge was lowest. The effect of the WWTF on TP loading in the river 

has been determined since 2012 based on monitoring of the discharge; data compiled on 

kalamazooriver.net (maintained by Keiser & Associates) indicate 9,282 lbs per year. TP were 

discharged over Apr-Sep 2015. During that same period, the outflow from Morrow Lake was 

monitored more frequently by Keiser & Associates, who estimated a TP load above the WWTF 

of 91,306 lbs. TP. Thus, on average the WWTF only augments the river TP load by about 10% 

during Apr-Sep. Nonetheless, it is possible that short-term variation in effluent discharge 

produces pulses of greater importance. The effect of the WWTF effluent on other variables I 

measured is unknown, and nitrate, ammonium and SRP sources could be from sediments or 

WWTFs (Russell et al. 1998, Bowes et al. 2003). Currently, my study found the nitrate reduction 

downstream of Morrow returned to concentrations comparable to Morrow by 16 km. Our semi-

Lagrangian approach cannot determine if denitrification was important in Morrow Lake (Wall et 

al. 2005), and then new nitrate, ammonium and SRP sources were important further downstream. 

Alternatively, algal uptake and release was important for observed patterns in nitrate (sensu 

Finlay et al. 2013). Algal growth in Morrow Lake appears important for driving much of the 

longitudinal patterns in the Kalamazoo River, but nutrient release from sediments and WWTF 

are likely contributing to the patterns.  
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Possible mechanisms of downstream losses  

River size appears to be important for the distance that suspended algae travel 

downstream. In this study, chlorophyll-a concentrations were elevated for 16 km (below average 

discharge) or beyond the transect (above average discharge) (Figure 1.4). In small streams, 

plankton quickly disappears downstream of lake outfalls but may travel kilometers downstream 

in rivers with greater discharge (Table 1.4, Vadeboncoeur 1994, Monaghan et al. 2001, Palmer 

and O’Keefe 1990). Rivers the size of the Kalamazoo River show comparable results where 

chlorophyll-a from reservoirs could persist 20 km downstream (River Spree-Welker and Walz 

1998). Lagrangian sampling of the largest US rivers (Mississippi River, Missouri River and Ohio 

River) found chlorophyll-a was high and did not decrease along the river (Bukaveckas et al. 

2011). Reservoirs often occur in series (Palmer and O’Keefe 1990, Zhang et al. 2013, Oliver et 

al. 2014, Santucci et al. 2005), and multiple reservoirs that occur in series likely have an 

important role in river water quality increasing algal blooms by maintaining phytoplankton in the 

intervening reaches like I observed in the Kalamazoo River. 

Discharge was important for explaining patterns downstream of Morrow Lake. 

Downstream losses are thought to be explained either by grazing or sedimentation (Reynolds and 

Descy 1996, Kohler et al. 2002, Admiraal et al. 1992). Discharge has been shown to be 

particularly important for determining how filter feeding grazers impact plankton (Descy et al. 

2012, Lucas and Thompson 2012, Strayer et al. 2008). The Kalamazoo River has 

hydrogeomorphic characteristics where it the river gains shallow bathmetry and decreased flow 

becomes wide and shallow (Rachol et al. 2005). Sedimentation could increase in these areas as 

increased residence times, shallow depth and bed structure could be important for explaining 

variation of the downstream losses of algae and the fate of nutrients (Doyle et al. 2003, Powers et 
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al. 2013, Hensley et al. 2015, Hein et al. 2005, Kohler et al. 2002). A thick mat of macrophytes 

(Potamogeton spp.) grew in the Kalamazoo River between 8 and 16 km, which likely increased 

sedimentation of the algae exported from Morrow Lake (sensu Chandler 1937, Hamilton et al. 

1990).  

Grazers were also likely important for explaining downstream losses of reservoir derived 

algae. Hydropsychidae were very abundant on artificial substrata (Chapter 2). However, 

Monaghan et al. (2001) was able to remove filter feeders from a river reach showing such a 

decline, and their study concluded that other factors besides filter feeders were important for 

losses.  Additionally, Benke (2015) and Rosi-Marshall and Wallace (2002) did not believe 

caddisflies (filter-feeders) could account for a large proportion of seston loss, though filter 

feeders are important for the transformation of seston (Hershey et al. 1996). I was not able to 

quantify downstream losses by Corbicula fluminea even though those exotic mussels appeared to 

be abundant. A high discharge summer (2008) had high chlorophyll-a downstream of Morrow. 

Several high discharge events could reduce the ability of filter feeders to consume algae. This 

was preceded by a large Corbicula die off which would have reduced grazing pressure (Hamilton 

personal observation, McDowell et al. 2016). Filter feeders are important for the transformation 

organic matter and nutrients (Atkinson et al. 2014), and such studies have explained chlorophyll-

a standing stocks (Descy et al 2011, Minaudo et al.2015).  The Kalamazoo River highlights 

complicated effects of high discharge events, which can resuspend benthic algae and reduce the 

impacts of filter feeding (Strayer et al. 2008). 

 

The importance of benthic versus suspended algae in the Kalamazoo River  

The algae in the Kalamazoo River has yet to be identified, but the high water retention 

times within Morrow Lake allowed for phytoplankton production, which impacted nutrients 
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(Neal et al. 2006, Smith 2016, Admiraal et al. 1992). SRP appeared to be impacted by suspended 

algae, but other nutrient and dissolved oxygen measurements from this study also showed a large 

range driven by a combination of suspended algae, benthic algae, and aquatic macrophytes that 

was unique to each site (see Hall et al. 2016). Short water retention time and advection could 

limit phytoplankton production in the Kalamazoo River (Cole et al. 1992, Reynolds and Descy 

1996, Lewis 1988, Ameziane et al. 2003), but low flow habitats such as side channels and 

backwaters could allow for some phytoplankton production (sensu Rachol et al. 2005, Reynolds 

2000, Cole et al. 1992, Dzialowski et al. 2013, Hein et al. 2005), and meroplankton or benthic 

algae could be important (Istvanovics and Honti 2011). Based on a few samples, suspended algae 

above Morrow Lake were identified as largely benthic in origin but were more phytoplanktonic 

downstream (Reid and Hamilton 2007). This is also reflected in dissolved oxygen, which was 

generally below saturation above Morrow Lake, although dissolved oxygen increased to above 

saturation in late August (Figure 1.12). Turbidity ranged between 60 and over 120 cm, which is 

likely greater than the average depth of the river. Light limitation could limit algal production in 

many rivers, and is particularly important in the largest rivers (Houser et al. 2010, Dodds et al. 

2013, Knowlton and Jones 2000), but benthic algae were abundant along the river (Chapter 2).  

The site immediately downstream of Morrow Lake was supersaturated with oxygen, even 

at dawn, presumably driven by phytoplankton production, though also could be wind driven. A 

thick layer of epipelic algae grew in Morrow Lake by mid-summer, composed of Oscillatoria 

and various diatoms (personal observation).  These mats could cause oxygen depletion and 

consequent sediment P release beneath them, even when the overlying waters were oxygenated 

(Kraal et al. 2013. Carlton and Wetzel 1988). Wind resuspension (Sondergaard et al. 1992, 
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Istvanovics et al. 2004) could dislodge and disaggregate these mats and become a source of 

chlorophyll and P (Baas 2009).   

Epipelic algae could also be important in the semi-impounded reaches, where oxygen 

measurements were at or above saturation (Reid and Hamilton 2007, Figure 1.12). Oxygen 

suggest net algal production in this section of river (Figure 1.12). Patterns like Reid and 

Hamilton (2007) reported only appeared to occur in the semi-impounded reaches during below 

average summers. Even though chlorophyll-a remained high through these reaches, no nutrient 

changes were observed compared to upstream. The water residence times may be too short to 

produce substantial numbers of phytoplanktonic algae, but benthic algae could important in these 

reaches (Hamilton personal observation). This was also observed in a small estuary with low 

water residence times where nutrient uptake was observed to be in the benthos rather than in 

phytoplankton production (Tobias et al. 2003).  

Oxygen at sites at 16 and 30 km was above saturation though this was likely driven by 

thick beds of macrophytes and associated filamentous algae (personal observation) (Figure 1.12). 

Phosphorus fractions in late October may be explained by the seasonal decomposition of benthic 

algae and macrophytes.  Algal production from Morrow Lake continued into early October in 

2012, and the pattern between SRP and chlorophyll-a continued. Based on my results, I 

hypothesize that suspended algae play a role in explaining the observed longitudinal patterns in P 

fractions, but benthic algae and macrophytes appear to explain larger seasonal patterns for 

nutrient uptake and release. The identification of the source of suspended algae is important in 

the Kalamazoo River as the semi-impounded dams are removed because suspended algae 

influence nutrient dynamics and river food webs (Chapter 2). 
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CONCLUSIONS 

Water retention times within Morrow Lake reservoir affect suspended algae and 

nutrients, and the strength and downstream persistence are related to river discharge. Suspended 

algae (as indicated by chlorophyll-a) were important for explaining nutrient patterns, though 

clearly other processes were also important. It is possible that phytoplankton that is produced 

from Morrow Lake is transported all the way to Lake Allegan, however isotopic evidence from 

benthic consumers suggests that it is more complicated. Isotopic evidence for filter feeding 

caddisflies did not show consistent dependence on suspended algae downstream of Morrow 

during high flow summers (Chapter 2).  The distance downstream of Morrow Lake that 

suspended algae were transported depended on discharge, and algae persisted further 

downstream at higher discharge.  

This study examined Lagrangian processes at stable flow, but frequent storms were an 

important factor in the multiple years of study. Early in rising limbs of flows, material can be 

resuspended and stored nutrients increase following a storm (Baker et al. 2014, Bowes et al. 

2014 and 2015, Jarvie et al. 2005, Hamilton et al. 2011). Higher discharges may increase scour 

and suspend bottom materials, but they also reduce water retention time, creating more lotic 

conditions in reservoirs. Lower discharges increase water retention time and create more lentic 

conditions for phytoplankton production, but also increase the opportunity for grazers to affect 

algal concentrations and associated nutrients in the water column. High-resolution longitudinal 

surveys using sensors (Istvanovics and Honti 2011, Bowes et al. 2015, Tinka et al. 2016) could 

be helpful to understand the complex patterns of production, suspension, and deposition of algae 

and associated nutrients. Also, more frequent Lagrangian surveys may capture changes (Hensley 

et al. 2014). Climate change will likely change patterns with more intense rainfalls and flooding 
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events (Pryor et al. 2014), and so more research is needed to understand the role of these large 

flow events on the Kalamazoo River.  

The fate of the algae produced in the reservoir and the associated nutrients that? depends 

on hydrology. Phosphorus cycling appears to be more tightly likely linked with suspended algae 

than benthic algae, which were abundant throughout the river including in the reservoir. This 

work highlights that increased water retention times by dams can hamper nutrient reduction 

efforts by producing algae even when nutrients are reduced (Baker et al. 2014, Bowes et al. 

2012, Smith 2015). Additionally, in many regulated rivers, dams reduce high flow events and 

increase low flow events (Carlisle et al. 2010). Using Lagrangian techniques, this work 

highlights the biogeochemical patterns occurring along the river and the role of Morrow Lake, a 

run-of-river reservoir with relatively short water residence times with a series of dams 

downstream.  Dams on rivers are ubiquitous in developed regions of the world, and their roles in 

the production of algae and subsidies for downstream food webs is of broad interest. 
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Table 1.1. Discharge (m3/s ) of the Kalamazoo River from the US Geological Survey gauging 

station at Comstock, MI (4106000) (First set of columns) and water residence time at Morrow 

Lake (second set of columns). Annual means calculated for each water year for both discharge 

and water residence time. Summer means were calculated from May 1st through September 30th. 

Long term means were calculated from the daily data from 1933-2007.  Long term Mean 

Discharge: 26.20; Summer Mean: 22.48. 

 

Year Mean discharge (m3/s ) Mean water residence time at 
Morrow Lake (days) 

 Annual Summer  Annual Summer 

2003 18.87 17.55 5.22 5.75 

2004 26.56 29.12 3.82 3.67 

2007 29.46 19.66 3.63 5.03 

2008 36.04 34.48 3.12 3.45 

2009 39.81 33.01 2.59 3.04 

2010 33.38 36.90 2.87 2.76 

2011 32.62 36.60 3.22 2.89 

2012 29.74 15.38 4.00 6.34 
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Table 1.2. Results of paired t-tests comparing sites downstream of Morrow Lake dam to the upstream reference site for water quality 

variables. Seasonal comparisons were paired t-tests comparing July 2012 and July 2009, or comparing July 2012 and October 2012.  

Distance (km) 0 4 8 16 20 30 35 40 48 55 65 

Chl-a (µg/L) DF=16 NS DF=7 DF=16 DF=5 DF=15 NS NS NS NS NS 

 t-stat - 7.0  t-stat - 2.54 t-stat - 4.7 t-stat - 1.2 t-stat - 3.14      

 p<0.05  p=0.05 p<0.05 p<0.05 p>0.05      

TSS (mg/L) NS NS NS NS NS NS NS NS NS NS NS 

TP (µg/L) NS NS DF=7 DF=13 DF=5 DF=13 NS NS NS NS NS 

   t-stat -2.70 t-stat -4.02 t-stat -2.22 t-stat 4.80      

   p<0.05 p<0.05 p<0.07 p>0.05      

PP (µg/L) NS NS NS NS NS NS NS NS NS NS NS 

SRP (µg/L) NS NS NS NS NS NS NS NS NS NS NS 

DP (µg/L) NS NS NS NS NS NS NS NS NS NS NS 

Org-DP (µg/L) NS NS NS NS NS NS NS NS NS NS NS 

N-NO3 (mg/L) DF=9 DF=2 DF=3 DF=3 NS NS NS NS NS NS NS 

 t-stat 4.93 t-stat 5.57 t-stat 3.70 t-stat 2.72        

 p<0.05 p<0.05 p<0.05 p<0.05        

N-NH4 (mg/L) NS NS NS NS NS NS NS NS NS NS NS 

DO (%) DF=15 DF=7 NS DF=15 NS DF=14 NS DF=6 DF=7 DF=7 DF=7 

 t-stat -6.1 t-stat -2.5  t-stat -3.0  t-stat -3.8  t-stat -2.9 t-stat -3.1 t-stat -3.1 t-stat -4.3 

 p<0.05 p<0.05  p<0.05  p<0.05  p<0.05 p<0.05 p<0.05 p<0.05 

Cond (µS/cm) DF=16 NS DF=7 DF=16 NS NS DF=4 DF=6 NS NS NS 

 t-stat 3.8  t-stat -2.73 t-stat -4.7 t-stat -2.6  t-stat -2.73 t-stat -4.7    

 p<0.05  p<0.05 p<0.05 p<0.05  p<0.05 p<0.05    

Temp (°C) DF=16 DF=6 NS NS NS NS NS NS NS NS NS 

 t-stat -3.1 t-stat -4.9          

 p<0.05 p<0.05          

Turbidity (cm) DF=9 NS NS NS DF=16 NS NS NS NS NS NS 

 t-stat 7.3    t-stat 3.4       

 p<0.05    p<0.05       
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Table 1.2. (cont’d) 

 

Year Chl-a TSS TP DP SRP PP Org-TDP N-NO3 N-NH4 Temp 

 (µg/L) (mg/L) (µg/L) (µg/L) (µg/L) (µg/L) (µg/L) (mg/L) (mg/L) (°C) 

Jul. 2012 t-stat=-2.7 t-stat=-2.3 t-stat=3.5 t-stat=5.7 t-stat=3.1 t-stat = 2.6 t-stat=3.1 t-stat=-6.1 t-stat=5.0 t-stat=13.3 

Vs. 2009 DF=13 DF=13 DF=13 DF=13 DF=13 DF=13 DF=13 DF=13 DF=13 DF=13 

 p<0.05 p<0.05 p<0.05 p<0.05 p<0.05 p<0.05 p<0.05 p<0.05 p<0.05 p<0.05 

           

Season           

Jul. t-stat= 1.6 NA t-stat= 7.3 t-stat= 4.5 t-stat= 3.1 t-stat= -6.6 NS t-stat= 8.5 t-stat= 4.9 t-stat= 32.8 

Vs. Oct. 2012 DF=11  DF=11 DF=11 DF=11 DF=11  DF=11 DF=11 DF=11 

 p<0.05  p<0.05 p<0.05 p<0.05 p<0.05  p<0.05 p<0.05 p<0.05 
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Table 1.3 Mean values of temperature, dissolved oxygen (DO; % saturation) transparency 

measured with a turbidity tube (Turbidity), selected major ions, and conductivity (Cond) in the 

Kalamazoo River. Sites are arranged by distance from Morrow Lake in km, with the upstream 

site being negative. 

Distance (km) -15 0 4 8 16 20 30 36 40 48 55 65 

Temp (°C) 19.9 21.2 20.8 20.9 20.9 21.5 20.6 21.5 20.9 21.0 21.0 20.4 

DO (%) 92.5 111.0 98.1 96.8 109.7 90.0 97.0 96.3 100.8 100.7 103.1 96.1 

Turbidity (cm) 107.5 95.7 98.3 99.3 102.7 105.5 98.3 91.4 92.9 82.6 87.4 90.7 

Cl- (mg/L) 46.2 41.5 37.7 43.6 49.4 46.8 48.4 35.8 43.8 43.3 36.6 40.7 

SO4
2- (mg/L) 40.3 38.2 34.4 36.4 38.3 34.2 37.7 37.0 39.3 38.9 36.4 37.5 

Ca2+ (mg/L) 85.1 79.6 77.2 81.0 80.2 80.8 79.2 81.7 81.1 80.9 79.0 75.5 

Na+ (mg/L) 19.7 21.7 21.3 42.2 32.8 36.0 34.7 41.5 38.2 38.5 39.7 36.2 

Cond (µS/cm) 620.0 597.0 602.8 645.0 664.5 650.5 661.0 654.5 649.1 641.1 634.0 626.3 
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Table 1.4 Distance or reservoir derived plankton travels before reducing at least 50%. 

River name River size Length Reference 

Owl Creek lake outlet, Montana 0.34-2.2 m3/s 100 m Vadeboncoeur 1994 

Hiji River, Japan 4th order 2 km Doi et al. 2008 

River Spree, Germany 1 to 26 m3/s 20 km Welker and Waltz 1998 

Deep Creek, Idaho 2.7 to 4.4 L 20 m Monaghan et al. 2001 

Buffalo River, South Africa 0.05 m3/s 4-8 km Palmer and O'Keefe 1990 

Kalamazoo River, MI 26.2 m3/s 30 km This Study 
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Figure 1.1 Study reach along the Kalamazoo River in southern Michigan.  Morrow Lake and 
Lake Allegan are the two largest reservoirs on the river system. An additional small dam is just 
upstream of Lake Allegan in Allegan, MI. Orange squares represent partially removed dams in 
the reach referred to as “semi-impounded”. 
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Figure 1.2 Discharge by water year (1 Oct-30 Sep) from the US Geological Survey for the 
Comstock, MI gauging station, located below Morrow Lake (downloaded from the National 
Water Information System).  Top: Discharge for the relatively low-discharge summers in which I 
sampled. Bottom: Discharge for the relatively high- and average-discharge summers. 
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Figure 1.3 Suspended chlorophyll-a (Chl-a) measured biweekly in 2008 from the Kalamazoo 
River, including two sites above Morrow Lake (vertical lack bar) and three sites below it, 
extending to 30 km downstream. 
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Figure 1.4 Suspended chlorophyll-a measured in 2004, 2008 and 2010 along longitudinal 
transects in the Kalamazoo River from above the Morrow Lake reservoir (negative distances) 
and below it for up to 66 km downstream. Panels show data from years of relatively low (top) 
and higher discharges (bottom).  Black bar represents the dam at Morrow Lake, while the gray 
bars represent partially removed dams in the semi-impounded reach.  
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Figure 1.5 Suspended chlorophyll-a measured at multiple times during 2009-12 along 
longitudinal transects in the Kalamazoo River from above the Morrow Lake reservoir (negative 
distances) and below it for up to 66 km downstream. Black bar represents the dam at Morrow 
Lake, while the gray bars represent partially removed dams in the semi-impounded reach. 
Asterisks show significant differences between the upstream site at -15 km and sites downstream 
across all samplings (Paired t-test <0.05). 
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Figure 1.6 Total phosphorus (TP) concentrations measured along longitudinal transects in the 
Kalamazoo River from above the Morrow Lake reservoir (negative distances) and below it for up 
to 66 km downstream. Black bar represents the dam at Morrow Lake, while the gray bars 
represent partially removed dams in the semi-impounded reach. Asterisks show significant 
differences between the upstream site at -15 km and sites downstream across all samplings 
(Paired t-test <0.05). 
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Figure 1.7 Fractions of total phosphorus measured on five dates along longitudinal transects in 
the Kalamazoo River from above the Morrow Lake reservoir (negative distances) and below it 
for up to 66 km downstream. Longitudinal transects occurred on July 2012 (a), October 2012 (b), 
July 2009 (c), September 2009 (d) and July 2010 (e) PP = particulate P; Dissolved organic 
P=DOP, DOP=TDP-SRP; SRP = soluble reactive P; TDP = total dissolved P, which only applies 
to July 2009 where SRP was not measured. DOP could not be estimated from TDP and SRP 
concentrations. 
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Figure 1.7 (cont’d) 
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Figure 1.7 (cont’d) 
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Figure 1.8 Nitrate concentrations measured along longitudinal transects in the Kalamazoo River 
from above the Morrow Lake reservoir (negative distances) and below it for up to 66 km 
downstream.  Black bar represents the dam at Morrow Lake, while the gray bars represent 
partially removed dams in the semi-impounded reach. Asterisks show significant differences 
between the upstream site at -15 km and sites downstream across all samplings (Paired t-test 
<0.05). 
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Figure 1.9 Ammonium concentrations measured along longitudinal transects in the Kalamazoo 
River from above the Morrow Lake reservoir (negative distances) and below it for up to 66 km 
downstream.  Black bar represents the dam at Morrow Lake, while the gray bars represent 
partially removed dams in the semi-impounded reach.  
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Figure 1.10 Total suspended solids concentrations measured along longitudinal transects in the 
Kalamazoo River from above the Morrow Lake reservoir (negative distances) and below it for up 
to 66 km downstream.  Black bar represents the dam at Morrow Lake, while the gray bars 
represent partially removed dams in the semi-impounded reach.  
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Figure 1.11 Relationships between chlorophyll-a (µg/L) or TSS (mg/L) (both on x axis) to 
Particulate-P (µg/L) in all samples from this study. 
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Figure 1.12 Dissolved oxygen as percent saturation measured along longitudinal transects in the 
Kalamazoo River from above the Morrow Lake reservoir (negative distances) and below it for up 
to 65 km downstream.  Black bar represents the dam at Morrow Lake, while the gray bars 
represent partially removed dams in the semi-impounded reach. Asterisks show significant 
differences between the upstream site at -15 km and sites downstream across all samplings 
(Paired t-test <0.05). 
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CHAPTER 2: SUBSIDY OF A RIVER FOOD WEB BY ALGAL GROWTH IN A RUN-

OF-RIVER IMPOUNDMENT UNDER VARYING LEVELS OF HYDRAULIC 

FLUSHING 

 

ABSTRACT 

 River food webs can be based on locally produced benthic algae and on imports of  

material from the watershed and, in many systems, from upstream lakes and reservoirs as well. 

Dams are important because they can transform seston, trapping sedimented material and often 

producing suspended algae (phytoplankton), and algal export from reservoirs can provide 

subsidies to downstream food webs. This study uses natural abundances of stable carbon isotopes 

to quantify possible food sources along the river and track the subsidy from a run-of-river 

reservoir (Morrow Lake on the Kalamazoo River, southwest Michigan). I examined the 

hypothesis that phytoplankton were more 13C depleted than benthic algae and that this would be 

reflected in the seston as well as in macroinvertebrates that feed directly or indirectly on seston. 

This study considered certain consumers as indicators of basal food isotope ratios (Pleuroceridae 

snails and Corbicula fluminea) as well as previous studies to estimate consumer food sources. 

One taxon in particular, the filter-feeding caddisflies of the family Hydropsychidae, showed the 

greatest response to the subsidy strongly as indicated by both carbon isotope ratios and 

abundances, while other taxa responded weakly to the subsidy. This study highlights that seston 

is important to food webs in rivers the size of the Kalamazoo. Reservoirs produce suspended 

algae, a food subsidy that is propagated downstream in consumers. The subsidy extended 

downstream to ~8 km on average, possibly the longest food web subsidy documented 

downstream from a reservoir. 
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INTRODUCTION 

 Dams are ubiquitous features on our nation’s rivers (Benke 1990), and have major 

impacts on flow regimes and river biota (Carlisle et al. 2010, Dynesius and Nilsson 1994, 

Stanford et al. 1996, Poff et al. 2007, Lehner et al. 2011). Dams on rivers can be generally 

distinguished as either variable storage or run-of-river designs. Due to increased interest in 

hydropower worldwide, run-of-river hydroelectric dams are an attractive renewable energy 

source both in the United States and abroad (Francois et al. 2016, Kumar and Katoch 2014, 

Winemiller et al. 2016). Run-of-river dams in particular have been portrayed as less 

environmentally damaging and more carbon neutral, though this is increasingly being challenged 

(Deemer et al. 2016).  

 Run-of-river reservoir operation has important differences compared to variable-storage 

reservoir operation. Water inflows are approximately balanced by outflows in a run-of-river 

operation, and there is no large seasonal change in storage volume. Many run-of-river reservoirs 

are relatively shallow and thus tend not to develop persistent thermal stratification. In 

comparison to hypolimnetic release dams, run-of-river dams often release water from the surface 

(or the entire water column if it is shallow). They may have little effect on discharge, but can 

increase water residence time in the impoundment long enough to produce a lacustrine 

environment in the reservoir that facilitates the growth of suspended algae and subsequent export 

of algae in outflowing water (Reid and Hamilton 2007).  

 The role of dams in affecting downstream river food webs and ecosystems has been 

studied mainly in larger impoundments, and particularly in the western United States, where 

most are of the variable storage design. Hypolimnetic (or deep release) storage reservoirs are 

particularly known for altering ecosystem processes in rivers downstream of them, and can 
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decrease summer water temperatures (Ward and Stanford 1983, Angradi 1994, Vinson 2001, 

Cross et al. 2011, Kelly et al. 2013). Dams can affect downstream aquatic food webs both 

because they capture upstream organic material transported by the river, and if the water 

residence time is long enough, they can export algae produced within the reservoir (Angradi 

1993, Angradi 1994, Palmer and O’Keefe 1990, Voshell and Parker 1985, Vinson 2001, Holt 

2015, Doi et al. 2008). 

 Previous research on smaller dams has focused on how dams and their removal affect 

stream macroinvertebrate communities (Grubbs and Taylor 2004, Hansen and Hayes 2012, 

Stanley et al. 2002), mussels (Singer and Gangloff et al. 2011, Stanley 2002, Gangloff et al. 

2011) and fishes (Santucci et al. 2005, Cumming 2004, Wang et al. 2011, Benstead et al. 1999, 

Catalano et al. 2016, Puolos et al. 2014). Run-of-river dams also may be important for trapping 

and altering the composition of seston (Singer 2011) as has been observed in hypolimnetic 

release dams (Ulseth and Hall 2015, Angradi 1994). This could have important food web 

consequences (Doi et al. 2008). Filter-feeding caddisflies have been observed to increase in 

abundance downstream of reservoirs and lake outlets (i.e. Oswood 1979). However, studies on 

whether and how run-of-river dams impact food webs are just emerging (Singer and Gangloff 

2011, Hornbach et al. 2014, Mackay and Waters 1986, Doi et al. 2008). 

 Run-of-river dams are defined loosely, however, and these dams can vary greatly in 

height and water residence time. Particularly small ones can be privately owned and may not be 

registered (Csiki and Rhoads 2015, Orr et al. 2004). While the individual impact of a small run- 

of- river dam may be less than a variable storage dam in the same location, run-of-river dams 

may have significant cumulative effects on downstream water quality, particularly if closely 
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spaced (Santucci et al. 2005, Nichols et al. 2006, Kibler and Tullos 2013, Zhang et al. 2013, 

Oliver et al. 2014).   

 Compared to headwater streams, food webs in free-flowing, medium-sized rivers are 

thought to be based on benthic algal growth given the open canopy and shallow depth that 

permits light to reach the bottom (Vannote et al. 1980). Seston, and specifically small particles of 

transported organic matter (i.e., fine particulate organic matter - FPOM), is an important food 

source for stream invertebrates. It is composed of variable proportions of algae and/or detrital 

material derived from terrestrial vascular plants, and may also include detritus from aquatic 

macrophytes, invertebrate fecal pellets, and flocculated DOM (Hershey et al. 1996, Cummins et 

al. 1981, Grubaugh et al. 1997, Minshall et al. 1983, Wallace et al. 1997, Naiman 1983). Studies 

using natural abundances of stable carbon and nitrogen isotopes increasingly have suggested that 

algal production is important in food webs of diverse river and stream ecosystems (Hamilton et 

al. 1992, Thorp et al. 1998, Lewis et al. 2001, Jardine et al. 2012, McCutchan and Lewis 2002 

Rounick et al. 1982, reviewed by Roach 2013), and this conclusion has sometimes been 

supported by simultaneous analyses of consumer gut contents (McNeely et al. 2006, Collins et 

al. 2015). It is important to note that terrestrial organic matter is also significant (Zeug and 

Winemiller 2008, Benke 2015, Caraco et al. 2010). Given the variable composition of river 

seston, its importance to food webs is still not well understood.  

 Benthic macroinvertebrate communities often show marked differences below dams 

compared to otherwise similar upstream reaches, suggesting differences in the base of the food 

web (sensu Doi et al 2008, Mackay and Waters 1986). Changes in seston could have important 

impacts on macroinvertebrates, especially filter feeders because they consume suspended FPOM 

(Grubaugh et al. 1997, Benke 2015). Changes in food sources can extend to emerging adult 
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insects, which provide food web subsidies (Polis et al. 1997, Nakano et al. 1999) to the riparian 

terrestrial ecosystem by transferring organic matter (energy) from the aquatic environment as 

food for spiders, birds and bats (Baxter et al. 2005, Marczak and Richardson 2007, Paetzold et al. 

2006, Sanzone et al. 2003, Sabo and Power 2002, Walters 2008, Marcarelli et al. 2011).   

The water residence time in run-of-river reservoirs varies temporally as a function of 

river discharge and may fluctuate between more lentic and more lotic conditions (Reid and 

Hamilton 2007). In low flow years, water residence time will be longer, which may produce 

more algae that subsidize the downstream food web (Reid and Hamilton 2007). Higher flow 

reduces the water residence time in the reservoir and can inhibit phytoplankton production, but 

the higher flow can also transport the phytoplankton subsidy further downstream, and entrain 

benthic algae or particulate organic matter into the water column along the river (Newbold et al. 

2005, Strayer et al. 2008, Lucas et al. 2012). Food webs of rivers have often been considered to 

be subsidized by organic matter inputs from upstream terrestrial sources (Vannote et al. 1980) 

and, in larger rivers, by organic matter inputs from lateral floodplains (Junk et al. 1989, Jardine 

et al. 2015).  

 

OBJECTIVES 

 In this chapter, I examine the role of a run-of-river reservoir in providing organic matter 

subsidies to downstream aquatic and riparian food webs. Natural abundances of stable carbon 

(δ13C) and nitrogen (δ15N) isotopes are examined along with macroinvertebrate densities. I 

sampled during three years of varying flow conditions that created water residence times in the 

reservoir ranging from a few days to over a week. Comparison of river food webs above and 

below the reservoir provides a “natural experiment” to examine the effect of an algal subsidy on 
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food webs. I used stable isotopes to estimate how far downstream the subsidy extended under 

high and low flow conditions.  I quantified benthic macroinvertebrates by measuring changes in 

densities of filter feeders and collector-gatherers vs. scrapers in reaches with varying amounts of 

phytoplankton and benthic algae. Riparian spiders (Tetragnathidae) were used to indicate the 

isotopic composition of emerging aquatic insects that serve as food sources to the terrestrial food 

web.  

My hypotheses are based on the common observation that phytoplankton tend to have the 

most depleted 13C compared to other major organic matter sources in many lakes. Vascular-plant 

detrital δ13C should be dominated by C-3 plant sources in the Kalamazoo River, which is lined 

by a broad and largely forested floodplain. I predicted that stable carbon isotope ratios of 

invertebrates in reaches receiving phytoplankton subsidies would be closer to phytoplankton 

δ13C and distinct from the δ13C of terrestrial organic detritus and benthic algae (periphyton) that 

support consumers upstream. Filter-feeder δ13C would be similar to periphyton upstream of the 

reservoir, being supported by dislodged benthic algae that are enriched in 13C, but would be 13C- 

depleted downstream of the reservoir where suspended algae are a more important component of 

the seston. I further predicted that this shift in food sources would result in altered community 

structure of invertebrates, with higher densities of filter feeders immediately downstream of the 

reservoir, while further downstream reaches with lower concentrations of suspended algal 

biomass should also have lower densities of filter feeders. 
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METHODS 

Study site 

The Kalamazoo River drains a 5230 km2 watershed in southwestern Michigan (Figure 

2.1). The river is 260 km long with a mean discharge of 38 m3/s at the Comstock (4106000) 

USGS gauge. I sampled in the middle section of the river, which has two larger reservoirs. The 

upper reservoir (Morrow Lake), which is the primary focus of this chapter, has a mean depth of 

1.6 m whereas the lower reservoir (Lake Allegan) is larger and has a mean depth of 3 m. Morrow 

Lake is 70 km upstream of Lake Allegan. 

The Kalamazoo River was one of the original River Continuum Concept study sites, 

distinguished by its abundance of fine particulate organic matter and filter feeding insects, 

although the River Continuum study reach was located upstream of my study reach to avoid 

reservoirs and pollution from the Kalamazoo area (Cummins et al. 1981). While the water 

quality of the river has since improved, anthropogenic enrichment with nitrogen and phosphorus 

remains significant, and the lowermost reservoir (Lake Allegan) has a Total Maximum Daily 

Load for phosphorus due to a history of algal blooms.  

Morrow Lake has water residence times of a few days to over a week during the summer 

(Reid and Hamilton 2007). Past work has found that suspended algae, as measured by 

chlorophyll-a, are considerably more abundant in the reach immediately below Morrow Lake 

than above it. The source of suspended algae downstream of Morrow Lake is not necessarily 

limited to phytoplankton growth in the reservoir because the reservoir is shallow and the bottom 

has benthic algal mats, which can become dislodged and suspended (Reid and Hamilton 2007, 

Baas 2009). Suspended algae (measured as chlorophyll-a) have been observed to decrease 
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substantially in the free-flowing reach downstream of Morrow Lake, although this is most 

readily apparent at low flows (Reid and Hamilton 2007). 

Beginning 30 km downstream of Morrow Lake, there are several additional former 

hydropower dams that have been partially dismantled but still have some impounded waters 

above them (Figure 2.1). PCB-contaminated sediment behind these reservoirs has so far 

precluded their full removal, although one (Plainwell Dam) was removed in 2009 and another 

(Otsego Township Dam) is in the process of being removed. Residence times of water behind the 

three decommissioned dams is short, probably totaling around one day at lower flows (Reid and 

Hamilton 2007). These partially removed dams create a section of river that I will refer to as 

semi-impounded.  

Downstream in the semi-impounded reaches, an increase in chlorophyll-a concentrations 

has been observed at summer low flows.  It is not understood how this algal production can 

occur when residence times are less than 1-2 days in the semi-impounded reaches; benthic algal 

production and dislodgment may explain it (Reid and Hamilton 2007). 

Thus, the impoundments created by these larger and smaller dams span a range of water 

residence times, fostering the growth of phytoplankton to varying degrees. This series of 

impoundments provides an ideal setting to study the relationship between dams, water residence 

time, and the importance of algae exported from reservoirs to downstream food webs (Fig. 1). 

The Kalamazoo River is also an ideal setting for studying the influence of impoundments on 

phytoplankton production because there are few tributaries in the study reach, and the water 

residence times of the run-of-river reservoirs are directly and inversely proportional to the main 

stem river discharge. 
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Discharge 

Discharge data for US Geological Survey’s Comstock gauging station (4106000) were 

obtained from the National Water Information System. Discharge was averaged by water year (1 

Oct-30 Sep). The mean discharge for each water year (2008, 2010, 2012) was compared against 

a long-term mean (1937-2016) by a paired T-test. This was also done for daily discharge during 

summer (1 May-30 Sep). 

 

Water and algal sampling and analysis 

Water samples for analysis of suspended particulate matter were collected biweekly in 

2008, over the month of July 2010, and in early July 2012. Samples were first filtered through a 

250-micron sieve to remove coarse particulate matter and larger invertebrates. Particulate matter 

was then collected on Pall A/E glass fiber filters that were pre-combusted at 450°C for at least 

one hour. Water samples were filtered in the field in 2008, wrapped in foil, and transported to the 

lab to be frozen before analysis. In 2010 and 2012, samples were collected in 250 mL bottles and 

stored in a cooler with ice. These were filtered in the lab on the day of collection. Samples 

collected in 2008 showed the most consistent downstream increase in chlorophyll-a over the 

month of July, so in subsequent years, food-web samples were collected during July. 

Benthic algal production was measured as the accumulation of chlorophyll-a on clay 

bricks, which served as a standard substratum resembling the natural cobbles in the river. Bricks 

were placed in similar flow velocities in each site, and they were placed among cobbles to the 

extent possible to minimize variation in turbulence that could impact benthic algal δ13C (Finlay 

et al. 1999). Some site to site variation existed; flow varied from 0.20 to 0.50 m s-1 (Table 2.1). 

Bricks were left in the river for at least 6 weeks, then carefully removed and placed in aluminum 

baking pans, covered with foil and stored on ice. Bricks were processed on the day of collection 
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or in a few cases within 24 hours of collection. Bricks were removed in 2010 when discharge 

reached 35 m3 s-1 and all were removed in a two-week period in July for both years. 

Benthic algae on the bricks were removed by scrubbing the upper surface with a nail 

brush and rinsing the dislodged material into an enamel pan. The mixed algal slurry was 

subsampled into a 100-mL graduate cylinder. In 2012, the method was modified where the slurry 

was mixed in a one-liter jar, allowing the coarsest particulate matter to settle. The upper fraction 

was subsampled in a 30-mL syringe. This sample was poured through a 250-micron sieve to 

strain out filamentous algae and macroinvertebrates, and the particulate material that passed the 

sieve was collected onto precombusted Pall A/E glass fiber filters. Comparisons of methods 

found that allowing heavier material to settle led to a decrease in the calculated chlorophyll-a 

density of up to 10 mg m-2 (mean, 5 mg m-2) and that difference was significant (paired t-test, 

DF=3, t-stat=2.33). Samples were wrapped in foil and frozen to be processed later. 

Chlorophyll–a samples were kept frozen until they could be extracted in 95% ethanol for 

12-24 hours at 4°C. Chlorophyll–a was measured with a Turner Fluorometer using the method of 

Welschmeyer (1994). Suspended chlorophyll-a was measured within one month in 2008 and 

2012, but in 2010, samples were measured after two years of frozen storage.  All benthic algal 

samples were analyzed after two years. Subsequent storage tests for benthic and algal samples 

revealed that there was no change in concentrations up to three months (Figure 2.15), but there 

was a 50% decrease after 6 months, after which measurements were consistent over two years.  

Suspended chlorophyll-a from 2010 may have decreased by up to 50% but the values from 2010 

are within the range of values that would be expected given the nutrient and flow condition 

(Figure 2.15). 
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Macroinvertebrate sampling and isotopic analysis 

To quantify macroinvertebrate communities along the river, I deployed 14-plate Hester 

Dendy artificial substrata in eight sites. These were placed in the river in July 2010 and 2012 and 

removed in late September of those years. Samplers were scraped, and the dislodged material 

passed through a 1 mm sieve and preserved with 95% ethanol. This method was selected over 

kick sampling (Stanley et al. 2002, Santucci et al. 2012) or Surber samplers (Doi et al. 2008), as 

neither of these was appropriate given the wide range of substrata in the Kalamazoo River. 

Hester Dendy samplers served as a standard substratum targeting macroinvertebrates that use 

hard substrata. Taxa like mussels and Chironomidae that dwell in soft substrata are not sampled 

correctly with this method (Benke 2015). Samplers were placed in areas of comparable flow, and 

where surrounding substrata were a mix of cobble, gravel and sand. Bricks and Hester Dendy 

samplers were placed in the same locations. One Hester Dendy sampler per site was subsampled 

and at least 300 individuals were counted per sample. Paired t-tests were performed after pooling 

upstream sites—denoted as Fort Custer (2010 and 2012) and Galesburg (2010 and 2012)—as 

four replicates and comparing these to pooled samplers downstream of Morrow Lake: Below 

(below Morrow and Mosel Ave); Downstream (D-avenue and Plainwell); and Semi-impounded 

(Otsego Township Dam and the Township Dam near Allegan, MI). 

 For measurements of the stable isotope ratios in consumers, macroinvertebrates dwelling 

in natural cobble substrata were collected in flowing water habitats in early July and August of 

2008 and in July 2010 and 2012. The macroinvertebrates were placed in centrifuge tubes 

containing river water at ambient temperature and transported to the lab in 2008, thereby 

allowing their guts to clear for 24 hours. Macroinvertebrate gut contents were not allowed to 

clear in 2010. In July 2010 and 2012, I collected benthic macroinvertebrates soon after the river 
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levels dropped to typical summer discharge, and macroinvertebrates were only sampled from 

bricks. Material scrubbed from clay bricks was put directly into zip lock bags and transported to 

the lab and frozen. In 2012, additional macroinvertebrates were collected from cobble. Some 

taxa were allowed to clear their guts in unfiltered water from a nearby lake for 24 hours. 

Hydropsychidae with gut contents removed were 0.45‰ more depleted than samples with gut 

contents (Paired t test, DF=3, t stat 1.59). Heptageniidae taxa (n=2) were 0.46 ‰ enriched after 

guts were removed, while Amphipoda (n=1) was 0.24‰ depleted and Macrostemum (n=1) was 

0.79 ‰ enriched after guts were removed. In this study, I am more interested in general patterns 

along the river. In making comparisons between 2010 and 2012 samples, care was taken to use 

individuals with guts contents not cleared (Table 2.2). 

 Spiders from the family Tetragnathidae were sampled because they are obligate riparian 

predators feeding on emerging riverine insects (Sanzone et al. 2003, reviewed by Baxter et al. 

2005). Their webs were full of emerged aquatic insects including Chironomidae and Trichoptera 

(personal observation). In early August 2010 and late July 2012, Tetragnathidae were collected 

from overhanging vegetation along the river in Ziploc bags and transported back to the lab on ice 

and frozen for up to 3 years. Spiders were collected from three sites above Morrow Lake to 10 

sites downstream into the semi-impounded reaches. In 2012, spiders were collected from 4 sites 

30 km downstream of Morrow. Spiders were collected from over Morrow Lake, two sites above 

Fort Custer Recreational Area, and over three smaller reservoirs upstream of Battle Creek, MI.  

Multiple individuals of spiders and macroinvertebrates were pooled for stable carbon 

(δ13C) and nitrogen (δ15N) isotopic analysis, rinsed in DI water and dried at 50OC for five hours. 

Subsamples of 0.7 – 6 mg were weighed to the nearest 0.001 mg into tin capsules. Samples were 

ground in a mortar and pestle, weighed into tin capsules, and sent to the University of California, 
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Davis stable isotope facility for analysis, where they were run on a PDZ Europa ANCA-GSL 

elemental analyzer interfaced to a PDZ Europa 20-20 isotope ratio mass spectrometer. Bovine 

liver, USGS-41 Glutamic Acid, Nylon 5 and Glutamic Acid were run as reference values. On 

occasion isotope samples were run with replicates. 

Isotopic measurements focused on Hydropsychidae and Heptageniidae because they were 

the most abundant taxa in the river. Chironomidae were also abundant but represent a diverse 

trophic group, and therefore were not investigated (except as indicated by the spiders). I analyzed 

Macrostemum separately from other Hydropsychidae because their diets may be distinct given 

mesh size differences in their nets (Benke 2015). 

 

Dissolved CO2 partial pressure  

The δ13C of dissolved inorganic carbon (DIC) is an important driver of variation in the 

δ13C of lake plankton (Bade et al. 2006, Gu et al. 2011, Smyntek et al. 2012, Zohary et al. 2001) 

and stream benthic algae (Finlay et al. 2004). For example, algae tend to be relatively 13C 

depleted when dissolved CO2 used by aquatic photosynthesis occurs at high concentrations in 

water bodies due to an excess of aquatic respiratory production over photosynthetic uptake 

(Finlay et al. 2004). This is more likely in lakes and wetlands than in well-aerated streams. 

Finlay et al. (2004) described changes in the δ13C of benthic algae from headwater streams to 

downstream river reaches. They observed that changes in DIC and pCO2 caused 13C enrichment 

of benthic algae in downstream reaches, which has also been observed elsewhere (Rasmussen 

2010, Kobayashi et al. 2011, Walters et al. 2007, Sullivan 2013). Aquatic primary production in 

a reservoir may reduce dissolved free CO2 (Crawford et al. 2016). Some food-web studies 

include natural abundance δ13C measurements of DIC (e.g. Junger and Planas 1994, Rounick et 
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al. 1982, Caraco et al. 2010, Jepsen and Winemiller 2007) though such studies in rivers are 

fewer. 

 The dissolved CO2 partial pressure (pCO2) has been found to be important for 

understanding the δ13C of aquatic primary producers in lakes (Bade et al. 2006), although it has 

only occasionally been considered in river studies (Caraco et al. 2010, Van den Meersche 2009, 

Jepsen and Winemiller 2007). In this study, I measured temperature, conductivity and pH in the 

field. Total alkalinity was measured using the Gran titration on unfiltered water (Wetzel and 

Likens 1991). Partial pressure of CO2 was calculated from pH, alkalinity, temperature and major 

ions (Kempe 1982, Hamilton et al. 1995, Calheiros and Hamilton 1998). Ionic strength was ~ 

0.01 and pH was ~8.10 with a few pH measurements ~ 8.6. 

 

Data analysis 

Previous measurements from a nearby tributary have found high overlap between 

terrestrial organic matter sources and benthic algae (Hamilton, unpublished data), and seston in 

the river is likely a mix of terrestrial and algal organic matter (Hamilton et al. 2005). While 

natural abundance carbon isotopes have been used effectively in river food web studies (Bunn et 

al. 2003), variation and overlap in the δ13C of basal food sources can present challenges (Bade et 

al. 2006, Middleburg 2014). Because of this, I expected poor separation and significant overlap 

of end members (Peterson and Fry 1987). Since algal organic matter is difficult to separate from 

detrital organic matter in mixtures of fine particulate material, I did not measure algal isotope 

ratios directly in this study. 

I focused on the longitudinal and seasonal patterns in δ13C by frequently sampling 

consumers, rather than separating allochthonous and autochthonous fine particulate matter. To 

infer the possible δ13C of suspended algae and benthic algae I used as indicators snails (most 
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likely in the family Pleuroceridae) and Asiatic clams (Corbicula fluminea), both of which are 

long-lived consumers known to specialize on benthic or suspended algae, respectively (Cabana 

and Rasmussen 1996, Post 2002, Vander Zanden 1996, Fry et al. 2008, Jardine et al. 2012, 

Vander Zanden et al. 2011). 

Lipid synthesis produces tissue that is more depleted than protein or carbohydrates 

(DeNiro and Epstein 1977), which reduces the ability to estimate food sources (Post et al. 2007, 

Logan et al. 2008).  Models for lipid corrections based on measured C:N in consumers are not as 

effective as direct lipid extractions, and two samples must be run because lipid extraction alters 

δ15N (de Lecea and de Charmony 2015). Data in this study are reported as not lipid corrected 

because variation of consumer- δ13C is likely greater than variation related to lipids. However, to 

have some estimate of possible response of consumer δ13C, I used equations from Post et al. 

(2007) developed for aquatic animals, and Logan et al. (2008) developed for Heptageniidae to 

calculate corrections (Table 2.2). Linear regression corrections for a whole invertebrate body 

samples are different than for muscle tissue (Logan et al. 2008, Post et al. 2007). I used 

uncorrected δ13C data for comparisons with previous studies (Delong and Thorp 2006, Kautza 

and Sullivan 2016, Herwig 2007, Leigh et al. 2010), and because lipid correction models are 

currently better developed for fish organs than for the whole macroinvertebrates I measured 

(Logan et al. 2008, Post et al. 2007). The high C:N in Heptageniidae relative to other taxa could 

be an indication that lipids are relatively important (Logan et al. 2008). Given that general 

patterns were similar with and without corrections, I decided that presenting and analyzing data 

without lipid corrections was preferable in my study (Leigh et al. 2010). However, variable lipid 

contents in macroinvertebrate tissues could lead to 13C depletion compared to food sources, and 

that possibility should not be ignored. 
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Statistics were performed using two-way T-tests comparing the upstream Fort Custer site 

with each site downstream of Morrow Lake. An additional comparison separated two functional 

feeding groups as in Rasmussen (2010): Filter feeders (Hydropsychidae and Macrostemum 

caddisflies, Corbicula mussels, and Isonychia mayflies) and grazers (Amphipoda sideswimmers, 

Heptageniidae mayflies, Pleuroceridae snails, and Orconectes spp. crayfish) by site. I also did 

this with the common taxa Amphipoda, Hydropsychidae and Heptageniidae, which I compared 

between upstream and downstream in 2008 and 2012.  

A final test individually examined diets of the most abundant macroinvertebrates 

(Hydropsychidae, Heptageniidae, Amphipoda) by comparing the δ13C of each macroinvertebrate 

taxon. For above and below comparisons in 2010, replicates were pooled by site: upstream sites 

to sites below the reservoir (below and 8 km), downstream (16 and 30 km) and in the semi-

impounded reach. In 2012, taxa with guts cleared and not cleared were used as replicates. I 

compared the Fort Custer with each downstream site (below Morrow Lake, 8km, 16 km, 30 km, 

and the two semi-impounded reaches). In 2008, replicates were collected at each site, and Fort 

Custer was compared with 16 km and 30 km downstream of Morrow Lake data collected in late 

July 2008. These comparisons were used to determine how far downstream the reservoir algal 

subsidy extended.  

Lastly, I compared taxa from the highest discharge year (2010) to the lowest discharge 

year (2012) to understand the overall influence of discharge.  Paired t-tests were conducted for 

common taxa (e.g., between Hydropsychidae in 2010 vs. 2012. This test was performed for 

spiders, Amphipoda and Heptageniidae. Statistics were performed in Microsoft Excel. 
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RESULTS 

Discharge 

The average discharge regime of the Kalamazoo River typically shows highest discharges 

in the spring after rains and snowmelt and lowest discharges in summer and fall, though with 

substantial year to year variation in snowmelt and precipitation events (Figure 2.2). However 

recent years have brought a noticeable increase in summer flood pulses as a result of intensifying 

precipitation (personal observations), as has been observed throughout the Midwest and 

Northeast U.S. (Pryor et al. 2014). 

The summers of 2008 and 2010 had several strong precipitation events, and river 

discharge was above average for both years (paired T-test, t stat=5.62 and 15.63, DF=152). In 

2008, a spring flood reaching 65 m3/s occurred in mid-April, decreasing to ~30 m3/s by 1 May. 

Two storm events in early June and early July 2008 doubled the discharge in 24 hours to 56 m3/s, 

decreasing to ~30 m3/s after each event. By August, discharge had fallen to around 18 m3/s, 

closer to the long-term average. In 2010, spring high flow occurred in mid-March at 85 m3/s and 

often remained above 50 m3/s through to July. Discharge increased to ~90 m3/s again on 26 July 

and returned back to more normal discharge for the rest of the water year.  

Overall, the discharge during the water year 2012 was close to the long-term average 

(paired T-test, t stat=0.300, DF=364), whereas discharge was above average in 2008 and 2010 

(paired T-test, t stat=8.80 and 5.62, DF=364). In contrast, summer 2012 was below average for 

that season (paired T-test, t stat=-20.87, DF=152). In 2012, a spring discharge peak occurred in 

early March at 72 m3/s and decreased to ~30 m3/s by May and was around 12 m3/s through the 

summer with no large precipitation events. Summer rain events in 2008 and 2010 resulted in 
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very high summer discharges, while 2012, though low and close to a record low, was not the 

lowest on record, which occurred in 1934. 

 

Algal biomass 

Suspended chlorophyll-a (i.e., suspended algal biomass) below the Morrow Lake dam 

varied both longitudinally and temporally (Figure 2.3). Multiple samplings in 2008 (Figure 2.3a) 

showed that chlorophyll-a concentrations were consistently relatively low (~ 3 µg/L) above the 

Morrow Lake reservoir, increasing downstream of the dam to ~20 µg/L by mid-May, and 

peaking at ~37µg/L in mid-July. Chlorophyll-a below the dam remained high through July and 

decreased in August and October. Transect sampling further downstream of the reservoir showed 

that chlorophyll-a concentrations decreased, although in 2008 and 2010, concentrations in the 

reaches at 16 and 30 km did not return to levels comparable to upstream (Figure 2.3a and 2.3b). 

In 2012, chlorophyll-a returned to levels comparable to upstream by 16 km below the dam.  

Benthic chlorophyll-a densities, which indicate attached algal biomass on rock surfaces, 

averaged 49 mg/m2 in July 2010 and 27 mg/m2 in July 2012 (Figure 2.4). Benthic chlorophyll-a 

densities were not significantly different between years (paired t-test, t stat=1.64, DF=6), nor did 

they show consistent longitudinal patterns in relation to Morrow Lake.  

 

Macroinvertebrate densities  

Macroinvertebrate colonization on Hester Dendy samplers was dominated by 

Hydropsychidae, Heptageniidae and Chironomidae (Figure 2.5a). Hydropsychidae were present 

along the river just above Morrow Lake, but became extremely abundant immediately below the 

Morrow Lake dam (Table 2.3). They decreased downstream and in the semi-impounded sites, 

although still occurring at statistically greater densities than upstream. Heptageniidae and 
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Chironomidae varied spatially along the river, but there was no clear pattern in relation to 

Morrow Lake, nor was there a statistical difference among the sites. Philopotamidae were 

common in the downstream reaches. Other taxa such as Amphipoda, Leptohyphidae, Isonychia, 

and Baetidae were present but not abundant (Figure 2.5b). Taxa mentioned above represent 90-

99% of the individuals found on each Hester Dendy sampler. 

 

Stable isotope ratios of consumers 

Individual comparisons  

Comparing the δ13C among taxa, Hydropsychidae and Heptageniidae were more 13C-

enriched compared to other filter feeders such as Corbicula, Isonychia, and Macrostemum, but 

more 13C-depleted compared to Pleuroceridae snails, crayfish and Amphipoda (Figures 2.6 and 

2.7). Above the reservoir, Hydropsychidae were -31 ‰ in 2010 and -29 ‰ in 2012, and 

Heptageniidae were -31 ‰ and -30.6 ‰ in 2010 and 2012 (Figure 2.6a and 2.6b, Table 2.3). 

Immediately downstream of Morrow Lake, both Hydropsychidae and Heptageniidae were 13C-

depleted by up to 3 ‰. Further downstream of the dam, they became as 13C-enriched as at 

upstream sites (Figure 2.7a, Table 2.3). Only Hydropsychidae was significantly 13C-depleted 

downstream of Morrow Lake in 2008 and 2010, and only marginally significantly so in 2012 

(Table 2.3). The δ13C values of Hydropsychidae and Heptageniidae in 2008 were comparable, 

though intermediate to 2010 and 2012 (Figure 2.8).  

The distance downstream of Morrow Lake where consumer δ13C returned to being 

comparable to upstream depended on the year. In 2008, Hydropsychidae were 13C-depleted 

downstream though 16 km to 30 km in 2008, which was statistically significant. I was not able to 

detect how far the subsidy traveled in 2010 and 2012 in Hydropsychidae and Heptageniidae. 

Hydropsychidae δ13C appeared to be comparable to upstream by 16 km downstream in 2010 and 
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2012, but not statistically. Hydropsychidae and Heptageniidae δ13C values were slightly 13C-

depleted above the reservoir, and therefore, did not show significant differences in δ13C among 

the sites in 2010.  

 Tetragnathidae spider δ 13C (Figures 2.6c, 2.7b) followed a similar pattern to 

Hydropsychidae and Heptageniidae δ13C. The δ13C values of these spiders were comparable to 

Amphipoda, and 13C-enriched compared to Hydropsychidae and Heptageniidae. In both years, 

spiders were 13C-depleted downstream of Morrow Lake compared to upstream, at ~ -32 ‰ in 

2010 and -30 ‰ in 2012. Spider δ13C was statistically depleted downstream when pooling 

spiders from downstream (below Morrow and Mosel Avenue (8 km)), where spiders were -30 ‰ 

in 2012 and -31.2 ‰ in 2010. Spiders were still 2 ‰ depleted in the downstream (16 km and 30 

km) reaches in 2010, and remained relatively 13C-depleted within the semi-impounded reaches, a 

difference that is significant statistically. Compared to immediately below the dam, spiders were 

relatively enriched in 13C by 16 km downstream in 2012.  

 Besides Hydropsychidae and spiders few other taxa were found to be significantly 13C-

depleted downstream of Morrow Lake compared to upstream. Corbicula in 2012 were  

significantly 13C-depleted both below Morrow Lake and in the downstream reaches, but not in 

the semi-impounded reaches (Table 2.3). Macrostemum and Isonychia did not differ in δ13C, 

whereas Amphipoda were 13C-depleted in the downstream reaches.  

 
Functional feeding groups 

 Taxa can also be compared by pooling them into functional feeding groups (Figure 2.9a 

and 2.9b, Table 2.3). Filter-feeding macroinvertebrates (Hydropsychidae, Isonychia spp., 

Macrostemum spp. and Corbicula fluminea) were more 13C-depleted than the other functional 

feeding groups (grazers and collector gatherers). The caddisflies (Macrostemum and 
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Philopotamidae) were even more 13C-depleted at -35 ‰ and -36 ‰ in 2010 and -31 ‰ to -33 ‰ 

in 2012. Corbicula ranged from -30 ‰ above Morrow Lake to -34 ‰ downstream of the lake, 

then became more 13C-enriched downstream. Filter feeders were significantly 13C-depleted 

downstream of the reservoir compared to above it, but at 16 to 30 km and in the semi-impounded 

reaches they were statistically similar in δ13C of filter feeders in the upstream reaches (Table 

2.3). Benthic feeders can be considered another functional feeding group; they would include 

grazers, scrapers and collector gatherers (Heptageniidae, Pleuroceridae snails, Amphipoda and 

crayfish) (Figure 2.9d). The δ13C values of this group were -30 ‰ below the reservoir and -28.8 

‰ above the reservoir (Table 2.3). While many benthic feeders were 13C-depleted downstream 

of the reservoir relative to above it, the differences were generally not statistically significant, 

except at the Mosel Avenue site (8 km below Morrow Lake). 

 
Comparisons between high and low discharge years  

 To understand the role of river discharge, comparisons were made between the samples 

collected at higher flows in 2010 and those collected at lower flows in 2012 (Figure 2.6, Figure 

2.7, Table 2.3). Paired t-tests comparing sites across these two years indicate that 

Hydropsychidae and Heptageniidae were much more 13C-depleted (by up to 2‰) in 2010 

compared to 2012. Both Amphipoda and Pleuroceridae snails were not significantly different 

between 2010 and 2012. Tetragnathidae spiders were different between 2010 and 2012 by 1 ‰. 

This can be explained by the fact that spiders were likely similar above the reservoir and more 

13C-depleted by 2 ‰ downstream.  
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Baseline comparisons  

I did not use a mixing model to estimate dietary contributions in this study. To provide an 

indication of likely food sources, Pleuroceridae snails and Corbicula were chosen to reflect 

grazing and filter-feeding diets, respectively, for 2010 and 2012 (Figure 2.11). The average δ13C 

of snails, Corbicula and Macrostemum were also plotted to provide some estimate of range in 

δ13C of food sources (Figure 2.11). However, Corbicula δ13C follows patterns like other taxa, 

being enriched above the reservoir, though still depleted compared to other taxa. It is important 

to note that the δ13C values of Corbicula were 3 ‰ depleted compared to snails in 2012. 

Macrostemum was slightly more 13C-depleted than Corbicula. Comparisons between Corbicula 

and Hydropsychidae highlight changing food sources along the river. Above Morrow Lake, 

Corbicula were enriched compared to this taxon collected below Morrow Lake, though they 

were depleted compared to Hydropsychidae. Corbicula were very 13C-depleted downstream of 

Morrow Lake compared to most other taxa, with a gradual return to values similar to upstream of 

Morrow Lake. This suggests that Corbicula is consuming variable, and sometimes 13C-depleted, 

food sources depending on location in the river system. Snails were 13C-enriched, though less so 

downstream of Morrow. 

 Differences between Hydropsychidae and snails appeared greater in 2010 than 2012 

where measured (Figure 2.12). Hydropsychidae and Heptageniidae were intermediate between 

the two baselines (Figures 2.11, 2.12). Compared to snails, the δ13C values of Hydropsychidae 

and Heptageniidae were 3 ‰ more depleted in 2010 and 1 ‰ depleted in 2012. The δ13C values 

of Hydropsychidae and Heptageniidae were 1.6 ‰ enriched compared to Corbicula in 2012. 

Both taxa were similar to snails above the reservoir where measured. Hydropsychidae and 

Heptageniidae were depleted in 2010, but because I lack snails for upstream reaches and 
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Corbicula in 2010, I am less able to explain patterns. Also, Isonychia closely followed patterns 

of Hydropsychidae when collected in both 2010 and 2012, while Macrostemum was more 13C-

depleted. Amphipoda and crayfish were 13C-enriched compared to other taxa.  

 
Influence of variable lipid content on consumer δ13C 

 The consumer δ13C values reported in this study were not lipid corrected to facilitate 

comparison with most previous studies, and because lipid corrections present problems (see 

Methods). The C:N mass ratios of most macroinvertebrates were just outside ranges 

recommended for not correcting for lipid content, ranging between 4- 6 (with some up to 8) 

(Table 2.2).  

 Corrections for lipids were calculated to estimate the possible difference for consumer 

δ13C if lipids had been extracted. This study used both the Post et al. (2007) model and the Logan 

et al. (2008) model to estimate corrections. Post et al. (2007) led to corrections of +1-3 ‰ while 

the Logan et al. (2008) correction was 1.2-1.7 ‰. The C:N ratio of Hydropsychidae averaged 

5.5, which results in a correction of +2 ‰ using the Post et al. (2007) and +1.5 ‰ using Model 3 

of Logan et al. (2008). The linear equation method using the δ13C values of whole 

macroinvertebrates such as Heptageniidae, Macrostemum, Amphipoda and Isonychia had larger 

C:N ratios (~6), which led to greater lipid corrections of up to 2 ‰. Samples of muscle tissues 

(Snail) had lower C:N and thus smaller lipid corrections.  

Most taxa had lipid corrections for δ13C of +1.5-3 ‰, which was expected (Table 2.2). 

An important caveat is that Heptageniidae C:N mass ratios would lead to larger corrections than 

Hydropsychidae of up to +2.90 ‰ using the Post et al. (2007) model or about +1.5  ‰ using 

Logan et al. (2008). The larger enrichment corrections using the Post et al. (2007) model cause 

Heptageniidae 13C to be more enriched than Hydropsychidae, and could shift interpretation. The 



97 

Logan et al. (2008) Model 3 specifically parameterizes for Heptageniidae, a taxon which has a 

higher C:N, and accounts for chitin. Model 3 of Logan et al. (2008) resulted in a lower correction 

of 1.8 ‰. Corrections for this model do not alter δ13C values as much and would not change my 

interpretation. However, in this study, spatial patterns are likely greater than variation related to 

lipids, data are presented as lipid uncorrected for comparison with previous studies. 

 

Dissolved carbon dioxide  

The concentration of dissolved CO2 in the Kalamazoo River ranged from 26 to 145 µM, 

well above values expected for equilibration with atmospheric CO2 (Figure 2.13). There was a 

marked decrease in dissolved CO2 immediately downstream of the reservoir (Paired test, t 

stat=4.06, DF=6), and then concentrations rose further downstream but remaining below 

concentrations measured above Morrow Lake by 16 km (Paired t test, t stat=3.92, DF=9), only 

returning to comparable concentrations by 30 km downstream (Paired t-stat=1.41, DF=4 

p>0.05). This observed pattern was not consistent season to season. The dissolved CO2 

concentrations I frequently measured in 2008 were higher in spring and fall and decreased 

through the summer with the lowest observed in August at 25 uM. Comparing dissolved CO2 

between summers, July 2012 was slightly higher at 69 µM than July 2008. Dissolved CO2 was 

higher in October 2008 than July 2008 (Paired T-test, t stat=5.48 DF=4). I did not measure 

dissolved CO2 in 2010. While dissolved CO2 was greater in the autumn in 2008, this was not the 

case in 2012 where dissolved CO2 was marginally significantly higher in July 2012 at 61 µM 

than October 2012 which was 43 µM (Paired T-test, t stat=-3.52, DF=11).  

It appears that for Hydropsychidae, δ13C values were more depleted even when dissolved 

CO2 was lower (Figure 2.14). Collected over a longer transect, spiders were enriched up to -27 
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‰, which was surprising (Figure 2.14). Spider δ13C values became lower downstream. Spiders 

collected along the shorelines of Morrow Lake had a mean δ13C of -29.5 ‰. Dissolved CO2 from 

October 2012, which was collected over the same longitudinal transect, varied along the river. 

 

DISCUSSION 

In this study, I consistently found low suspended chlorophyll-a concentrations above the 

reservoir, a post-dam peak in chlorophyll-a concentrations (especially at lower flows), and 

decreasing concentrations downstream of the post-dam peak. The progressive loss of 

chlorophyll-a with distance downstream of Morrow dam appears to show a rate of decrease 

inversely proportional to discharge during the summer (Figure 2.3). The reservoir algal subsidy 

became apparent in early May and lasted through September (Figure 2.3a, see also Reid and 

Hamilton 2007). Benthic algae were abundant all along the river, and chlorophyll densities found 

on artificial substrata suggest a eutrophic river (Dodds 2006). I found that the passage of the 

Kalamazoo River water through the Morrow Lake reservoir changed the downstream food web 

from one being based on benthic algae, seston and terrestrial organic matter to one supported 

more by suspended algae produced within the reservoir. 

 

Isotopic evidence 

The distance downstream that the subsidy extended in consumers was unclear from the 

δ13C data alone. I observed a large increase in chlorophyll-a downstream of Morrow Lake, which 

would suggest a switch in algal food availability from benthic to suspended algae. Many 

consumers become 13C-depleted downstream as expected for a transition to predominantly 

phytoplankton as a food source . Hydropsychidae, Heptageniidae and Tetragnathidae (spiders)  
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exhibited the clearest response in all three years where taxa were 13C-depleted immediately 

below the dam compared to upstream samples (Table 2.3). Hydropsychidae and Tetragnathidae 

13C were statistically depleted in 13C all years studied, while Heptageniidae was significantly 

depleted only in 2008.  

This study did not find strong evidence that there was enhanced uptake of transported 

phytoplankton during high flows. Chlorophyll-a patterns suggest that material was transported 

downstream but it was not necessarily assimilated subsidy was transported further downstream 

during high flows (2008 and 2010) compared to low flows (2012), even though chlorophyll-a 

concentrations suggested that algal biomass showed that pattern. Based on my observations for 

chlorophyll-a, I hypothesized that Hydropsychidae would remain 13C-depleted for longer during 

high flows. Hydropsychidae collected in 2008 were intermediate between 2010 and 2012, but 

showed the clearest response to the reservoir-derived phytoplankton. Hydropsychidae was 

significantly 13C-depleted to 30 km in 2008 (Figure 2.6). In 2010 and 2012, Hydropsychidae 13C 

was statistically enriched by 8 km in both low and high flow summers. It appeared that 

consumers were 13C-depleted to 16-20 km and slowly became enriched, but this was not 

statistically detected (Figure 2.6a and 2.6b). Tetragnathidae spider δ13C did support this 

hypothesis, with spider δ13C following the chlorophyll-a pattern. Spider δ13C was statistically 

depleted a greater distance downstream (30 km) in 2010 and only just downstream of Morrow in 

2012.  Field observations also suggest that POM exported in water from Morrow Lake may settle 

on the bottom and within submersed macrophytes. Benthic consumers may feed on this settled 

material, which may explain why I was unable to detect depleted 13C in consumers at 16 km and 

downstream.  
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Chlorophyll-a remained high from the Morrow Lake outflow through to Lake Allegan 

during high flow summers, suggesting that the semi-impounded dams with low water retention 

times may keep water column algae suspended longer (Chapter 1). Chlorophyll-a increased 

slightly in high and low flow summers (Chapter 1), but production of phytoplankton from the 

semi-impounded reaches may be minimal.  It is not certain if t phytoplankton has been produced 

in the reservoirs themselves or if resuspended benthic algae produced within the semi-

impounded reaches are important (Reid and Hamilton 2007). C isotope on tetragnathidae spiders 

from 2010 may support this hypothesis because they were more 13C-depleted through the semi-

impounded reaches, suggesting that some aquatic insects may consume a greater proportion of 

phytoplankton there (Figure 2.6c). Also, in transects sampled in later years, neither chlorophyll-a 

nor consumer δ13C appear to support that phytoplankton is being produced from the semi-

impounded reaches. Hydropsychidae and Heptageniidae slowly became 13C-enriched in 2010 

and were highly 13C-enriched in the semi-impounded reaches in 2012 (a low flow summer). This 

suggests benthic food sources could be important (Figures 2.6a and 2.6b).  

I did not observe a large change in macroinvertebrate δ13C below the Morrow Lake dam, 

and therefore I did not find evidence for a strong switch from benthic algal dependence upstream 

of Morrow Lake to suspended algal dependence below, in contrast to what I expected.  

Hydropsychidae δ13C did not remain depleted though the river, even as chlorophyll-a remained 

high, suggesting that phytoplankton from Morrow was not necessarily important for consumers 

through the river. The reservoir algal subsidy extended only a limited distance downstream, and 

the δ13C values of most consumers gradually approached a baseline comparable to that above the 

reservoir, even as chlorophyll-a remained elevated. Consumer δ13C suggests that the transport of 

material in the Kalamazoo River is complicated. While the actual nature of the food sources is 
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less clear, Hydropsychidae and Heptageniidae were abundant throughout the river, including the 

semi-impounded reaches, suggesting an abundant food source. Even though I cannot be certain 

how far downstream the Morrow Lake subsidy extended, most studies downstream of reservoirs 

have found that reservoir plankton decreased within ~1 km downstream (Doi et al. 2008), and I 

was able to detect transport of phytoplankton material  up to 8 km, making this study one of the 

longest documented downstream subsidies of reservoir-produced algae.  

 

Macroinvertebrate densities  

In contrast to the isotopic evidence, the patterns in macroinvertebrate densities and 

functional feeding groups supported my hypothesis of a reservoir subsidy, with Hydropsychidae 

increasing greatly in density immediately downstream of the reservoir (Figure 2.5a). The patterns 

in Hydropsychidae densities reflect chlorophyll-a pattern patterns. Other filter feeders such as 

Brachycentridae and Isonychiidae were not abundant overall and were found at similar 

abundances both upstream and downstream of the reservoir. This work supports other studies 

which have also found that Hydropsychidae densities increase downstream of reservoirs and 

lakes (Doi et al. 2008, Mackay and Waters 1986, Oswood 1979, Parker and Voshell 1983, 

Richardson 1984, Robinson and Minshall 1990). Our work on the Kalamazoo River is also 

comparable to smaller streams such as those studied by Mackay and Waters (1986) and Doi et al. 

(2008), who found that only filter feeders responded to the subsidy. Macroinvertebrate 

composition and densities in the Kalamazoo River are similar to other rivers of comparable size, 

even without dams (Grubaugh et al. 1997, Benke 2015). Densities are also comparable to those 

reported in free-flowing and recovering reaches in dam removal studies (Stanley et al. 2002, 

Hansen and Hayes 2012, Orr et al. 2008, Grubbs and Taylor 2004).  
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Consumer diet subsidy inferred from δ13C  

Hydropsychidae and Heptageniidae are of particular interest in this study given their high 

abundances in the Kalamazoo River, and their known variation in diets across a range of river 

sizes. Gut contents of macroinvertebrates along the river continuum have shown the importance 

of amorphous detritus, with a decreasing contribution of terrestrial organic matter and increasing 

contribution of algae or animals as rivers grow in size (Rosi-Marshall and Wallace 2002, 

McNeely et al. 2007). In this study, Hydropsychidae above the reservoir were likely supported 

by suspended detritus and dislodged benthic algae, whereas suspended algae may have been 

more important to their diets downstream of the reservoir. Additionally, Hydropsychidae δ13C 

and densities consistently showed statistically significant responses to the reservoir subsidy, and 

the δ13C values of Hydropsychidae immediately downstream of Morrow were comparable to 

typical δ13C values of lake and reservoir phytoplankton (Doi et al. 2008, Junger and Planas 

1994). Longitudinal patterns in this study are comparable to those found by Doi et al. (2008) in 

another 4th order river. However, the δ13C values of consumers in the Kalamazoo River were 

comparable to taxa in studies of larger rivers (Delong and Thorp 2006, Kautza and Sullivan 

2016). Casper et al. (2006) reported isotopic changes following a dam removal for Hydropsyche 

(Hydropsychidae) and Stenonema (Heptageniidae), and attributed the changes to a diet switch 

from predominantly reservoir-produced phytoplankton to benthic algae. Longitudinal patterns 

are not always observed, however, and Hydropsychidae diets as inferred from δ13C values and 

gut contents may not be impacted by reservoirs (Growns et al. 2014). 

Heptageniidae densities below the reservoir did not respond to the subsidy, but δ13C 

values were surprisingly 13C-depleted and similar to Hydropsychidae (Figures 2.5a, 2.6b). 

Heptageniidae are classified as scrapers like gastropods, and yet isotopically they were 
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comparable to Hydropsychidae. Importantly, Heptageniidae were 13C-depleted upstream of 

Morrow Lake (Figure 2.7a), though this is based on one data point. Heptageniidae diets become 

more dependent on algae as river size increases (Finlay et al. 2001, McNeely et al. 2006 and 

2007, Collins et al. 2015). In the Kalamazoo River below Morrow Lake, Heptageniidae may be 

feeding on deposited seston, which may explain why these taxa were 13C-depleted compared to 

grazing snails. This suggests that Heptageniidae have a flexible feeding strategy that can include 

sedimented particulate organic matter (McShaffrey and McCafferty 1986, McNeely et al. 2006 

and 2007, Huryn et al. 2001).  

Compared to other functional feeding groups, filter feeders such as Corbicula, 

Macrostemum, Isonychia and Philopotamidae were 13C-depleted throughout the river relative to 

other macroinvertebrates (Figure 2.9). Isonychia δ13C values closely followed Hydropsychidae 

δ13C where both were collected, while Philopotamidae and Macrostemum were especially 13C-

depleted. Philopotamidae and Macrostemum nets have especially small mesh sizes, and other 

studies have shown that their gut contents were dominated by small particles and amorphous 

detritus (Cundey and Wallace 1980, Wallace 1975, Parker and Voshell 1983, Benke and Wallace 

1997 and 1980, Benke 2015). It is possible that they are selectively feeding on small 

phytoplankton in the Kalamazoo River below Morrow Lake. 

Tetragnathidae, Amphipods, and crayfish were more similar in δ13C to snails. These taxa 

did not respond strongly to the subsidy, like grazers in another study by Doi et al. (2008). These 

taxa were relatively enriched in 13C and only slightly depleted downstream of the reservoir, 

suggesting that they consumed some settled algae from the reservoir (Figure 2.9). Amphipoda 

and crayfish are known to have versatile diets (Hamilton et al. 2004, Evans White et al. 2003).   
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Given their δ13C in relation to baseline taxa, Hydropsychidae diets are likely a mix 

between seston (as indicated by Corbicula) and dislodged benthic algae above Morrow (as 

indicated by Pleuroceridae snails) (Figure 2.11). At Galesburg in 2012, the δ13C values of 

Hydropsychidae, Heptageniidae and Isonychiidae were close to those of snails suggesting a 

benthic diet. Hydropsychidae were more 13C-depleted in 2010, but in that year, I was unable to 

collect snails above Morrow Lake, and I did not collect Corbicula. I expect that Hydropsychidae 

would be 13C-depleted compared to snails if they had been collected above Morrow Lake. Other 

taxa such as Amphipoda show δ13C values that are similar along the river, which suggests that 

using an average for snails as a proxy for snail δ13C along the river is appropriate. Additionally, 

Macrostemum where measured were more 13C-depleted in 2010. These proxies for food sources 

suggest that Hydropsychidae consumed a depleted food source both above and below Morrow in 

2010. This could also suggest that the base of the food web is more complex and variable than 

simply a mixture between benthic and suspended algae.  

Many food-web studies group taxa by order or family, as I have done here, but subtle 

differences in diets may exist even within a family such as Hydropsychidae (Rasmussen 2010, 

Jardine et al. 2012, Sullivan 2013).  One study on a southeastern U.S. river showed that 

Hydropsychidae species with larger mesh sizes were more 13C-enriched, while those with 

smaller mesh sizes were 13C-depleted, suggesting dietary differences (Benke 2015). Amorphous 

detritus is an important component in gut contents of macroinvertebrates (Rosi-Marshall and 

Wallace 2002, Benke 2015), and this often originates from upstream processing of detrital 

vascular-plant organic matter (Vannote et al. 1980) but can also be of algal origin. Isotopic 

studies suggest the importance of algae in macroinvertebrate diets given the greater nutritional 
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content and digestibility of algal organic matter even if gut contents are high in detritus 

(McNeely et al. 2006 and 2007, Collins et al. 2016, Kelly et al. 2013). 

 

The role of dissolved CO2 

If the δ13C of DIC varies mainly because of variable free CO2, it would likely influence 

the δ13C of algal biomass. One would expect that at higher CO2 concentrations, the δ13C of DIC 

would be more 13C-depleted. This would propagate up the food web. However, years when 

Hydropsychidae δ13C was more depleted did not necessarily correspond to years with lower 

dissolved CO2. In 2012, Hydropsychidae were more 13C-enriched but dissolved CO2 was not 

lower. Consumer δ13C values were 1-2‰ depleted in 2010 compared to 2012, and the δ13C 

values of taxa I measured were unexpectedly similar to taxa found in some of the largest 

impounded rivers in the Upper Mississippi River lock and dam system (Delong et al. 2001, 

Delong and Thorp 2006, Herwig et al. 2007), where dissolved CO2 has been recently measured 

(Crawford et al. 2016). Studies using natural abundances of carbon isotopes from the largest 

rivers also found depleted consumers depleted in 13C within or downstream of reservoirs, where 

whole food webs were more 13C-enriched than those in the Upper Mississippi River (Casper et 

al. 2006, Freedman et al. 2014). Given that taxa were more 13C-enriched in 2012, the role of DIC 

and pCO2 could explain these patterns. Factors related to algal growth are better studied in lake 

and stream systems than in large river studies where flow and dissolved CO2 conditions are 

different. Broadly, increases of dissolved CO2 (Bade et al. 2006, Finlay et al. 2004) or dissolved 

organic carbon concentrations (Lennon et al. 2006, Jepsen and Winemiller 2007) could decrease 

δ13C of DIC and lead to depleted δ13C values of algae (Quay et al. 1986, Smyntek et al. 2012, 

Zohary et al. 1994, Yoshika et al. 1994, Lehman et al. 2004, Yoshii et al. 1999, Hodell and 

Schelske 1998 Gu et al. 2011).  
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In the Kalamazoo River system, it does not appear that the depletion 13C of consumers 

below Morrow Lake can be explained by changes in the δ13C of dissolved CO2 as the river water 

passes through the reservoir. The observed decrease in dissolved CO2 concentrations below 

Morrow Lake could possibly lead to enriched algae, which was not observed in this study. The 

pCO2 and DIC of the Kalamazoo River appear to be comparable to other rivers (Cole and Caraco 

2001, Van den Meersche et al. 2009, Caraco et al. 2010, Jepsen and Winemiller 2007 and Junger 

and Planas 1994). A previous study found that the δ13C of DIC in the Kalamazoo River 

downstream of Morrow Lake ranged from -8.7 to -11.4 ‰ (Atekwana and Krishnamurthy 1998). 

Based on other studies, 13C enrichment of the dissolved CO2 would seem more likely as water 

moved through Morrow Lake; in freshwaters, the δ13C of dissolved CO2 normally becomes more 

13C-enriched as photosynthetic assimilation draws the dissolved CO2 concentrations down 

(Finlay and Kendall 2007). However, my observation that pCO2 actually increases in Morrow 

Lake suggests that respiratory CO2 reaches higher concentrations in the reservoir than upriver. 

The δ13C values of consumers in 2012 were 13C-enriched, but in mid-July, dissolved CO2 

was higher in 2012 than 2008 (I lack data for 2010). It has been shown in lakes that dissolved 

CO2 influences algal photosynthetic fractionation at concentrations around 10 to 70 μM, and that 

lower concentrations can result in 13C-enriched phytoplankton (Smyntek et al. 2012, Bade et al. 

2006, Gu et al. 2011, Lennon et al. 2006, Yoshika et al. 1994, Karlsson 2014, Finlay et al. 2004).  

In our study, dissolved CO2 decreased through the season to ~56 µM in 2012 and reached ~70 

µM in July and August 2008. This seasonal pattern is similar to that reported by Smyntek et al. 

(2012) where pCO2 was lowest in July. However, in my data I did not find that dissolved CO2 

explained the variation in consumer δ13C (Figure 2.13 and 2.14). Amphipoda and Gastropoda 13C 

values were enriched along the river, and did not vary much. These patterns suggest the 
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consumer δ13C is more likely a result of a food source change as related to suspended algae 

rather than dissolved CO2.  

 

Other alternative explanations for longitudinal variation in consumer δ13C  

I assert that 13C-depletion in consumer taxa is an indicator of the algal subsidy 

downstream of the reservoir because growth of benthic algae produces boundary layers that 

generally cause 13C-enrichment compared to phytoplankton (Hecky and Hesslein 1995). 

However, other possible explanations in addition to a change in dissolved CO2 deserve 

consideration. While lake studies suggest that zooplankton with low δ13C are supported by 13C-

depleted phytoplankton (Kling et al. 1992, France 1995, Hecky and Hesslein 1995), studies of 

lake phytoplankton do show considerable δ13C variability (Bade et al. 2006, Smyntek et al. 

2012). Besides dissolved CO2 limitations, growth rates are also important drivers of variation in 

the δ13C of phytoplankton in lakes, causing enrichment. (Gu et al. 2011, Bade et al. 2006, 

Smyntek et al. 2012) and algal taxa may respond differently to the δ13C of DIC and CO2 (Zohary 

et al. 1994, Lehman et al. 2004, Yoshii et al. 1999, Yoshioka et al. 1994, Cifuentes et al. 1988). I 

have no information on algal taxa or growth rates to evaluate this possibility, however. 

Alternatively, benthic algal δ13C can vary because flow variation in velocity and 

turbulence, creating a variable boundary-layer limitation of CO2 assimilation (Singer et al. 2005, 

Trudeau and Rasmussen 2007, Finlay et al. 1999, Sullivan 2013). Benthic algal δ13C can be more 

enriched in areas of slower flow (Finlay et al. 2004, Sullivan 2013). Benthic algal δ13C in 

streams can shift from more 13C-depleted in the headwaters, where most DIC originates from 

groundwater sources, to more 13C-enriched downstream as a greater fraction of the DIC is 

derived from the atmosphere (Rasmussen 2010, Kobayashi et al. 2011, Finlay et al. 2004).  I did 

not observe this pattern in Tetragnathidae spiders collected over a longitudinal gradient.  
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Temporal variability matters if the time scales of isotopic turnover vary among 

consumers and/or sampling sites (Woodland et al. 2012). Seasonable changes in benthic algal 

biomass and composition exist, but may not be not predictable (reviewed by Ishikawa et al. 

2012). Spatial rather than temporal variability of macroinvertebrate δ13C was likely greater in 

this study (Figure 2.8). I tried to control for flow velocity by choosing similar conditions for my 

sampling sites, but nonetheless velocities varied (Table 2.1) and could possibly contribute to 

variation in benthic algal δ13C. There is no evidence to indicate for these alternative explanations 

of the longitudinal patterns that I observed within particular taxa on particular sampling dates. 

Hence, the algal subsidy downstream of the reservoir seems the most likely explanation.  

 

Caveats for using primary consumers as estimates of basal food source δ13C 

Estimation of δ13C of POM has been an ongoing challenge and the use of δ13C as a tracer 

has received criticism because of challenges of overlap in δ13C values of detritus from 

transported terrestrial organic matter and autochthonous algal carbon (Hamilton et al. 2005, 

Taipale et al. 2015, Marty and Planas 2008, Bade et al. 2006, Middelburg 2014). Stable carbon 

isotope ratios in seston show that POM is often a diverse mixture that may or may not include a 

high proportion of algal biomass (Kendall et al. 2001). Hamilton et al. (2005) used density 

gradient centrifugation in colloidal silica to separate algae from detritus in samples from various 

aquatic environments and showed that the bulk seston does not always represent the algal δ13C.  

Instead of measuring baseline δ13C of seston or epilithon directly to indicate the δ13C of 

basal food resources, I used primary consumers (Corbicula and snails) as indicators of food 

source variation (Vander Zanden et al. 2011, Post 2002, Fry et al. 2008).  I expected that δ13C of 

snails along the Kalamazoo River to closely track variability in benthic δ13C along a river 

gradient, which has been observed in other studies (Rasmussen 2010, Sullivan 2013, Finlay et al. 
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1999, Jardine et al. 2012). Corbicula, also a baseline in this study, was one of the most 13C-

depleted taxa throughout the river (Figure 2.9). Using primary consumers as indicators of the 

δ13C of basal food resources has its own challenges (Taipale et al. 2015, Marty and Planas 2008, 

Middelburg 2014, Hamilton et al 2005). While Corbicula are known to consume phytoplankton 

(Cohen et al. 1984, Atkinson et al. 2011), they also pedal feed on benthic organic matter (Bullard 

and Hershey 2013). Snails may consume sedimented phytoplankton as well as benthic algae. 

Consuming variable diets is especially evident in this study as Corbicula and snails δ13C varied 

above and below the reservoir (Figure 2.9).  

Additionally, Hamilton (unpublished) found little difference in δ13C between stream 

benthic algae and terrestrial organic matter in a small tributary stream of the Kalamazoo River, 

and gastropods were comparable to his result (~ -29 to -30 ‰ or -27 to -29 ‰ after calculated 

lipid correction). This suggests that I would be unlikely to decipher dietary differences from 

direct measurements of the δ13C values of basal resources. Given these caveats, I decided not to 

use an isotopic mixing model to infer dietary proportions (i.e. Fry et al. 2008, Vander Zanden et 

al. 2011). Issues with δ13C overlap among sources continue to confound data interpretation and 

limit our ability to quantify dietary sources in stable isotope studies (Peterson and Fry 1987, 

Jepsen and Winemiller 2007, Herwig et al. 2007), and this is important for inferring trophic 

position (Kristensen et al. 2016). 

Many aquatic studies have observed that consumers are slightly 13C-depleted compared 

to food sources (Bunn and Boon 1993, Hamilton et al. 1992, Karlsson et al. 2003, reviewed by 

Brett 2014). Hydropsychidae were more 13C-depleted than sampled food sources in the 

Mississippi River (Herwig 2007). In the upper Mississippi River system, where there are 

impoundments for navigation that create extensive backwater flooding, FPOM of algal origin 
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was shown to be a food source for both Hydropsychidae and Heptageniidae (Delong and Thorp 

2006). Seston collected from a nearby river would be more enriched than filter feeders in this 

study (Marko et al. 2013), and I hypothesized that seston would be enriched compared to 

Hydropsychidae in the Kalamazoo River. Use of algal separation techniques (e.g., Hamilton et 

al. 2005) in this study may have shown patterns related to dissolved carbon dioxide that were not 

detected in bulk seston. Such techniques have shown variability in seston composition (Junker 

and Cross 2014), and the importance of algal components in the POM to consumer diets (Delong 

and Thorp 2006).  

Another caveat is that I am reporting δ13C of consumers without correcting for variation 

in lipid content. Data in this study are reported as lipid-uncorrected to compare with previous 

studies (Zeug et al. 2008, Hoeinghaus et al. 2007, Kautza and Sullivan 2016, Delong and Thorp 

2006). Lipids are relatively 13C-depleted leading to variable lipid content in consumers (Logan et 

al. 2008, Post et al. 2007). Post et al. (2007) model was developed more broadly for aquatic 

organisms but appears to overcorrect for lipids in macroinvertebrates in this study. The consumer 

C:N values in this study are comparable to those reported by Logan et al. (2008), whose model 

considers chitin in whole macroinvertebrates (Logan et al. 2008). Based on model corrections, all 

taxa would be enriched by 1 to 2 ‰, which would shift taxa to 27 ‰. Heptageniidae and 

Hydropsychidae would also be perhaps more enriched than phytoplankton estimates. I did not 

use lipid extraction because it can lead to alteration of δ15N, though not always (Logan et al. 

2008), and model estimates should be used with caution (de Lecea and de Charmony 2015). 

Lipid extraction is recommended when using mixing models, especially for Heptageniidae and 

Hydropsychidae, given the limited number of studies that do so on macroinvertebrates (i.e. 

Logan et al. 2008). 
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Lastly, samples of consumers collected in 2010 and 2012 were processed with gut 

contents. The differences in δ13C between specimens with guts cleared or not is less than that the 

difference between years, suggesting that the 13C-depleted taxa observed in 2010 indicate a 

change in food source rather than a gut content effect (Jardine et al. 2005). Gut content removal 

can be important. Jardine et al. (2005) found that invertebrate samples with gut contents will be 

perhaps 0.5 ‰ depleted in 13C. My study was more interested in longitudinal patterns and 

temporal changes, which were likely greater than additional variation related to lipids in tissues 

and gut contents. Improve techniques for estimating baselines (i.e. Hamilton et al. 2005, 

Middelburg 2014), gut content removal, and lipid removal or corrections should be conducted to 

improve mixing model results in future studies (sensu Junker and Cross 2014).  

 

The role of flow variability in controlling phytoplankton production 

This study focuses on the role of seston in river food webs, and the food web response to 

the changes in seston attributable to impoundment. Rivers of this size often carry seston that 

represents an important high-quality food source for filter feeders (Naiman 1983, Wilkinson et 

al. 2013, Van Den Meersche et al. 2009, Caraco et al. 2010, Hoeinghaus et al. 2007, Benke 2015, 

Rosi-Marshall and Meyer 2004), although we do not understand what is driving food quality. 

The base of the food web of a river of this size is hypothesized to be a mix of local benthic algae 

and transported organic material from upstream (Vannote et al. 1980, Cummins et al. 1981, 

McCutchan and Lewis 2002, Hamilton et al. 2004). The changes in the relative proportions of 

organic matter sources as rivers increase in size has been embodied in the River Continuum 

Concept (Vannote et al. 1980). Phytoplankton production in large river systems is better 

understood (Cole et al. 1992, Lewis 1988, Descy and Reynolds 1996, Ochs et al. 2013). Stable 

isotope tracer studies of food webs in larger rivers have noted that phytoplanktonic algal 
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production can be important to food webs particularly those where there are natural floodplain 

lakes or artificial impoundments (Hamilton et al. 1992, Bunn and Boon 1993, Hoeinghaus et al. 

2007, Caraco et al. 2010, Leigh et al. 2010, Thorp et al. 1998). Phytoplankton production in 

smaller streams is less important to food webs, likely because of residence time limitations (e.g., 

McCutchan and Lewis 2002). However, the River Continuum Concept was underpinned by just 

a few case studies (Vannote et al 1980), and it is not known when the transition from small 

stream to large river occurs (Reisinger et al. 2015). 

The literature suggests that downstream of dams, macroinvertebrate responses to 

reservoirs is related to river size. In smaller streams, Hydropsychidae and Heptageniidae can be 

isotopically similar (Walters et al. 2007) and both benthic detritus and algae are thought to be 

important to their diets (McCutchan and Lewis 2002, Doi et al. 2007, Collins et al. 2015, 

Ishikawa et al. 2014, Hamilton et al. 2004, McNeely et al. 2006). As river size increases, the 

δ13C values of Hydropsychidae become depleted compared to Heptageniidae (Herwig et al. 2004 

and 2007, Delong and Thorp 2006, Kautza and Sullivan 2016). The macroinvertebrate response 

below a dam was likely intermediate between a smaller stream and the largest rivers, though 

Hydropsychidae were comparable to larger river studies. A synoptic examination of algae in 

seston upstream of Morrow Lake showed that they were mostly benthic diatoms with some green 

algae, while downstream the seston contained more phytoplanktonic diatoms and green algae 

(Reid and Hamilton 2007). Filter-feeder gut contents often contain amorphous detritus of 

uncertain origin, whereas isotopic evidence can support assimilation of a mix of vascular-plant 

detritus and benthic algae (e.g., McNeely et al. 2007) and possibly phytoplankton.  

The depleted δ13C of Hydropsychidae upstream of Morrow Lake relative to C-3 plants 

could indicate a 13C-depleted food source in the absence of artificial impoundment, while 
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considering the above caveats. Production of 13C-depleted algae could occur in slack water 

habitats along the floodplain of the Kalamazoo River (sensu Thorp et al. 2006, Hein et al. 2003, 

Hamilton et al. 1992), but quantifying this is challenging (Herwig et al. 2007). High flows could 

be important for the transport of organic material including algae to the river food web (Jardine 

et al. 2015, Atkinson et al. 2009), and dislodged benthic algae could be an important source of 

suspended algal biomass (Reynolds 2000, Delong and Thorp 2006, Istvanovics et al. 2011, Gu 

and Schelske 1996).  

Overall, in the low-discharge year 2012 macroinvertebrates were 13C-enriched compared 

to macroinvertebrates in 2010 and may be mostly reliant on benthic algae, even with long water 

retention times that could produce more phytoplankton, and few resuspension events. During low 

flows in summer, the river may have been less connected to the floodplain, but warm 

temperatures and slower flows would increase in-stream algal production (Jardine et al. 2015, 

Winemiller et al. 2015). Connectivity to flood plains is important for food web dynamics (Junk 

et al. 1988, Benke 2015, Roach et al 2013, Bellmore et al. 2013). The relative importance of 

benthic algae to phytoplankton in large rivers is less known (Thorp et al. 1998). This means that 

river channel modifications and the role of run-of-river dams in altering seston concentrations 

are important to understand. This study was conducted in the face of large interannual variability, 

and detecting food web differences was thus difficult. However, Hydropsychidae in particular 

were more 13C-depleted below Morrow Lake, suggesting that phytoplankton could be important, 

at least in high flow years.  

 

Transfer of energy to higher trophic levels and the terrestrial ecosystem  

Macroinvertebrates represent important intermediate consumers for the flow of energy 

from the base of the food web to higher trophic levels including fishes. Like in other reservoir 
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studies, we have observed a change from benthic algae to suspended algae as potential food 

sources for invertebrate consumers when comparing the river above and immediately below 

Morrow Lake. Longitudinal variation along the river in the diets of primary consumers 

influences energy transfer to higher trophic levels. Aquatic insects with flying adult stages 

represent a potentially important food source for birds, bats and spiders. While Tetragnathidae 

spiders show similar longitudinal patterns to Hydropsychidae and Heptageniidae, they were more 

13C enriched, possibly due in part to an expected trophic enrichment of ~1 ‰ for a predator 

relative to its prey. Even with a longitudinal sampling of Tetragnathidae over a 100 km section 

of river, I did not see a pattern related to the downstream direction as predicted by the River 

Continuum Concept. Past longitudinal sampling along rivers may or may not have detected the 

role of reservoir-produced phytoplankton in diets of filter feeders, as filter feeders become 13C-

depleted along the river continuum (Kobayashi et al. 2011). I found that Tetragnathidae spiders 

were isotopically more comparable to snails than Corbicula, suggesting that benthic production 

was important to subsidizing the terrestrial food web via emerging insects. Tetragnathidae 

spiders are an important indicator of the subsidy from aquatic to terrestrial systems (Marczak and 

Richardson 2007, Paetzold et al. 2006, Sanzone et al. 2003 Baxter et al. 2005, Polis et al. 1997, 

Bellmore et al. 2013).  

Even along the banks of the reservoir, the spiders were more enriched in 13C than I would 

have predicted compared to the 13C-depleted filter feeders below the dam. Based on δ13C values, 

Kautza and Sullivan (2016) found that Tetragnathidae were supported by prey feeding on a 

mixture of phytoplankton, benthic algae and terrestrial organic matter. Tagwireyi and Sullivan 

(2016) found that Chironomidae, Hydropsychidae and Heptageniidae were assumed to be 

important to Tetragnathidae and in their study, the emerging adult insect composition was 
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comparable to macroinvertebrates found on Hester Dendy samples in the Kalamazoo River. 

Many macroinvertebrates were 13C-enriched and possibly supported mainly by benthic algae. 

Hydropsychidae were depleted. The algal subsidy transported downstream from Morrow Lake 

may have been important to downstream filter-feeding insect larvae, which upon emergence 

effectively transferred this subsidy to the terrestrial food web. 

 

CONCLUSIONS 

 An increasing global interest in the development of run-of-river dams may lead to the 

increase of dam building in many parts of the world, though not in the coterminous United States 

(Francois et al. 2016, Kumar and Katoch 2014, Winemiller et al. 2015). Some of the best studies 

of their impacts come from such dams on Midwestern US streams, but these have still been less 

studied from a river ecosystem perspective (Stanley et al. 2002). My research suggests that 

Morrow Lake, a run-of-river reservoir, produced an algal subsidy in outflowing water, but only 

one taxon, filter-feeding Hydropsychidae, clearly responded, as has been observed in other 

studies (Mackay and Walters 1986, Doi et al. 2008). Collecting data across a broad range of 

discharges, I observed food source differences among years that could be related to food source 

changes but evidently not to dissolved CO2. Downstream of Morrow Lake, chlorophyll-a quickly 

decreased in low flow summers but could possibly be transported all the way to the next large 

downstream reservoir (Lake Allegan) in high flow years. The isotopic evidence from caddisflies 

suggest that the impacts of the dam on seston composition are complex. Run-of-river dams may 

impact macroinvertebrates, organic matter processing, and food webs in subtler ways than deep 

storage reservoirs with longer water residence times (Kibler and Tullos 2013). Like our study, 

reservoir plankton can be produced if water residence times are long enough and export of that 
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plankton subsidizes downstream food webs and can alter macroinvertebrate communities 

(Stanley et al. 2002, Grubbs and Taylor 2004, Hansen and Hayes 2012). Tools like natural 

abundances of stable carbon isotopes can be used to better understand what is driving production 

in food webs in rivers with run-of-river dams, but the differences may not be as marked as in the 

case of reservoirs with long water residence times.  

 Large hypolimnetic release dams, which have been better studied, can alter sediment 

(Wohl 2015), trapping transported material and seston (Angradi 1993, Ulseth and Hall 2015), 

and may degrade macroinvertebrate and fish communities downstream (Cross et al. 2011, 

Kennedy et al. 2016, Holt et al. 2015). Run-of-river dams have not been studied as extensively. 

Like all dams, run-of-river reservoirs can be a barrier to upstream fish movement (Wang et al. 

2011, Cumming 2004, Santucci et al. 2005). Studies have suggested leaving dams in place so 

they could provide a food source, especially for endangered Unionidae mussels (Singer and 

Gangloff 2011). However, the base of food webs in rivers is still being explored. Determining 

when phytoplankton production becomes important, especially under changing climate and 

variable flow regime, remains an important challenge.   

 Many small run-of-river dams were built in the early 1900s and were critical for 

hydroelectricity and the development of the local economy, but have remained long after their 

hydropower facilities or other uses were decommissioned (Csiki and Rhoads 2015, Stanley and 

Doyle 2002, Stanford et al. 1996, Benstead et al. 1999). The cumulative impacts of run-of-river 

dams provide lessons regarding degradation of water quality and fisheries (Doyle et al. 2005). 

Run-of-river reservoirs span a range of sizes and water residence times, and their impacts would 

be expected to vary as a result (Csiki and Rhodes 2015). The Kalamazoo River represents an 

abundant type of river system (Downing et al. 2012) and many such systems have run-of-river 
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reservoirs like those on the Kalamazoo River (Stanley 2002, Poff et al. 2007). While aging 

infrastructure in the U.S. and other industrialized nations has made it imperative that dams be 

removed before they could fail (Stanford et al.1996), further development of run-of-river 

schemes for hydroelectricity will continue to be an attractive energy source and such dams are 

increasingly being constructed worldwide (i.e. Winemiller et al. 2016). Although the impacts of 

a single run-of-river dam can be subtle, the cumulative impacts of such reservoirs along the river 

system are important.  
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Table 2.1 Current velocities of sites along the Kalamazoo River where artificial substrata were 
deployed (bricks or Hester Dendy samplers). 
 

Site Flow (m/s) 

  2010 2012 

Battle Creek 0.25  
Fort Custer 0.50 0.54 

Galesburg 0.33 0.38 

Downstream of Morrow  0.32 

Parchment. MI 0.33 0.26 

D-avenue 0.50  
Plainwell 0.50 0.39 

Township Dam 0.57 0.30 

Trowbridge 0.37 0.45 
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Table 2.2 C:N and δ13C corrections for taxa from the Kalamazoo River models used for C:N correction were based on linear models 
from Post et al. (2007) and Logan et al. (2008) with number of individuals. Included are samples with macroinvertebrates allowed to 
clear their guts versus those with gut content present. 
 

 Hydropsychidae Heptageniidae Amphipoda Snail Coricula Macrostemum Isonychia Crayfish 

C:N 5.47 (34) 6.26 (28) 6.29 (19) 4.67 (13) 5.41 (9) 5.99 (11) 6.64 (13) 5.55 (9) 

         

Post et al. (2007)         

Lipid correction 2.09 (34) 2.88 (28) 2.90 (19) 1.30 (13) 2.03 (9) 2.61 (11) 3.26 (13) 2.18 (9) 

         

Logan et al. (2008)         

Lipid correction 1.51 (32) 1.77 (28) 1.77 (19) 1.21 (13) 1.48 (9) 1.69 (11) 1.88 (13) 1.54 (9) 

Model 3         

         

Gut content -0.24 (5) -0.43(4) -0.02(3)   -0.92(1) 0.25(3)  
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Table 2.3 Statistical comparisons of d13C of common taxa along the Kalamazoo River. Comparisons were made by pooling taxa from 
Fort Custer (the site above Morrow) to taxa pooled downstream of Morrow by site. All taxa were made by comparing common taxa 
via Paired t-test. Functional feeding group comparisons were made using Two-way t-test.  Taxa were pooled by section and compared 
from above (Fort Custer and Galesburg, MI to below (below Morrow and Parchment, MI at Mosel Ave.), Downstream (D-avenue and 
Plainwell) and Semi-impounded (Ostego Township Dam and the Township Dam and Trowbridge. 
 

Distance from Fort  Custer Galesburg Morrow Mosel D-avenue Plainwell Otsego Trowbridge 

Morrow (km)   0 8 16 30 36 48 

Filter feeder         

2010 -31.61  -35.59 -35.26 -32.31 -32.39 -33.28 -33.69 

2010   DF=2, T=13.16, p<0.05 NS NA NS NS NS 

2012 -30.82  -33.02 -32.44 -31.58 -31.94 -30.22 -30.24 

2012   DF=5, T=4.31, p<0.05 NS NS NS NS NS 

Grazers         

2010 -28.75  -31.24 -31.85 -30.62 -30.06 -30.18 -31.41 

2010   NS DF=5, T=2.78, p<0.07 NS NS NS NA 

         

2012 -28.78  -30.6 -30.16 -29.17 -28.76 -26.59 -28.37 

2012   NS NS NS NS NS NS 

 

 Morrow Mosel D-avenue Plainwell Otsego Trowbridge 

Hydropsychidae       
2008 DF=3, T=6.74, p<0.05 NS DF=3, T=4.47, P=0.06 DF=3, T=3.28, P=0.05 NS NS 

2012 DF=2, T=4.06, p=0.06 NS NS DF=2, T=3.28, P=0.05 NS DF=4, T=-6.32, p<0.05 

Heptageniidae        
2008 DF=3, T=9.34, p=0.05  NS NS NS NS 

2012 NA NS NA NS DF=4, T=7.90, p=0.05 DF=3, T=-3.48, p<0.05 
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Table 2.3 (cont’d) 

Data and stats     

pooled by site  Below Downstream Semi-impounded 

Spiders 2010 DF=3, T=4.51, p<0.05 DF=3, T=2.97 p=0.06 DF=4, T=3.87 p<0.05 

 2012 DF=2, T=4.77, p<0.05 NS NA 

 Year to Year  Difference=1.00 ‰ DF=5, t stat=-2.54, p=0.05  

     

Hydropsychidae 2010 DF=3, T=3.80, p<0.05 NS NS 

   2012 DF=6, T=3.83, p<0.05 DF=3, T=3.45, p<0.05 DF=8, T=-4.44, p<0.05 

 Year to Year  Difference=2.41 ‰ DF=14, t stat=3.38 p<0.05   

     

Heptageniidae 2010 NS NS NS 

 2012 NS NS DF=7, T=-3.74, p<0.05 

 Year to Year  Difference=1.79 ‰ DF=14, t stat=2.51 p<0.05   

     

Amphipoda  2010 NS DF=3, t stat=-3.02, p=0.06 NS 

 2012 NA DF=4, t stat=-3.51, p=0.05 DF=2, t stat=7.50, p=0.05 

 Year to Year  Difference=1.00 ‰ NS  

     

Corbicula 2012 DF=2, T=24.7, p<0.05 DF=3, T=-2.63, p=0.08 NS 

     

Isonychia  2012 NS NS NS 

 

Comparisons of     

Hester Dendy Samplers Below Downstream Semi-impounded 

Hydropsychidae  
DF=6, T=-

6.203 
DF=4, T=-3.00 DF=6, T=-3.67 

Heptageniidae NS NS NS 

Chironomidae NS NS NS 
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Figure 2.1 Study reach along the Kalamazoo River in Southern Michigan.  Morrow Lake and 
Lake Allegan are the two largest reservoirs on the river system. Orange squares represent 
partially removed dams in the reach referred to as “semi-impounded.” 
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Figure 2.2 Discharge of the Kalamazoo River. Showing years of higher and lower summer flows 
as well as the longer term average. From the National Water Information System. 
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Figure 2.3 Suspended chlorophyll-a concentrations.  (a) Chlorophyll-a measurements for 2008 
collected biweekly. (b) Comparisons of chlorophyll between suspended algae collected in July 
2008, through July 2010 and in the first week of July in 2012. Black bar represents the location 
of Morrow Lake, and gray bars represent the locations of the partially removed dams. The final 
dam represents Allegan City, the last small dam before Lake Allegan. 
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Figure 2.4 Benthic chlorophyll-a densities on clay bricks incubated in the Kalamazoo River 
during summers of 2010 and 2012. Black bar represents the location of Morrow Lake, and gray 
bars represent the locations of the partially removed dams. The final dam represents Allegan 
City, the last small dam before Lake Allegan. 
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Figure 2.5 Macroinvertebrate colonization of artificial substrata (Hester Dendy samplers) placed 
in the Kalamazoo River. Tall black bar represents that location of Morrow Lake.  Sampling sites 
are grouped into above Morrow Lake (Upstream), immediately below the Morrow Lake dam 
(Below), further downstream, and in the semi-impounded reach.  with +/-  1 standard error. 
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Figure 2.6 Macroinvertebrate δ13C values along the Kalamazoo River from above Morrow Lake 
through the semi-impounded reach. A. δ13C of Hydropsychidae. Gray symbols are from 2010 
and black are from 2012.  B. δ13C values of Heptageniidae. Gray symbols are from 2010 and 
black is from 2012. C. δ13C of Tetragnathidae spiders. Gray is from spiders collected in 2010 and 
black is from 2012. Black bar represents the location of Morrow Lake, and gray bars represent 
partially removed dams. Asterix represents p<0.05 of a t-test. 
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Figure 2.6 (cont’d) 
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Figure 2.7 Average δ13C values of (a) Hydropsychidae, Heptageniidae and Tetragnathidae 
spiders and Amphipoda collected from 2010 and 2012. 

a 
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Figure 2.8 Temporal variation of δ13C values of Hydropsychidae and Heptageniidae along the 
Kalamazoo River in 2008. Black bar represents Morrow Lake. Asterisk represents p<0.05 of a t-
test. 
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Figure 2.9 Functional feeding group macroinvertebrates δ13C values along the Kalamazoo River 
from above Morrow Lake through the semi-impounded reach. Gray symbols are from 2010 and 
black is from 2012. A. δ13C of taxa in grazing and collector gatherer functional feeding groups.  
B. δ13C values of taxa from the filterer functional feeding group. Black bar represents the 
location of Morrow Lake, and gray bars represent partially removed dams.  
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Figure 2.10 Macroinvertebrate δ15N values along the Kalamazoo River from above Morrow Lake 
through the semi-impounded reach in 2010 and 2012. Taxa grouped by (a) benthic feeders and 
(b) filter feeders. Black bar represents the location of Morrow Lake, and gray bars represent 
partially removed dams.   
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Figure 2.11 Baseline comparisons of Hydropsychidae and Heptageniidae δ13C values between 
Pleuroceridae snail δ13C values and Corbicula δ13C values. Sampled averages of snail and 
Corbicula were included as a longtiudinal baseline for 2010 (a) and 2012 (b). Macrostemum 

average was also included in 2010. Other taxa were included for comparison.  
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Figure 2.11 (cont’d) 
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Figure 2.12 Differences between Hydropsychidae caddisflies and Pleuroceridae snails in 2010 
(blue), Hydropsychidae and Pleuroceridae in 2012 (orange) and Hydropsychidae and Corbicula 
mussels in 2012 (gray). Black Bar represents the dam at Morrow Lake. 
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Figure 2.13 Dissolved CO2 (aq) from multiple measurements in 2008 and 2012 (a) and a 
longitudinal survey of CO2 (aq) from October 2012 and Tetragnathidae spiders collected in July 
2012. Black bars represent two reservoirs located well upstream of Morrow Lake (Ceresco and 
the Battle Creek Mill Ponds) as well as Morrow Lake (0 km) along the Kalamazoo River.  
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Figure 2.14 Comparisons of δ13C of Hydropsychidae collected along the river and CO2 (aq) 
(µM) measured near time of macroinvertebrate collection.  
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Figure 2.15 Results of chlorophyll-a freezer storage tests.  
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CHAPTER 3: IMPACTS OF A MAJOR OIL SANDS PIPELINE SPILL ON BENTHIC 

MACROINVERTEBRATES IN THE KALAMAZOO RIVER (MICHIGAN) 
 

ABSTRACT 

The Kalamazoo River experienced one the largest freshwater oil spills in North America 

and one of the first major releases of oil sands crude. On 25 July 2010, a pipeline break released 

an estimated 843,000 gallons of diluted bitumen oil. Submerged oil became particularly 

important in the Kalamazoo River spill because of the heavy nature of the bitumen, and clean up 

continued for four years after the spill. Hester Dendy multi-plate artificial substrata were used to 

quantify the effects on macroinvertebrates that live on hard substrata in mid fall, three months 

after the spill. Leaf pack bags were deployed in late fall to quantify effects on macroinvertebrates 

that consume fallen leaves over winter. An in-situ bioassay using Hyalella azteca amphipods was 

conducted to assess lethal and sublethal toxicity one year after the spill. This study found that 

macroinvertebrate densities on Hester Dendy and leaf pack samplers were reduced immediately 

after the oil spill in two sections of river, but partially recovered one year later and fully 

recovered two years after the spill. Densities of shredders, filter feeders, and collector gatherers 

were all reduced in two sections of river. Filter-feeding macroinvertebrates were reduced by 

90%. The results of the in-situ bioassay showed that survival was not reduced, but growth was 

reduced in some sections of river. This work supports conclusions from other studies of 

conventional crude oil spills into rivers where macroinvertebrates were reduced but recovered 

after about one year. Studies of other oil spills using in-situ bioassays with invertebrates have 

shown sublethal impacts as observed in this study, and studies of fishes have also shown 

sublethal impacts. Hydropsychidae in particular appeared to have been reduced in the most 

impacted reaches of the Kalamazoo River during the first year after the spill, which has also been 

observed in other studies. 
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INTRODUCTION 

An extensive network of pipelines currently exists throughout North America 

transporting both conventional crude oils and diluted oil-sands bitumen. In addition, several new 

pipelines have been in development to distribute diluted oil sands bitumen or its products, and 

existing pipelines have been replaced with larger capacity pipelines (Crosby et al. 2013). 

Transportation of crude oil via pipelines, rail and barge each brings different risks (Crosby et al. 

2013, State Department 2013). However, diluted bitumen does not appear to be more corrosive 

to pipelines than conventional crudes (Barteau et al. 2013). Oil sands development and 

production have been increasing steadily in the recent decades with improvements of technology 

and until recently, high prices of petroleum (Giesy et al. 2010, Schindler 2010).  

The Kalamazoo River oil spill in 2010 was one of the largest inland spills in U.S. history, 

and the largest diluted bitumen spill to reach surface waters. Several conventional crude oil spills 

of the magnitude of the Kalamazoo River occurred in the late 1980s including the Gasconade 

River (Poulton et al. 1997), Chariton River (Poulton et al. 1998), Asher Creek (Crunkilton and 

Duchrow 1990), and the Monongahela and Ohio River spill (Cronk et al. 1990). Since then, such 

spills have been less frequent in North America with small spills occurring with greater 

frequency (i.e. Lytle and Peckarsky 2001). More recently, several comparably large spills have 

occurred in Canada, the Yellowstone River, and in Arkansas, along with train derailments 

(Crosby et al. 2013, Table 3.1). The increased development of oil exploration and transportation 

puts freshwater systems at increasing risk of spills.  

 Studies from conventional crude oil spills into streams have shown nearly 90% reduction 

of macroinvertebrate densities in the months after the spill, and recovery usually occurs within 

one year (McCauley 1966, Crunkilton and Duchrow 1990, Poulton et al. 1997, Poulton et al. 
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1998, Lytle and Peckarsky 2001). Studies following these large river spills have been limited to 

studying ecological impacts in the Gasconade River (Poulton et al. 1997), Chariton River (Ort et 

al. 1995, Poulton et al. 1998), Patuxent River (Michel et al. 2009), and Delaware River (Aquatic 

Technical Working Group 2007). Macroinvertebrate communities have been known be impacted 

from river surveys on the Athabasca River, which contains bitumen in sediments from natural 

sources (Barton and Lock 1979 a and b). Based on these studies, macroinvertebrates were 

expected to be reduced in abundance following the spill on the Kalamazoo River.  

 The nature of the diluted bitumen makes it more prone to submergence than most 

conventional crude oils. The viscous bitumen must be diluted with lighter hydrocarbons (often 

natural gas condensate) to be transported, and the diluted bitumen carried in pipelines is a 

mixture with a density comparable to conventional crude (Masliya 2004, Crosby et al. 2013, 

McKnight et al. 2016). However, the diluent quickly evaporates after a spill leaving the heavier 

components to attach to particles and sink (Crosby et al. 2013, King et al. 2014, Fitzpatrick et al. 

2015, Perez et al. 2016, McKnight et al. 2016). These oil-particle aggregates are transported 

downstream and may accumulate in side channels and backwaters (Crosby et al. 2013, 

Fitzpatrick et al. 2015).  Submerged oil became particularly important following the Kalamazoo 

River spill (McKnight et al. 2016). Given the unique nature of diluted bitumen, understanding 

the immediate impacts is important for managing spill clean-up and response (Crosby et al. 2013, 

Fitzpatrick et al. 2015, McKnight et al. 2016). 

 Studies from conventional oil spills have found sublethal impacts from residual 

hydrocarbons lasting from a few weeks to several years after the spill (Ort et al. 1995, Michel et 

al. 2009). Long after these spills occur, remnant oil can be measured in sediments (Wang et al. 

1998, Uhler et al. 2005, Michel et al. 2009). Additionally, more diffuse petroleum hydrocarbon 
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contamination originates from multiple sources in freshwater systems (Yunker et al. 2002, Uhler 

et al. 2005, Forsberg et al. 2014). To test for toxicity and sublethal impacts, in-situ bioassays 

using amphipods (Hyalella azteca) have found that river sediment with historical polycyclic 

aromatic hydrocarbon contamination exhibited toxicity ranging from low to high (Ingersoll et al. 

2001, Michel et al. 2009, Tao et al. 2010, Harding et al. 2011). Studies conducted before the spill 

called Athos that occurred on the Delaware River found that longer term oil refinery discharge 

had resulted in biological impacts from hydrocarbon contamination (Alexander et al. 2005, 

Salazar et al. 2005, Uhler et al. 2005). 

 Direct toxic effects of the most volatile fractions (i.e., the diluent, which was mostly 

benzene in the case of the Kalamazoo River spill) were expected, but the toxicity of the bitumen 

from a spill into a river had not been studied much. Toxicological studies from the Athabasca oil 

sands mining area have found lethal and sublethal impacts from diluted bitumen, unprocessed oil 

sands, or oil sands process water on fish, macroinvertebrates and other organisms (Philibert et al. 

2016, Lari et al. 2016 Alharbi et al. 2016, Colavecchia et al. 2004, Madison et al. 2015, Morandi 

et al. 2015, Schwalb et al. 2015). Laboratory bioassays using Chironomidae and oil sands 

bitumen from the Athabascan region have found sublethal impacts (Anderson et al. 2012, 

Wiseman et al. 2013 a). This would suggest that toxic and sublethal impacts could result from 

the submerged bitumen in the case of the Kalamazoo River oil spill.  

 Oil spills into marine systems have been studied for longer periods following a spill, and 

cover a larger range of responses. Such examples are useful for estimating future impacts and 

recovery on the Kalamazoo River. For example, effects from the Exxon Valdez have been 

observed, but lack of baseline (pre-spill) information as well as perturbations created by clean-up 

actions confounded the identification of impacts from the spill (Paine 1996). Polycyclic aromatic 
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hydrocarbons were present in sediments but gradually weathered in beach sediments following 

the Exxon Valdez spill (Carls et al. 2016). Impacts on oiled mussel beds (Boehm et al. 2004, 

Carls et al. 2004a), otters (Bowyer et al 2003), fish (Carls et al. 2004b, Incardona et al. 2015), 

birds (Seiser et al 2000) and orcas (Paine et al. 1996) have been documented to last for decades 

after the Exxon Valdez spill. These impacts extend into higher trophic levels (Peterson et al. 

2003). Similarly, the impacts of the 2010 Deepwater Horizon spill and clean-up on wetland 

habitats were found to be significant albeit variable (Mendelssohn et al. 2011). While massive oil 

spills appear to occur from time to time in marine systems, large conventional oil spills in 

freshwater systems are less common, and their ecological effects have been studied less 

frequently (Green and Trent 1989). This makes predicting impacts from the submerged bitumen 

oil challenging.  

 Hydrocarbons in general contain metals, but Canadian oil sands crude is particularly high 

in certain metals including nickel and vanadium (Zuliani et al. 2016, Jensen-Fontaine et al. 2014, 

Millson et al. 1966). Vanadium has been found to bioaccumulate in animals following marine 

spills known as Erika (Amiard et al. 2008 and Chiffoleau et al. 2004), Prestige (Laville et al. 

2006), and the Gulf War (Sadiq and McCain 1993). In freshwater systems, vanadium has been 

found to bioaccumulate in proportion to concentration when using vanadium test solutions in lab 

studies (Jensen-Fontaine et al. 2014) and some taxa bioaccumulated metals in wetlands receiving 

oil sands process water (Baker et al. 2012). Vanadium was found to bioaccumulate in Sphagnum 

moss collected from bogs impacted by atmospheric contamination in the Athabascan oil sands 

mining area (Shotyk et al. 2014). In freshwater studies, crayfish have been found to 

bioaccumulate heavy metals into tissues including vanadium and nickel (e.g., Kouba et al. 2010, 

Martin-Diaz et al. 2006, Lawrence 1992) and they bioaccumulate polyaromatic hydrocarbons. 
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(Forsberg et al. 2014).  For these reasons, I selected crayfish as an indicator of bioaccumulation 

of metals following the Kalamazoo River oil spill. 

This study examines the impacts of the 2010 Kalamazoo River oil spill, which was the 

largest diluted bitumen spill ever to occur in an aquatic environment. The spill occurred in the 

midst of my dissertation work on the river, and the oiled reaches overlapped with the upper end 

of my study reach. My research thus had to be reorganized to examine the effects of the oil spill. 

Here I summarize the immediate impacts and examine the longer-term effects of the spill on 

benthic macroinvertebrates. I hypothesized that while macroinvertebrate communities would be 

reduced following the spill, they would recover after a year or so, as had been found in spills of 

conventional crude oils. I employed several approaches to examine the impacts of the oil spill. 

 

METHODS 

 As soon as I was granted access to the river, I sampled benthic macroinvertebrates by 

deploying artificial substrata six weeks deployed following the spill (Hester Dendy multi-plate 

samplers) to determine immediate toxicity to the oil. Five months after the spill, I placed “leaf 

pack” samplers, which were leaves in mesh bags, in the river to measure colonization by 

macroinvertebrates that are important decomposers of leaf litter. Later, I conducted in-situ 

bioassays using juvenile Hyalella azteca (Amphipoda) (Burton et al. 2005) to look for possible 

longer term, sub-lethal impacts of submerged oil after one year following the spill. I 

hypothesized that due to the likelihood of submerged oil, I would see negative impacts in the 

assays, especially in depositional habitats where submerged oil may be more likely to occur 

rather than in flowing water habitats. In addition, I collected crayfish (Orconectes spp.) to 

measure possible metal uptake, hypothesizing that crayfish collected from areas with the greatest 
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macroinvertebrate impacts would also have increased metal bioaccumulation, including 

particularly vanadium and nickel found in the oil, 1.5 years after the spill. Lastly, I present data 

related to other ecosystem impacts including algal production and phosphorus concentrations 

that were collected as ancillary information.  

 

Description of the 2010 Kalamazoo River oil spill  

 On 25 July 2010, the Kalamazoo River experienced one of the largest freshwater spills 

and the first major oil sands spill in the United States. The rupture occurred on Line 6B, a 

pipeline owned by Enbridge Corporation, at a segment buried under a wetland adjacent to 

Talmadge Creek, a small tributary of the river. Investigation found that the weakness of the 

aging pipeline caused the failure, and human error contributed to the magnitude of the spill. 

Some discrepancy exists between estimates of how much oil was released from the pipeline, how 

much was trapped within the wetland around Talmadge, and how much was transported into the 

Kalamazoo River (McKnight et al. 2015, Crosby et al. 2013). It has been estimated that 843,000 

gallons were released into Talmadge Creek and then transported through over 30 miles of river 

including the upper end of Morrow Lake (Figure 1). It is also possible that complete mixing did 

not occur between Talmadge and the Kalamazoo River in the first few kilometers based on 

observation of river mixing and deposition of oil along bridges and trees. The river discharge 

was at 85 m3 s-1 at the time of the spill, which was at the 4% exceedance of long term flow 

records (Hoard et al. 2010). The high water levels deposited oil along floodplain habitats. 

Downstream, much of the spill was contained upstream and within a medium-sized reservoir 

(Morrow Lake).  

 In autumn 2010, significant remnants of submerged oil were found in depositional 

habitats, oxbows and reservoirs, where it readily generated sheen upon disturbance. Removal of 
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submerged oil involved intense agitation of soft sediments in depositional habitats to suspend 

and capture oil (McKnight et al. 2016). Expensive and innovative fingerprinting techniques were 

necessary to distinguish the diluted bitumen crude from historical polyaromatic hydrocarbon 

contamination methods (Newfields 2013). The Kalamazoo River had low turbulence and low 

total suspended solids, but suspended material was thought to be important for the transport and 

submergence of bitumen (Fitzpatrick et al. 2015). Early in the response, thousands of turtles 

were recovered, cleaned and ultimately returned.  Hundreds of oiled birds and less than 50 

mammals were also recovered and rehabilitated. There were no major fish kills, but mussels 

were crushed by air boat traffic (Williams et al. 2015). The unique nature of this spill, and 

particularly the tendency of the bitumen to submerge, created one of the most expensive 

cleanups in US history costing over $1 billion. During the response, thousands of people and 

hundreds of boats were on this river and its floodplain, disturbing habitats and increasing 

turbidity (Bejarano et al. 2012, Williams et al. 2015).    

 The Kalamazoo River watershed drains 5,230 km2 in Southwestern Michigan (Figure 1). 

The entire river is 260 km long with a mean discharge of 38 m3/s at the Comstock (4106000) 

USGS gauge, which is 35 river miles downstream of Marshall, MI. The mean annual river 

discharge at the Marshall, MI (04103500) USGS gauge is 9 m3/s. The Kalamazoo River is a low 

gradient river that meanders through glacial deposits. The substratum is sand and gravel with 

some cobble (Wesley 2005).  

 The section impacted by the spilled oil is upstream of reach studied in my other chapters, 

but sites just upstream of Morrow had been sampled before the spill (sites at 30 and 34.5 miles) 

(Chapter 2), which provides insight into spill impacts on macroinvertebrates. Several low-head 

dams produce small reservoirs in this section of river: 1) the USGS gauge site at Marshall is just 
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downstream of a small reservoir; 2) the former Ceresco reservoir, which was just upstream of the 

9.5 mile site and is now removed; and 3) the Millpond at Battle Creek, which is just downstream 

of the 13.8 mile site. The oil-impacted reach ends at a medium-sized reservoir called Morrow 

Lake. 

 

Artificial substrata 

 Due to spatial variation in the benthic environment, I used artificial substrata to examine 

longitudinal patterns of macroinvertebrate abundance and composition in the oil-impacted reach 

and in reference sites. Hester-Dendy multiple plate samplers simulated hard substrata, and leaf 

packs in mesh bags simulated freshly fallen tree leaves. Study sites were constrained to road 

crossings because access to the river was limited by cleanup operations (Figure 1). A reference 

site was established near Marshall, MI in the Kalamazoo River above the confluence of the small 

tributary (Talmadge Creek) that carried the oil into the river. The locations of the Hester Dendy 

samplers coincided well with a rapid macroinvertebrate bioassessment known as Procedure 51 

conducted by the Michigan Department of Natural Resources. These sites include: A reference 

site in the Kalamazoo River at Marshall MI, as well as a second reference site above the spill in 

Talmadge Creek, which was included only in the leaf pack sampling and the amphipod in-situ 

bioassay studies. Sites downstream of the pipeline break include: a site just below the inflow at 

Talmadge where 15 Mile Road crosses the Kalamazoo River (2.25 miles); a site 9.5 miles 

downstream where 11 mile road crosses the Kalamazoo River (9.5 mile site); a site 13.8 miles 

downstream just upstream of Battle Creek, MI (13.8 mile site); a site at 30 miles downstream 

near the Fort Custer Recreation Area boat launch (30 mile site); and a site 34.5 miles 

downstream in Galesburg, MI (34.5 mile site). The in-situ bioassay included an additional site at 

the inflow of Morrow Lake. The two sites in the most downstream reaches (30 and 34.5 miles 
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sites) were sampled before the spill occurred, allowing for comparisons of pre- vs. post-spill 

changes. 

 14-plate Hester Dendy samplers (0.16 m2) were selected as a standard substratum rather 

than using kick sampling (e.g., Stanley et al. 2002) or Surber samplers (e.g., Doi et al 2008). The 

substrata of the Kalamazoo River contained variable proportions of sand, gravel and cobble. 

Using Hester Dendy samplers provided consistent substrata in each site that would target 

macroinvertebrates that use hard substrates.  However, taxa found in soft substrata like mussels 

and Chironomidae would not be collected (Benke 2015). Hester Dendy samplers were placed in 

the Kalamazoo River two months following the spill, affixed with zip ties on top of either clay (2 

x 8 x 4 inches) or cement bricks (slightly smaller). Samplers were deployed in the river for six 

weeks in mid-September, 7 weeks after the spill occurred, and removed in early November. 

Hester Dendy samplers were removed by gently lifting the sampler (without the brick) into a 30 

cm D-net with 500-micron mesh. Upon retrieval, any upstream debris such as leaves or 

filamentous algae was carefully removed. Extra leaves were removed from the face of the Hester 

Dendy sampler if they formed a thick pack, and debris was removed without disturbing the 

Hester Dendy sampler. Samplers were heavily covered with leaves only in the most downstream 

reaches (30 and 34.5 mile sites). Hester Dendy samplers were placed in double Ziploc bags on 

ice and taken to the lab where they were processed on the day of collection. Samplers were 

disassembled and scraped with plastic putty knives to remove invertebrates. Samples of 

dislodged material were sieved through 1 mm and 250 micron sieves and preserved with 95% 

ethanol. Samples were then moved into 75% ethanol at a later date. Macroinvertebrates from the 

samplers were subsampled and identified to family (samplers with fewer than 500 individuals 

were counted in their entirety). 
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 The disturbance of the river bottom by boats led to three sampler sites being 

compromised. Two samplers at the 9.5 mile site were tipped on their sides in 2010 though this 

did not happen in 2011. All Hester Dendy samplers from the 13.8 mile site were on their sides in 

2010 and similarly moved extensively in 2011, which affected comparisons between years for 

the 13.8 mile site. Hester Dendy samplers were also disturbed and on their side at the 30 mile 

site, and one sampler was missing in 2010. None of the other sites’ samplers were disturbed. 

Disturbed Hester Dendy samplers were attributed to the clean-up activities.  

 To examine impacts of the oil spill on invertebrates colonizing freshly fallen leaves in the 

autumn, leaf packs were added following methods similar to those of Poulton et al. (1998). 

Briefly, leaf packs were enclosed in 20-cm pouches made of plastic screen (mesh openings of 5 

mm) and stapled or sewn closed with nylon string. Freshly fallen leaves of silver maple (Acer 

saccharinum), a common riparian tree on the river, were collected and air dried before 

deployment. Leaves were soaked for 30 minutes and 10 grams wet weight of leaves were 

inserted so that leaves were arranged in the same orientation. Leaf packs were created the day 

before deployment. Leaf packs were secured to bricks or zinc coated (galvanized) or iron metal 

spikes in equal proportion per site. Leaf pack samplers were installed in mid-December and 

removed in early January after three weeks in the river.  

 Upon retrieval, leaf pack samplers were gently lifted into a 30 cm D-net with 500 micron 

mesh using a hooked pole, though a few leaf packs were unexpectedly challenging to remove at 

the 9.5 and 13.8 mile sites, possibly due to more turbulent flow in those sites, or higher flows in 

2011. About half of the samplers were quickly removed, and the other half took more time. A 

few samplers at the 9.5 and 13.8 mile sites possibly had reduced total numbers of individuals as a 

result of the difficult retrieval. Samplers were placed into double Ziploc bags and taken to the lab 
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and frozen. Later, leaves were gently rinsed in water and material was sieved through 1 mm and 

250 micron sieves and preserved with 95% ethanol. Samples were then transferred into 75% 

ethanol at a later date. All taxa were identified to family. 

 In addition to artificial substrata, pre-spill data on macroinvertebrates were selected from 

the Rapid Bioassessment Procedure 51 surveys conducted by the Michigan Department of 

Natural Resources (Matousek and Walterhouse 2013). Data were selected from the most recent 

sampling before the oil spill. Marshall, MI was sampled in 2004, whereas the 9.5 mile site 

(Eleven Mile road) was sampled in both 2004 and 2008, but only 2008 data were selected. A site 

just upstream of the 30 mile site (Fort Custer State Recreation Area) was sampled in 2004 and 

2009; the 2009 data were selected. To compare with pre- vs. post-spill communities, I used data 

from the 2010, 2011 and 2012 samplings of these three sites, respectively (Matousek and 

Walterhouse 2013). 

 

In situ bioassays 

  In addition to documenting spatial patterns in macroinvertebrate communities, field in-

situ bioassays were conducted 12 months after the oil spill using the test organism Hyalella 

azteca, an amphipod that is commonly employed for toxicity bioassays, though most often in the 

lab. Bioassays in this study were conducted in the field. Animals were caged in screened 

chambers using methods developed by Burton et al. (2005). Chambers had small openings 

covered with 250-micron mesh and glued with waterproof silicon adhesive. Chambers were acid 

washed and soaked in deionized water before deployment. 

 The in-situ bioassays were conducted in two types of habitats at each site. Flowing 

habitats were defined as having flow >15 cm/s, with substrata consisting of sand, gravel and 

cobble. Depositional habitats were areas along the river with little or no flow and fine sediment 
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(silt and/or fine particulate organic matter). The amphipods were obtained from the laboratory 

culture of Dr. G. Allen Burton Jr. at the University of Michigan when they were 12-19 days old. 

Amphipods were acclimatized to filtered local stream water (Augusta Creek, MI). Ten 

amphipods were transported to sites in centrifuge tubes filled with filtered water from a local 

creek. Amphipods were transported in a cooler with small amounts of ice. Once at the field site, 

amphipods in vials were gradually acclimatized to the local water temperature (~24°C) over a 

period of 1-2 hours. Once acclimatized, amphipods were placed into chambers. These chambers 

were placed between shelving units. Metal spikes were used to hold the units against the bottom 

in flowing habitats and poles were used to gently hold units above soft sediment in depositional 

habitats. Chambers were left in the river for nine days.  

 Field controls of amphipods were placed into tubes, taken into the field, and brought back 

to be kept in aerated beakers through the experiment. Filtered stream water was replaced through 

the experiment. No food was added. Day zero amphipods were selected and dried on the day of 

deployment to calculate growth rates per day. Chambers were retrieved after 9 days. The wave 

action from boat traffic raised the shelving units from the bottom at the Morrow inflow site 

(depositional and flowing habitats) and in the depositional habitat at the 13.8 mile site. All others 

remained fixed against the bottom. Dissolved oxygen was measured close to the bottom of the 

river, and by checking dissolved oxygen from a dummy chamber when units were carefully 

retrieved (Table 3.2). Samples were poured into an enamel pan into the field, then poured 

through a 125-mm sieve and rinsed with water to find all amphipods. Chambers were 30% filled 

with sediment, and a sheen developed while sieving. Amphipods were recorded as live or dead, 

and surviving individuals were dried and weighed on a microbalance.  
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Crayfish bioaccumulation of oil sands metals  

 To measure the possible bioaccumulation of metals from the spilled bitumen, I collected 

crayfish 1.5 years after the spill in January 2012 using a large net. Crayfish are a useful organism 

to bioassay metal uptake (Kouba et al. 2010). Crayfish (11 per site) were collected from the 

reference site in the Kalamazoo River at Marshall and at the oil-impacted 9.5 mile site. 

Individuals were rinsed with distilled water once collected and put into Whirl Pak bags and 

frozen. The hepatopancreas (digestive gland) and muscle (removed from tail and claw) were 

dissected. The remaining exoskeleton was included as an additional sample. Tissues from 

individuals were dried and then ground in mortar and pestle, pooled to make one composite 

sample per site. Equipment was acid rinsed between samples. Samples were sent to Exova 

Corporation where they were analyzed for metal content by inductively-coupled plasma mass 

spectrometry (ICP-MS). 

 

Water clarity and nutrients  

 Water clarity was measured in two ways during installation and removal of experiments. 

Transparency was measured using a 120-cm long turbidity tube (any measurement >120 cm 

indicates water clarity greater than 120 cm). Water samples for nutrient analysis were collected 

and filtered in the lab on the day of collection. Total suspended solids were measured 

concurrently on filters by gravimetry. Samples were filtered the day of collection onto tared 

Supor filters (0.45 micron), and dried to a constant weight at 40°C.  

 Phosphorus fractions were analyzed as follows. Soluble reactive phosphorus (SRP; 

filtered water) was measured by the acid molybdate method (Wetzel and Likens 2001). Total 

phosphorus (unfiltered water) and total dissolved phosphorus (filtered water) was measured by 

persulfate digestion (Valderrama 1981, Langner and Hendrix 1982). Particulate P was calculated 
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by the difference between total P and total dissolved P. Dissolved organic P was calculated as the 

difference between total dissolved P and SRP.   

 

Benthic algae 

 Clay bricks were added to measure benthic algal growth. Bricks were deployed and 

removed alongside the Hester Dendy samplers. Upon retrieval the bricks were placed into 

aluminum trays and covered with foil and processed in the lab on the day of collection. Epilithon 

from the top of bricks was carefully removed using a nail brush into an enamel pan. The slurry 

was mixed and measured in a graduated cylinder. Typically, subsample of <50 mL was poured 

through a 250-micron sieve onto a pre-combusted Pall A/E glass fiber filter. Samples were 

frozen for up to two years before processing. Chlorophyll-a was extracted at 4oC for 24 hours 

and measured on a Turner fluorometer (Welschmeyer 1994). Because samples were run after 

considerable time in storage, some chlorophyll-a (up to 50%) could have been lost to degradation 

based on storage tests on samples of benthic algae (Chapter 2).   

 

Data analysis 

 A two-way t-test was employed to compare the reference site with each downstream site 

impacted by the oil spill (Orr et al 2008). Data on the total number of individuals from both the 

Hester Dendy samplers and leaf pack samplers were analyzed by making these pairwise 

comparisons.  In addition, Hydropsychidae, Heptageniidae, and Chironomidae were selected for 

comparisons because these groups represented at least 75 % of individuals found on artificial 

substrata, and are the groups most often impacted by oil spills (Poulton et al 1997). I pooled 

Taeniopterygidae and Capniidae stoneflies together and analyzed them as the order Plecoptera.  

Taxa were also pooled into functional feeding groups. Filter feeders including Hydropsychidae, 
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Philopotamidae, Isonychiidae, Brachycentridae, Polycentropodidae, and Simuliidae. Collector-

gatherers include Chironomidae, Amphipoda, Isopoda, Leptoceridae, Psychomyiidae, Baetidae, 

Caenidae, Ephemerellidae, Leptohyphidae, Leptophlebiidae, Heptageniidae and Hydroptilidae; 

some of these taxa are classified as scrapers but were pooled with collector-gatherers. Shredders 

that were pooled included Taeniopterygidae and Capniidae, Pteronarcyidae, Lepidostomatidae, 

and predators include Athericidae and Perlidae.  

 Amphipod in-situ bioassays were analyzed similarly, comparing the reference site with 

each downstream each site (9.5, 13.8, 34.5 and inflow to Morrow Lake). Analyses were also 

separately performed for flowing sites and depositional sites.  If variances were found to be 

unequal, data were log transformed. Amphipod survival data (proportions) were arcsine 

transformed. Statistics were performed in Microsoft Excel. 

 

RESULTS 

Benthic macroinvertebrates on Hester Dendy samplers 

 In the first sampling two months after the oil spill (fall 2010), the total number of 

individuals was reduced by ~80% from 1000 - 2000 individuals to 100-300 individuals per 

sampler. Total numbers of macroinvertebrates that colonized the Hester-Dendy artificial 

substrata at the 9.5 mile and 13.8 mile sites were reduced compared to the reference site (Figure 

3.2, Table 3.3). The macroinvertebrate community was dominated by Chironomidae (nonbiting 

midges), Hydropsychidae (filter feeding caddisflies), and Heptageniidae (mayflies) (Figure 3.2, 

Table 3.3). However, neither the total number of individuals nor individual taxa were reduced at 

the first site directly below Talmadge Creek (2.25 miles).  
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 Samplers were disturbed at the 13.8 mile site and the 30 mile site, which could have 

impacted total number of individuals. Two samplers were on their sides at the 9.5 mile site, 

where they had 200-400 individuals per sampler. One sampler was on its side at the 30 mile site 

but both samplers had 1000-2000 individuals. If total number of individuals were reduced 

because they were on their side, the effect appears less than the difference between the reference 

site and sites with reduced number of individuals. Total numbers of individuals were abundant at 

the most downstream sites; there was no difference in the total number of individuals between 

the reference and the 30 and 34.5 mile sites.  

 One year later (summer 2011), macroinvertebrates were still reduced in abundance 

compared to the reference site in the most oil-impacted sites (Figure 3.2, Table 3.3). Total 

numbers of individuals were still reduced at 9.5 mile and 13.8 mile sites in 2011, but some 

recovery was evident because samplers from these sites had close to 1000 individuals at the 9.5 

mile site. Total numbers of individuals were still reduced at 13.8 mile site at ~500 individuals. 

The total numbers of macroinvertebrates in the Hester Dendy samplers were unexpectedly 

reduced compared to the reference site by 50% at the 30 mile site, and ~600 individuals were 

found at the 34.5 mile site (Figure 3.2, Table 3.3).  

 Two months after the spill (Fall 2010), Hydropsychidae were found to be either 

eliminated or only a few individuals were found on each sampler at the 9.5 and 13.8 mile sites. 

Heptageniidae and Chironomidae were reduced compared to the reference site by over 60% in 

the 9.5 mile site and over 75% in the 13.8 mile site. There was no statistical difference between 

densities above Morrow and in the site at 2.25 miles downstream from the spill and in the most 

downstream sites (30 and 34.5 miles) for any of those taxa (Figure 3.2, Table 3.3).  
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 The longitudinal patterns observed in Fall 2011 were comparable to patterns observed in 

2010 (Figure 3.2, Table 3.3). However, Hydropsychidae and Heptageniidae were reduced by 

~50% at the site below the Talmadge Creek inflow (2.25) compared to the reference site, but 

Chironomidae were nearly double in densities compared to upstream. Hydropsychidae and 

Heptageniidae were still significantly reduced in the two middle sites in 2011 by ~ 70% at 9.5 

mile site and 90% at the 13.8 mile site. Chironomidae were not statistically reduced in the 9.5 

mile site but were reduced by 65% at the 13.8 mile site. Unexpectedly, Hydropsychidae, 

Heptageniidae and Chironomidae were reduced in 2011 at the most downstream site (34.5 mile) 

and only Chironomidae were reduced at the 30 mile site. While numbers were still reduced along 

the river, Hydropsychidae were evidently recovering in the most impacted sections (9.5 and 13.8 

mile sites), with individuals increasing from low densities (none to two individuals per sampler) 

to densities of ~100 per sampler. No samplers were disturbed at 9.5 miles, but all were disturbed 

at 13.8 miles in 2011, and numbers of individuals could be reduced because of some 

compromised samplers. 

 Plecoptera including Taeniopterygidae were moderately abundant along the river, with 

especially high abundances in the most downstream reaches (Table 3.3). They were present on 

Hester Dendy samplers in 2010 but at low numbers. Plecoptera densities were not different 

between the reference and 2.25 mile sites, and they were not abundant at the 9.5 mile site in 2010 

with only one sampler having a few Taeniopterygidae and other replicates having none. Hester 

Dendy samplers had half the Plecoptera at the 13.8 mile site compared to the reference site. In 

the most downstream sites (30 and 34.5 miles), Plecoptera were even more abundant than the 

upstream reference site with ~200 individuals per sampler. Plecoptera on Hester Dendy samplers 

were mostly very early instars from the family Taeniopterygidae, Capniidae and Perlidae 
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compared to the more mature larvae found in leaf packs (see later). Capniidae were abundant 

only at the 13.8 mile site. 

The most impacted sites downstream of the oil spill (9.5 and 13.8 mile sites) had reduced 

numbers of individuals within functional feeding groups (Figure 3.3, Table 3.4). Hydropsychidae 

composed 70-90% of the filter feeding macroinvertebrates, and Chironomidae and 

Heptageniidae composed 70-95% of the collector gatherer group. Filter feeding 

macroinvertebrates were reduced from hundreds of individuals to less than 50 individuals at the 

9.5 mile site and only a few individuals at the 13.5 mile site. Filter feeders were not reduced at 

the most downstream sites compared to the reference site (30 mile and 34.5 mile sites). Collector 

gathers were reduced by 70% in the impacted sites (9.5 and 13.8 mile sites). Collector gatherers 

were not reduced in the most downstream reaches. Shredders were reduced at the most impacted 

sites from ~50 individuals to a few individuals. Hester Dendy samplers had hundreds of 

individuals of shredders at the 30 and 34.5 km sites. Lastly, predators were not abundant on leaf 

pack samplers and were not reduced on samplers downstream of the oil spill.  

 

Benthic macroinvertebrates on leaf pack samplers 

 Leaf pack samplers suggest a similar pattern though there were no significant differences 

in the total number of individuals among the sites (Figure 3.4, Table 3.5). Plecoptera composed 

nearly 50% of individuals found on leaf packs. There were no differences in total numbers of 

individuals among the sites because of the large numbers of the Plecoptera in leaf packs, 

especially at the 13.8 mile site. Total number of individuals on leaf packs were reduced only at 

9.5 mile site, which had a 30% reduction of individuals compared to leaf packs from the 

reference site (Table 3.4). This experiment included an additional reference site above the spill in 

Talmadge Creek. This second reference site had comparable abundances of Chironomidae, and 
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greater abundances of Heptageniidae and Hydropsychidae. The reference site used for statistical 

comparisons in this study was the Kalamazoo River at Marshall, which was the same used for 

analysis of data from the Hester Dendy samplers and the Rapid Bioassessment Procedure.  

 Samplers from the site directly below Talmadge (2.25 miles), like the Hester Dendy 

samplers, and had comparable abundances of Hydropsychidae though greater numbers of 

Heptageniidae and Chironomidae compared to the reference site. Hydropsychidae and 

Heptageniidae were not abundant on any of the leaf pack samplers. Like Hester Dendy samplers, 

only one or two Hydropsychidae were present on leaf pack samplers at the 9.5 and 13.8 mile 

sites, compared to 2-5 individuals at the reference site. Heptageniidae were reduced from 8 to 2-

3 individuals. Chironomidae were reduced by 30% at the 9.5 mile site (to 150 individuals per 

sampler) and 50% (100 individuals) at the 13.8 mile site.  

 Like Hester Dendy samplers, leaf pack samplers from 2011 had greater numbers of 

Hydropsychidae at 9.5 and 13.8 mile sites, indicating recovery of macroinvertebrates (Figure 4, 

Table 3.5). Hydropsychidae were still significantly reduced at 9.5 mile site compared to the 

reference site, but abundance on samplers increased to 2-7 individuals per sampler at the 9.5 mile 

site and 7-11 individuals at the 13.8 mile site. Heptageniidae were reduced from 25 at the 

reference site to 4 individuals at the 9.5 and 13.8 mile sites. Chironomidae were also reduced 

significantly in both sites. Winter stoneflies (Taeniopterygidae) and early instars of Capniidae 

were abundant throughout the river with no significant differences among sites. 

 

Rapid Bioassessment data analysis 

 Rapid bioassessment data from the Michigan Department of Natural Resources were 

comparable to the Hester Dendy results (Figure 5), although the assessment included taxa that 

were less abundant whereas I only enumerated dominant taxa in the Hester Dendy samples. The 
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number of taxa sampled at the 9.5-mile site was 44-48 when collected in 2008. The number of 

taxa decreased to 31 in 2010 but increased to 36 one year later in 2011 and recovered to 42 in 

2012. The Rapid Bioassessment procedure also sampled a few miles upstream of the 30 mile 

site. In 2009, the procedure counted 33 taxa, which decreased to 20 taxa in 2010, increased to 27 

in 2011 and increased to 28 in 2012.  

 

In situ bioassays 

 Amphipod survival in the in-situ bioassays was not statistically lower than the reference 

site for any of the downstream oil-impacted sites in the depositional and flowing habitats (Figure 

3.6, Table 3.6). Survival in the depositional habitats at the Kalamazoo River reference site was 

38% and 50% in flowing habitat. Survival was 80% in the second reference site at Talmadge 

Creek in both habitats. Mean survival was ~60% in both depositional and flowing habitats from 

chambers installed at 9.5 and 13.8 mile sites. Survival in chambers in depositional habitats 

ranged from 20-100% for 9.5 mile site, and 30-80% in the 13.8 mile site. Survival in flowing 

habitats at the 34.5 mile site ranged from 60-80% while chambers from the depositional habitat 

had high survival although one set had no survival. Survival was 100% for the inflow of Morrow 

Lake. The inflow to Morrow Lake in the flowing habitat had 100% survival. There was also no 

difference in survival when comparing in-situ assays in depositional habitats at the 34.5 mile site 

and the inflow to Morrow Lake.  

 Mean growth from in situ bioassays was reduced by 50% in the oil-impacted sites 

compared to the Kalamazoo River reference site (Figure 3.6, Table 3.6). Growth rates in the two 

upstream reference sites were 0.006 mg/day for both flowing and depositional habitats, whereas 

rates were 0.0028-0.004 mg/day at the oil-impacted sites. However, reductions in amphipod 

growth rates were statistically significant only at the 13.8 mile site in the depositional habitat 



177 

compared to the reference site (Table 3.6). There were no statistical differences observed in 

depositional habitats in the other sections of river. Amphipod growth rates were also reduced 

both at 9.5 mile and 13.8 mile flowing habitats (Table 3.6). Growth was not reduced in flowing 

habitats in the most downstream sites (30 and 34.5 mile sites).   

 Upon retrieval, dissolved oxygen in dummy chambers was ~90% of atmospheric 

equilibrium in chambers from flowing habitat and depositional habitats for most sites (Table 

3.2). Dissolved oxygen was 60-77% in chambers from the depositional habitats at the 13.8 mile 

site, the 34.5 mile site, and the Morrow Lake inflow site. Survival of field controls was low 

through the experiment; amphipods had high survival (90%) on the day of experiment, but only 

half survived through the experiment in the lab suggesting poor laboratory conditions such as 

feeding rather than handling from the experiment (Table 3.6).  

 

Crayfish metal bioaccumulation  

 Crayfish tissues were examined for metals at an oil-impacted site (9.5 miles) and the 

upstream reference site on the Kalamazoo River (Figure 7). No differences between the two sites 

were found in the crayfish for the metals known to be in bitumen. Vanadium in particular was 

between 0.5 to 1 ppm for both sites and tissues analyzed, and there was no statistical difference 

between samples from above the spill and at the 9.5 mile site. Muscle contained on average 0.41 

ppm at the 9.5 mile site and 0.44 ppm at the reference site. Vanadium concentrations were 

greater in the hepatopancreas with 1.4 ppm the downstream site and ~1 ppm at the reference site.  

Carapace concentrations were comparable with means of 1.5 and 0.88 ppm at the downstream 

and reference sites, respectively.  Nickel was 50 ppm (Muscle) and 100 ppm (hepatopancreas). 

Nickel in the carapace was higher in the reference site than the oil impacted site. In general metal 

concentrations were highest in the (hepatopancreas) and lowest in the carapace, especially nickel.  
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Water quality and nutrients  

 The cleanup activities and particularly the attempts to recover sunken oil increased 

turbidity and total suspended solids in the river (Figure 8). Total suspended solids were measured 

as experiments were deployed or removed. Concentrations of total suspended solids ranged from 

5 to 40 mg/L. TSS ranged from 1-10 mg/L for the two reference sites and the 2.25 mile site. 

Statistically, there was no difference in TSS comparing the Kalamazoo River and Talmadge 

Creek reference sites with the first site downstream of Talmadge (2.25 miles) (DF=3, t-stat=-

1.15 and -0.49, p>0.05). TSS appeared to be greater at the 9.5 mile site at 9.8 mg/L and ranged 

from 1-10 mg/L. I had fewer measurements at the 30 and 34.5 mile sites, but the mean was 11 

mg/L and 27 mg/L, and high measurements of TSS were recorded (20 to 60 mg/L). It appeared 

that TSS at the 9.5 mile site, the 30 mile site, and 34.5 mile site would be statistically greater 

than the reference site, but this was not the case (DF=7,4,4, t-Stat= -2.20, -2.50, -1.7, p>0.05). 

Total suspended solids were statistically higher in concentration at the 13.8 mile site than the 

Kalamazoo River reference site, which ranged from 2 to 40 mg/L (DF=7, t Stat=-3.96, p<0.05). 

Besides TSS, water clarity was measured using a turbidity tube. Water clarity was generally 

around 100 cm, but appeared reduced in August 2011 to ~60-70 cm (Figure 9).  

 Phosphorus is of particular interest in the Kalamazoo River system because there is a 

Total Maximum Daily Load for P in Lake Allegan, a downstream reservoir. Much of the total 

phosphorus was in particulate form as measured in July 2010 (Figure 10) except for a few days 

following the spill (27 July 2010), when the SRP fraction dominated.  However, by 4 August 

2010, TP was equally partitioned between SRP and the particulate P fraction. TP was still lower 

in concentration than before the spill. By August, the concentrations and partitioning of P forms 

were more comparable to the samples collected before the spill in July. 
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Benthic algae 

Benthic chlorophyll-a concentrations were measured three months and one year after the 

spill. Benthic chlorophyll-a densities ranged from 40 to 80 mg m-2 (Figure 11). Three months 

after the spill, benthic chlorophyll-a densities were typically ~50 mg m-2  for most sites (Figure 

10). Benthic chlorophyll-a densities were higher at the 9.5 mile site (~100 mg m-2) and lower at 

the 13.8 mile site (20 mg/m2). These results were comparable in 2011, though chlorophyll-a 

densities were closer to 70 mg m-2 at the 13.8 mile site. Based on a paired t-test between 2010 

and 2011, there was no difference between years (DF=10, T-stat = -1.04). 

 

DISCUSSION 

 This study is the first field investigation of the ecological effects of a major diluted 

bitumen spill on a freshwater system. Although the type of crude oil makes this spill distinctive, 

the magnitude of the spill on the Kalamazoo River was comparable to other crude oil spills that 

have occurred on similar sized rivers. The results regarding the responses of the benthic 

macroinvertebrate communities to the Kalamazoo River oil spill are broadly similar to what has 

been reported for other oil spills in rivers, including both lighter (conventional) crude oils and 

heavier oil that is more prone to submergence, as I detail below. This work further suggests that 

sublethal toxicity may have persisted for at least a year even though there was partial recovery in 

abundances of major macroinvertebrate taxa. 

 

Short-term impacts on benthic macroinvertebrates 

 This study found that within three months of the oil spill there had been a 90% reduction 

of filter feeders and shredders and a near elimination of Hydropsychidae in flowing habitats. 

Collector-gatherers were reduced by 75% compared to samplers collected at the upstream 
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reference site. This finding is consistent with studies that have shown that following freshwater 

oil spills in rivers, benthic macroinvertebrates appear to be strongly affected but then recover, 

though not fully, after about one year. Samples from the Steepbank River of the Athabasca 

region, which has natural deposits of bitumen, had particularly low Hydropsychidae and 

Philopotamidae densities, possibly attributable to suspended bitumen could impact these filter 

feeders and their nets (Barton and Lock 1979 a and b). Studies of oil spills in other rivers have 

shown nearly 90% reductions of macroinvertebrate densities in the months after the spill 

(McCauley 1966, Harrell 1985, Crunkilton and Duchrow 1990, Poulton et al. 1997, Poulton et al. 

1998, Lytle and Peckarsky 2001). In one study, riffle communities appeared to recover quickly 

(i.e., within one year of the spill) though impacts on backwater areas appeared to be more 

protracted (Poulton et al. 1997). Recovery of macroinvertebrates took nearly two years following 

a spill in a small stream (Harrell 1985). Immediately after an oil spill, studies have shown that 

densities of sensitive taxa such as Trichoptera, Ephemeroptera and Plecoptera were severely 

reduced, whereas Chironomidae, other Diptera and oligochaetes were generally less affected or 

even increased (Barton and Wallace 1979 a and b, Woodward and Riley 1983, Lock et al. 1981 a 

and b, Crunkilton and Duchrow 1990, Poulton et al. 1998).  I sampled only in flowing habitats. 

Direct toxicity from diluted bitumen to macroinvertebrates has been little studied, and 

depositional habitats were not sampled in this study.   

 Filter feeders and collector-gatherers were reduced in abundance, though Chironomidae 

were not as reduced as Hydropsychidae. The results of the the MDNR’s rapid bioassessment 

sampling (Figure 4) are consistent with my sampling in showing strong reductions followed by 

some recovery in the year following the spill (Figure 2 and 3). Other taxa including Amphipoda, 

Isonychia, Hydroptilidae, Elmidae, Polycentropodidae, Brachycentridae, Philopotamidae, 
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Leptohyphidae, Empididae, Ephemerellidae, Baetidae, Perlidae, Odonata, and Simuliidae were 

found along the river in my Hester Dendy and leaf pack samplers as well as in the Rapid 

Bioassessment sampling (Walterhouse 2011, Matousek and Walterhouse 2013). However, these 

taxa were not abundant in either Hester Dendy samplers or leaf pack samplers. These 

bioassessment data show that these taxa were not eliminated by the spill.  

 The rapid bioassessment showed that the total number of taxa were reduced in the 9.5 and 

the 30 mile sites. They were unable to collect 300 individuals from the site near 30 miles 

(Walterhouse 2011). In the rapid bioassessment conducted in 2010, 300 individuals were 

collected from their sites near the 2.25 and 9.5 mile sites.  Total numbers of taxa were reduced in 

the oil-impacted reaches but some recovery was observed in number of individuals and number 

of taxa in 2011 and 2012 (Matousek and Walterhouse 2013). 

 The only dominant taxon that was nearly eliminated in the most oil-impacted reaches was 

the Hydropsychidae caddisflies, as I observed in both the Hester Dendy and leaf pack samplers. 

Based on previous work, Hydropsychidae are expected to be abundant throughout the 

Kalamazoo River mainstem (Cummins et al. 1981, Chapter 2). Three months after the spill, 

Hydropsychidae in the two most impacted reaches were virtually or entirely absent in the Hester 

Dendy samplers, while upstream reference site had higher abundances (Figure 2). 

Hydropsychidae abundances were also very low in all of the leaf pack samplers including the 

upstream reference site (Figure 3), although this is not surprising because they are unlikely to be 

active during the period when leaf packs were deployed and are unlikely to use leaf packs as 

habitat (Rutherford and Mackay 1986). Additionally, at the 13.8 mile site, the Hester Dendy 

samplers were always disturbed, confounding our ability to determine if the reduction of 

macroinvertebrates was caused by the oil or by clean-up actions. However, even with 
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disturbance of the Hester Dendy samplers, the virtual or complete absence of Hydropsychidae 

seems likely to be attributable to the spill.  

 In this study, faster growing taxa such as midges of the family Chironomidae, while 

reduced at the 9.5 and 13.8 miles compared to upstream in 2010 and 2011, may have started to 

some recover soon after the spill, as has been observed in other oil spills (Poulton et al. 1997 and 

1998). Incomplete mixing may have prevented the most toxic components from reaching Hester 

Dendy samplers at the 2.25 mile site, which may explain the higher than expected densities on 

Hester Dendy samplers in the 2.25 site. Hydropsychidae recovery may have taken longer 

(Rutherford and Mackay 1986). Procedure 51 rapid bioassessment data conducted by the 

Michigan Department of Natural Resources also support the Hester Dendy sampler data 

(Walterhouse 2011, Matousek and Walterhouse 2013). Hydropsychidae likely recovered in the 

9.5 mile site and 13.8 mile site by 2012, and the total numbers of individuals were likely 

recovered two years after the spill. 

 Plecoptera (stoneflies) on Hester Dendy samplers, which were removed in early 

November, were early instars and were not particularly abundant. Plecoptera were abundant on 

leaf pack samplers and represented a large percentage of the total individuals. Plecoptera, 

including Taeniopterygidae and Perlidae, were very abundant in the most downstream sites of 

the river on Hester Dendy samplers, whereas no stoneflies were found in the most downstream 

reach during the rapid bioassessment procedure (Walterhouse 2011, Matousek and Walterhouse 

2013). Winter stoneflies in the families Capniidae and Taeniopterygidae were common in leaf 

pack samplers, and taxa from these families were abundant on leaf pack samplers from the sites 

that were heavily impacted by the spill (9.5 and 13.8 mile sites). Leaf pack samplers were 

installed by mid-December and removed early January in 2010 and earlier in 2011. The larvae of 
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these stonefly taxa mature during this time as shown in Ontario rivers (Harper et al. 1989), and 

hence it is possible that these taxa were not active during and immediately after the spill and so 

avoided the negative impacts.  

 The clean-up activities and particularly the recovery of sunken oil were likely as 

important as the spill itself for macroinvertebrate impacts, particularly in the most downstream 

sites (30 miles and 34.5 miles) in 2011 where macroinvertebrates were unexpectedly reduced. 

Total suspended solids concentrations were statistically greater at the 13.8 mile site, but 

unusually high concentrations were measured at the 9.5 mile and the 34.5 mile sites. 

Measurements using the turbidity tube showed some of the lowest clarities at the 34.5 mile site. 

Water clarity was reduced to 20 cm, when water clarity could be expected to be 80 to 100 cm at 

that time of year (Figure 9, Chapter1). It is possible that the clean-up increased suspended solids, 

which was important in these sites for reducing macroinvertebrate numbers. Filter feeding 

macroinvertebrates appeared to be particularly impacted, and the clean-up likely delayed 

recovery in the most downstream reaches were numbers of individuals were reduced.  

 Cleanup activities also compromised some of my samplers. Half of the Hester Dendy 

samplers were on their sides in the 9.5 mile and 30 mile sites, and Hester Dendy samplers were 

disturbed at the 13.8 mile site. The intense clean-up involving a large number of boats led to 

disturbance of the river bottom in many locations (Williams et al. 2015). Macroinvertebrate 

numbers on disturbed samplers were comparable at the 9.5 and 30 mile site compared to Hester 

Dendy samplers that were not disturbed. Hester Dendy samplers from 13.8 mile site had fewer 

number of individuals. Disturbance could lead to reduced numbers of individuals, but Hester 

Dendy samplers with none or a few Hydropsychidae are more likely due to toxic effects from 

diluted bitumen rather than clean-up. Leaf pack samplers were not disturbed like the Hester 
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Dendy samplers were data are comparable. Some samplers were more difficult to remove, but 

these were flagged.   

  

Possible long-term toxicity 

I conducted in-situ bioassays to look for possible sublethal toxicity from the submerged 

oil remaining one year after the spill (Figure 5). My bioassay work was complemented by a later 

laboratory bioassay study conducted for Enbridge by the Great Lakes Environmental Center 

(GLEC) (DeGraeve 2012, Bejarano 2012). Their sediment samples were collected 19 months 

after the spill mostly from backwater sites and some flowing sites. Results from the laboratory 

toxicity tests showed that Chironomus dilutus was more sensitive than Hyalella azteca to 

contaminated sediment. Chironomus dilutus survival was particularly impacted by sediment 

composition (silt versus sand and organic matter) and sediment hydrocarbons. Hyalella azteca 

survival was impacted by total extractable hydrocarbons. Their study found that many sites had 

acceptable survival, but two heavily oiled and one lightly oil site had reduced survival. 

Additionally, their study noted that 9 days may not have been long enough to detect sublethal 

impacts (DeGraeve et al. 2012, Bejarano 2012).  

The results of my in-situ bioassays are comparable to the results of the GLEC lab study in 

the case of Hyalella. In my study, amphipod survival did not differ upstream and downstream, 

except at the inflow of Morrow Lake. The in-situ bioassay conducted one year after the spill 

found reduced growth rates especially in the 13.8 mile site and somewhat in the 9.5 mile site 

(Figure 3.5, Table 3.5). The reference site selected for statistical comparisons in this study was 

the same Kalamazoo River site at Marshall that was used in the artificial substrata studies and the 

rapid bioassessment procedure. In-situ bioassays at the Kalamazoo River reference site had 

lower survival than expected, but similar growth. The Talmadge Creek reference site had high 
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(80%) survival in both flow and depositional habitats. Leaf pack samplers from this site had 

greater abundances of individuals than at the Kalamazoo River reference site. 

 While I had hypothesized that I would see greater impacts in depositional habitats, only 

the 13.8 mile site showed reduced growth rates in depositional habitats compared to the upstream 

reference site. (Figure 3.5, Table 3.5). Amphipod growth rates were not reduced in the 

depositional habitat in the most downstream reaches. Reduced growth rates were observed in 

flowing habitats at the 9.5 mile and 13.8 mile sites, which was surprising, but may be a result of 

clean-up actions; the chambers were up to a third full of fine sediment, while chambers at the 

upstream reference site had little material. The clean-up may have suspended fine sediments, 

which became deposited into chambers. Sheen was observed while sieving amphipods from this 

sediment (personal observation). Notably, reduced growth of H. azteca occurred at the same sites 

where macroinvertebrates densities on artificial substrata were reduced the most. Other factors 

besides sunken bitumen oil can impact amphipod survival including dissolved oxygen, ammonia, 

high sulfide and other contaminants (Burton et al. 2005, Tao et al. 2010, Harding et al. 2011, 

Kinsman-Costello et al. 2015).  

 Previous studies in the oil sands mining region have suggested the potential for long-term 

toxicity when bitumen is present in aquatic environments. Athabasca River sediment naturally 

contains bitumen-derived hydrocarbons (Headley and Akre 2001), which negatively impact 

macroinvertebrates (Barton and Wallace 1979, Lock 1981). Exposure to oil sands and oil sands 

process water led to little change in survival but did impact growth and altered emergence of 

Chironomus (Anderson et al. 2012, Wiseman et al. 2013 a). Exposure to oil sands process water 

impacted Daphnia feeding (Lari et al. 2016).  Sand coke leachates from oil sands processing 

contained components and metals such as vanadium and nickel that led to toxicity in Daphnia 
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(Puttaswamy and Liber 2011, Puttaswamy et al. 2010). Bioassessment of macroinvertebrates in 

lakes within the Athabasca oil sands region showed impaired macroinvertebrate communities, 

which were affected by atmospheric deposition from the mining operations (Parsons et al 2010). 

These studies suggest that there are sublethal impacts to macroinvertebrates from the oils sands 

bitumen and oil sands process water. 

 Toxicity has been examined in other oil spills, albeit not using the in-situ bioassay 

methodology. The results of this study are comparable to previous lab based bioassays testing 

hydrocarbons (Michel et al. 2009, Anderson et al. 2012). Lethal toxicity was low in sediments 

from the Gasconade River spill though there was an increase in toxicity after three weeks (Ort et 

al. 1995). Seven years after a spill into the Patuxent River, degraded hydrocarbons were present 

(Michel et al. 2009). Lab based amphipod assays in that study showed the sediments were toxic 

in 25% of samples, and 38% of samples could negatively affect sensitive organisms. Survival of 

our controls appears to be comparable to reference stream survival in other studies, and the 

results of this study are comparable to field and lab bioassays for non-point source pollution 

(Burton et al. 2005, Custer and Burton 2008, Tao et al. 2010, Tucker and Burton 1999). In-situ 

bioassays of Chironomus riparius in rivers with mining and industrial contamination showed 

reduced growth but no changes to survival (Faria et al. 2006). In general, weathering of 

hydrocarbons is important to toxicity (Haritash and Kaushik 2009) and weathered oil can be less 

(Alexander 2000) or more toxic (Carls and Meador 2009). One of the largest oil spills in Canada 

was the Nipisi spill (60,000 barrels), where hydrocarbons were still present after 25 years but 

were highly weathered (Wang et al. 1998). This study found that survival was not reduced by 

hydrocarbons one year after a diluted bitumen spill, but growth was reduced in the same sites 

where macroinvertebrates were reduced.  
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 It is important to note that this in-situ bioassay study was conducted after the most toxic 

components of the diluent, such as benzene, would have been lost to the atmosphere or degraded. 

Nevertheless, my assays detected sublethal toxicity one year following the Kalamazoo River 

spill, and the submerged bitumen is likely to remain in the sediments indefinitely. Assessment of 

the toxicity of spilled oil is complicated by the fact that historical and ongoing petroleum 

contamination unrelated to oil spills is known to exist in rivers. In the Kalamazoo River, 

hydrocarbon fingerprinting revealed significant petroleum contamination from other sources, 

mainly of pyrogenic origin (i.e., fossil fuel combustion), as detailed in a consultant’s report to the 

US EPA (Newfields 2013). This seems to be the case in other rivers. Hydrocarbon fingerprinting 

and toxicological studies that were conducted on the Delaware River before the Athos spill 

occurred found that nonpoint urban sources and discharge from an oil refinery were important 

(Uhler et al. 2005, Alexander et al. 2005, Hall and Burton 2005). Fish collected in the Delaware 

Bay showed exposure to hydrocarbon toxicity and cytochrome P4501A induction (McCoy et al. 

2002, Pickney and Harshbarger 2006, Pena 2015), and bivalves were enriched with 

hydrocarbons, especially close to the refinery (Salazar et al. 2005), The relative toxicity of 

petroleum compounds from other sources vs. from the Enbridge pipeline release is unknown, but 

the best indication comes from comparison of oil-impacted sites to the upstream reference site.   

 Studies of the long-term impacts from marine oil spills such as the Exxon Valdez have 

observed impacts to the highest trophic levels. The lack of baseline (pre-spill) data along with 

intensive clean-up actions have often confounded the ability to detect toxic effects of the oil 

itself (Paine et al. 1996). Hydrocarbon biomarkers from the Exxon Valdez spill have been 

detected 25 years later though the oil is weathering (Carls et al. 2016, Nixon et al. 2013, Irvine et 

al. 2006). Hydrocarbons in mussels from oiled beds (Boehm et al. 2004), and pink salmon 
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habitat (Carls et al. 2004b) are returning to background concentrations. However, pacific herring 

and pink salmon exposed to even low levels of hydrocarbons show heart deformities and reduced 

swimming speed (Incardona et al. 2016). Impacts and recovery have been documented in sea 

otters (Bodkin et al. 2002), river otters (Bowyer et al. 2003), salmon (Murphy 1999) and birds 

such as the Pigeon Guillemot eight years following the spill (Seiser et al. 2000). Harlequin ducks 

showed population impacts and cytochrome P- 450-1-A induction 10 years after spill (Esler et al. 

2002). Food web risks to higher trophic levels were thought to be low (Boehm et al. 2004). 

Herring populations and some orca pods were likely heavily impacted, and these populations 

may never recover though other causes could be important (Paine et al. 1996, Peterson et al. 

2003). Recovery from impacts to the food web and higher trophic levels can be protracted 

(Peterson et al. 2003). Studies following the Deepwater Horizon oil spill showed that clean-up 

actions negatively affected coastal marshes (Mendelssohn et al. 2011). Long term studies 

following spills on rivers appear to few (i.e. Gasconade River, Delaware River).  Research from 

marine spills can last decades and provide insight into future impacts on wildlife in the 

Kalamazoo River.  

 

Metal uptake  

 I hypothesized that metal uptake could occur if the submerged oil contained these metals, 

and that I would observe increased metal uptake in crayfish collected from areas where 

macroinvertebrates were the most impacted by the oil spill. My hypothesis was not supported 

because I did not observe elevated concentrations of Ni or V in particular in my limited sampling 

of crayfish (Figure 6). Elevated metals were expected, especially in the crayfish hepatopancreas, 

and perhaps elevated Ni in the exoskeleton (Kouba et al. 2010). Nickel appears to be high 
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compared to some previous studies (Kouba et al. 2010, Lawrence 1992), but an increase 

attributable to the oil spill could not be detected.  

 Hydrocarbons in general contain metals, but Athabascan bitumen is particularly high in 

certain metals including nickel (Ni) and vanadium (V) (Zuliani et al. 2016, Jensen Fontaine et al. 

2014, Millson et al. 1966). Vanadium was taken up by Hyalella azteca in proportion to exposure 

concentrations, although these were lab solutions (Jensen-Fontaine et al. 2014). Vanadium metal 

uptake has been studied following marine oil spills (Morelles-Caselles 2008, Lavilla et al. 2006, 

Sadiq and McCain 1993). Chironomidae were found to bioaccumulate V and Ni in ponds (Baker 

et al. 2012). Livers from white suckers collected from oil sands tailings ponds had metal 

concentrations of 0.4 mg/kg for V and Ni 0.8 to 0.21 mg/kg (Arens et al. 2015). Trout 

hepatocytes were found to express metallothionein when exposed to river water and oil sands 

process water (Gagne et al. 2012). Metals including nickel and vanadium were found in clams in 

the Gulf near Kuwait, and tissue concentrations appeared to increase with seawater 

concentrations (Sadiq and McCain 1993). Caged marine crabs and clams show biomarker 

responses to marine oil spills (Morales-Caselles et al. 2008). Oil sands process water and water 

exposed to oil sands showed toxicity to algae, which was attributed to vanadium (Debenest et al. 

2012). Vanadium was detected in fish otoliths in marshes following the Deepwater Horizon spill, 

but concentrations were variable and did not differ from reference samples (Lopez Duarte et al. 

2016). Vanadium and Ni uptake was found in mussels and whelks following a marine oil spill 

(Amiard et al. 2004). Metal concentrations were spatially variable but greater following the spill, 

reaching up to 4 µg/kg five months after the spill (Chiffoleau et al. 2004). However, increased 

metal concentrations were not found in tissues of seals, otters and small dolphins (Ridoux et al. 

2004). Vanadium is more soluble under alkaline conditions, and its toxicity is based on oxidative 
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state (Puttaswamy and Liber 2012, Puttaswamy and Liber 2011). Ni is more toxic with 

increasing alkalinity (Puttaswamy and Liber 2012). 

 Field collections of crayfish were collected in January 2012, which was the winter after 

peak clean-up of submerged oil occurred (Fitzpatrick et al. 2015). The Kalamazoo River is a 

typical urban contaminated river (Baas 2009), and the results may not be surprising because 

metal contamination from other sources is present in urban streams (Lawrence 1992, Kouba et al. 

2010). Additionally, vanadium in bitumen may not be bioavailable because it is bound in organic 

porphyrin rings in bitumen (Zuliani et al. 2016, Chiffaleau et al. 2004). Also, while bitumen is 

rich in V, the processing itself extracts the metals and some may have been lost in the leachate 

(Puttaswamy and Liber 2011, Giesy et al. 2010). Crayfish collected from a site impacted by the 

oil spill did not show elevated metals based on our limited sampling. However, V and Ni in 

crayfish collected from the Kalamazoo River reflect metals collected in crayfish elsewhere and 

from urban impacted streams.  

 

Possible impacts on fish and other higher trophic levels 

 This study did not directly assess the impacts of the oil spill on higher trophic levels, 

although the macroinvertebrates studied supported food webs of aquatic (e.g., fishes, turtles) and 

terrestrial consumers (e.g., spiders, birds). One study did show that fishes were directly impacted 

by the oil spill; fish collected from oil impacted reaches three weeks after the spill showed 

EROD and cyctochrome P450 1A responses and changes to immune function. Gills and livers 

showed lesions and abnormalities (Papoulias et al. 2014). Although this was the only fish 

toxicity study conducted for the Kalamazoo river oil spill, exposure to and impacts of petroleum 

hydrocarbons to fishes have been extensively studied elsewhere (Van der Oost et al. 2003, 
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Stegeman et al. 1991). Exposure of fish embryos to marine oil spills is known to produce 

deformities and heart arrhythmia (Irie et al. 2011, Jefferies et al. 2015, Incardona et al. 2012).  

 The toxicity of bitumen in freshwater may not resemble that of conventional crude oil 

because of the unique chemistry of the bitumen, which is already a highly weathered crude 

(Madison et al. 2015, Philibert et al. 2016, Gagne et al. 2012). Blood plasma from wild fish 

collected from the Athabasca River had some indication of contaminants (Simmons and Sherry 

2016). Naphthenic acids were found in fish tissue if exposed to naphthenic acid in the laboratory, 

but was not observed in wild fish caught in the Athabasca River (Young et al. 2011). Mining and 

processing of oil sands crude as well as other factors could have effects on fish densities and 

condition in the Athabasca River (Schwalb et al. 2015, Timoney and Lee 2011, Headley and 

Akre 2001). 

 Direct exposure to oil sands bitumen has been shown to produce heart deformities, 

cytochrome P450 1A expression, and reproductive problems in fish (Philibert et al. 2016, 

Madison et al. 2015, Colavecchia et al. 2004). Studies that have looked at the impacts of 

unprocessed bitumen have demonstrated larval mortality, spinal deformities, and pericardial 

edema arrhythmia in fathead minnows (Colavecchia et al. 2004 and 2006). Trout hepatocytes 

exposed to Athabasca River sediment showed changes in gene expression (Gagne et al. 2012). 

The slimy sculpin showed EROD expression when exposed to oil sands sediments from the 

Steep Bank River in the Athabascan area (Tetreault et al. 2003). Exposure of zebrafish to diluted 

bitumen versus sweet crude and sour crude showed fish exposed to diluted bitumen had 

pericardial edema, which affected mortality and behavior. This was dependent on the amount of 

polycyclic aromatic hydrocarbons in the water, and diluted bitumen could be more or less toxic 

than conventional crude oils (Philibert et al. 2016). Deformities, pericardial edema, and oxidative 



192 

stress were measured on Japanese Medaka fish embryos after exposure to diluted bitumen in 

water as well if water was chemically treated with the dispersant Corexit® was added (Madison 

et al. 2015).  

 Studies from oil sands processing ponds in the Athabasca region are informative for 

predicting impacts on the Kalamazoo River. An interesting aspect of bitumen processing is that 

the extraction process leaves metals and naphthenic acids in the waste process water stored in 

tailings ponds (Giesy et al. 2010). Oil sands process water containing naphthenic acid is 

particularly toxic to fishes (Morandi et al. 2015). Naphthenic acids are a component of oil sands 

that is water-soluble and toxic (Headley and Martin 2004, Headley et al. 2016, Kavanagh et al. 

2009, Scott et al 2005, Ross et al. 2012, Gagne et al. 2012, Gagne et al. 2013). Fathead minnows 

had poorer reproductive success when exposed to process water ponds (Kavanagh et al. 2011, 

Kavanagh et al. 2012). Studies using naphthenic acids from oil sands process water and 

commercial extract water in particular found deformities in yellow perch and Japanese medaka 

embryos (Peters et al. 2007), and in young yellow perch (Nero et al. 2006). Exposure using 

extracts led to only short-term and not long-term immune responses (MacDonald et al. 2013). 

Exposure to untreated oil sands process water led to growth deformities and pericardial 

arrhythmia and gene expression in fathead minnows (He et al. 2012, Wiseman et al. 2013), and 

in Japanese medaka fish (Alharbi et al. 2016). Adult white suckers (fish) from tailing ponds had 

increased cyctochrome P450 1A and EROD expression (Arens et al. 2015). Caged trout in tailing 

ponds showed altered immune responses (McNeill et al.  2012). Adult yellow perch collected 

from ponds had lesions and gill deformities (Van den Heuvel et al. 2000). Currently, studies do 

not show if diluted bitumen is more or less toxic than conventional crude. Bitumen found in 

natural deposits, diluted bitumen and oil sands process water contain components of bitumen are 
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potentially toxic to fishes. These studies suggest that certain components such as naphthenic 

acids are particularly toxic. These studies are also informative for estimating future toxic and 

sublethal impacts to wildlife exposed to the submerged oil.  

 Oil sands mining in the Athabasca region has caused impacts on mammals and birds 

(Kelly et al. 2009 and 2010, Kurek et al. 2013, Hodson 2013), and studies conducted there are 

useful for understanding impacts on the Kalamazoo River. Atmospheric contamination from oil 

sands development can impact local lakes (Hazwinkel et al. 2008, Ross et al. 2012, Evans and 

Talbot 2012, Parsons et al. 2010) though PAHs from forest fires could also contribute (Ahad et 

al. 2015). Petroleum hydrocarbons have been detected in scat of larger mammals such as moose 

and wolves (Ludin et al. 2015). Macroinvertebrates from tailing ponds had reduced diversity 

with increased Chironomidae abundance (Bendell Young 2000), and macroinvertebrates showed 

hydrocarbon bioaccumulation (Wayland et al. 2008). Petroleum compounds in invertebrates 

could be transferred to higher trophic levels and could extend to the terrestrial food webs by 

emergent insects that are consumed by birds such as swallows (Fleeger et al. 2003, Kolvalenko 

et al. 2013). Constructed wetlands from tailings water were able to support swallow populations 

that did not seem negatively impacted (Gentes 2007, Harms et al. 2010), though immune 

function was impacted (Cruz Martinez et al. 2015). Metals such as vanadium were found in 

aquatic macroinvertebrates from ponds, and emerging insects were consumed by swallows. 

Metal concentrations appear that concentrations may be below that which is toxic (Goodwin et 

al. 2016, Baker et al. 2012). Food web impacts in the case of the Kalamazoo River oil spill could 

be important but are currently unknown (McKnight et al. 2015). 
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Other ecosystem impacts 

 This study was also able to examine short-term impacts to nutrients and primary 

production after the Kalamazoo River oil spill. Phosphorus concentrations in the Kalamazoo 

River appeared to quickly increase in the soluble reactive phosphorus (SRP) component shortly 

after spill, but even a few days after the spill and within one month, most P was in the particulate 

fraction as is typically observed in the river (Chapter 1; also Reid and Hamilton 2007), 

suggesting a quick recovery. One hypothesis is that P contained in algae was released, increasing 

SRP, which was soon taken up as algae recovered. Studies from the Athabascan region support 

these results. Exposure to bitumen on sediment reduced biofilm chlorophyll a and bacteria 

(Yergeau et al. 2013) and benthic algal communities (Burton and Locke 1981, Lavoie et al. 

2011). Exposure to oil sands process water negatively influenced phytoplankton communities in 

ponds (Leung et al. 2001, Leung et al. 2003).  

 Benthic algal biomass appeared to recover quickly based on chlorophyll-a measurements 

on artificial substrata in this study (Figure 8), although this conclusion may not apply to natural 

substrata that became covered with fine sediment during the protracted clean-up actions. Brick 

artificial substrata were buried in the 13.8 mile site, with one 30% buried and three others 

completely buried and not analyzed for benthic algae. Additionally, cobble appeared to be free of 

benthic algae (Walterhouse 2010). Benthic algal biomass measured as chlorophyll-a showed 

similar patterns in November 2010 and in 2011, and appear similar to benthic chlorophyll-a 

measurements made in 2010 before the spill or sites downstream of Morrow Lake (Chapter 2). 

Benthic chlorophyll-a concentrations were found to increase when exposed to oil on limestone 

bricks (Locke et al. 1981a), and algae increased when bricks were dipped in oil (Locke et al. 

1981b). Phytoplankton were impacted negatively by the Deepwater Horizon spill, but the oil 
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spill also stimulated growth (Ozhan et al 2014). Algal production appears to be impacted 

differently when toxic impacts can reduce growth and alter communities, but reduced grazing by 

macroinvertebrates can lead to an increase in biomass.  

It is likely impossible separate the effects of the oil from the clean-up in the case of the 

Kalamazoo River. Hundreds of boats worked on the river, and agitation and dredging of 

sediments increased the turbidity and total suspended solids of the river water (Figure 7), causing 

visible siltation of benthic habitats. Macroinvertebrate densities could have been reduced in the 

oil-impacted reaches as much because of the intensive clean-up actions as the direct toxicity of 

the spilled oil, which may explain the reduced macroinvertebrate densities at the 34.5 mile site in 

2011. A consulting firm conducted a more thorough analysis of sediment resuspension and 

potential negative effects on fishes caused by agitation actions and found some impacts 

(Bejarano et al. 2012). 

 

CONCLUSIONS 

 Benthic macroinvertebrates in the Kalamazoo River, though highly impacted by the 2010 

oil spill and its clean-up actions, have shown recovery. The river experienced one of the largest 

inland oil spills and the released bitumen led to large amounts of submerged and sunken oil. Like 

previous studies that examined massive freshwater oil spills, macroinvertebrates were reduced 

but partially recovered within one year (based on data from my Hester Dendy and Leaf Pack 

samplers and the rapid bioassessments of Matousek and Walterhouse 2013) and evidently fully 

recovered within two years (Matousek and Walterhouse 2013). This spill was different from 

conventional crude oil spills because sunken bitumen was found in depositional and floodplain 

habitats along the river. The clean-up was costly and destructive, and oil likely remains in 



196 

depositional zones. One year after the spill, some sub-lethal impacts were measured using in-situ 

bioassays, which suggests some impacts to benthic animals. Oil-derived metal bioaccumulation 

in crayfish was not detected. The Kalamazoo River has a legacy of contamination that makes 

separating the impacts of the spill from preexisting impacts difficult. 

 Macroinvertebrates were markedly reduced in the months after the oil spill. 

Hydropsychidae caddisflies—one of the most dominant taxa in the river—were virtually 

eliminated. Nutrient data suggest that there was a possible quick loss of algal production because 

of the change from particulate to dissolved forms of phosphorus, but this was apparently 

followed by rapid recovery. Benthic algal biomass accrual on artificial substrata appeared to be 

comparable to the upstream reference site within a few months, and there were no differences 

between 2010 and 2011, although benthic algal biomass may have been reduced on natural 

substrata that were more subject to siltation during clean-up actions. 

The clean-up of the Kalamazoo River was one of the longest and costliest in history, 

involving four years of recovery of sunken oil from depositional habitats using highly invasive 

procedures (agitation and dredging). Nevertheless, the observations in this study indicate that the 

clean-up was successful and that the benthic macroinvertebrate communities in the river appear to 

have largely recovered within 1-2 years. However, studies from the Athabascan oil sands region 

and the documented ecological legacies of marine oil spills suggest that longer-term risks of 

sublethal toxicity from residual bitumen in the river sediments may still exist. 

The Kalamazoo River is a river that has shown high resilience to historical contamination 

from paper making, dam building and other structural modifications. Many dams in the United 

States are failing and being removed. Studies have shown that macroinvertebrate communities 

appear to recover after dams are removed. However, run-of-river dams are becoming an 
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attractive option for renewable energy worldwide. This work showed that increased water 

retention time in reservoirs along river systems with excess nutrients like the Kalamazoo River 

are likely to increase the production of algae and degrade downstream water quality. Chapter 1 

showed patterns between suspended algae and nutrients under either high or low summer 

discharge. Climate change in Michigan could lead to changes in the timing and intensity of 

precipitation events, and this work provides some information related to biological responses to 

extremes of discharge. The total maximum daily load (TMDL) on the Kalamazoo should take 

into account patterns downstream of Morrow Lake. Using a semi-Lagrangian approach, Chapter 

1 also found that certain nutrients were transported in particulate forms during high flow and 

transported in inorganic forms during low flow. Longitudinal studies can show important spatial 

patterns related to algae and nutrients.  

Chapter 2 shows potential food web implications of algal subsidies exported from 

Morrow Lake, a run-of-river reservoir, under a range of discharges. Hydropsychidae and 

Heptageniidae appeared to isotopically follow the subsidy from Morrow, though only a limited 

downstream. This study found that this is still one of the longest subsidies of suspended algae 

downstream from a reservoir. Other taxa in the Kalamazoo River had δ13C comparable to snail 

δ13C, and snails δ13C often follow epilithon δ13C. This work highlights that food webs in rivers 

like the Kalamazoo are complex. Floodplain connectivity and locally produced benthic algae are 

important. More work is needed to understand the role of seston in food webs and the impacts of 

dams like Morrow Lake on seston.  

Chapter 3 described the largest bitumen spill in the United States, which occurred on the 

Kalamazoo River. This study found that macroinvertebrates were reduced and moderately 

recovered after one year and likely fully recovered after two years. Results from the in-situ 
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bioassays indicate that there were some sub-lethal impacts in the river one year later. Historical 

and other sources of polyaromatic hydrocarbons are important. Metals commonly found in 

bitumen did not appear to bioaccumulate in stream organisms like crayfish. Our work on insect 

densities and food webs from Chapter 2 provide additional insight into the impacts of the 

Kalamazoo River spill and possible food web impacts. Rivers the size of the Kalamazoo River are 

abundant and many have reservoirs or multiple reservoirs like the Kalamazoo River. The 

cumulative impact of these reservoirs is not well understood, but will be important. 
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Table 3.1 Freshwater oil spills that were comparable to Kalamazoo River including size in 
gallons and year. 
 

River Year Volume spilled (Millions L) Source 

Delaware 2004 1.0 Aquatic Technical Working Group 2007 

Monongahela and Ohio   1988 2.7 Cronk et al. 1990 

Peace River (Muskeg) 2011 4.5 www.cbc.ca 

Gasconade   1988 3 Poulton et al. 1997 

Chariton                        1990 4.2 Poulton et al. 1998 

Yellowstone 2011 0.24 State and Federal Trustees State of MT and U.S. 

Yellowstone 2015 0.11 Scientific America 

Arkansas 2013 1.4 Crosby et al. 2013 

Saskatchewan 2016 0.25 globalnews.ca 
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Table 3.2 Field collection from the-situ bioassay experiment. Stream velocity measurements in 
flowing habitats and depositional habitats and dissolved oxygen measurements in the Kalamazoo 
River. 
 

Site Flow (m/s) Dissolved oxygen (%) 

Marshall, MI   

Flow 0.2 89.0 

Depositional 0.1 93.1 
   

Above Talmage   

Flow 0.3 109.0 

Depositional 0.1 116.0 
   

11-mile road (9.5 mile site)   

Flow 0.3 98.5 

Depositional 0.1 100.0 
   

Main St. Battle Creek, MI (13.8 mile site)   

Flow 0.5 89.6 

Depositional 0.1 63.1 
   

Galesburg, MI (34.5 mile site)   

Flow 0.4 86.5 

Depositional 0.1 71.4 
   

Inflow to Morrow Lake   

Flow 0.1 91.3 

Depositional 0.0 77.0 
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Table 3.3 Results of the Two Tailed T-tests performed to compare oil-impacted sites with the 
upstream reference site (Marshall, MI) for Hester Dendy samplers collected from the Kalamazoo 
River (sites correspond with Figure 3.1) 
 

 

 

 

 

 

 

 

Hester Dendy Sampler        

                       Hydropsychidae        Heptageniidae          Chironomidae             Plecoptera   Total        

2.25 miles (15 Mile Road)   

2010      DF=6 T-stat=1.47        DF=6 T-stat=2.77       DF=6 T-stat=-0.22        DF=6 T-stat=0.55        DF=6 T-stat=0.657        
  p>0.05                p<0.05                p>0.05              p>0.05                        p>0.05   
  
2011      DF=5 T-stat=2.94         DF=5 T-stat=8.69      DF=5 T-stat=-12.21      DF=5 T-stat=3.51        DF=5 T-stat=-4.66        

p<0.05                p<0.05                p<0.05              p<0.05                         p<0.05        
9.5 miles (11 Mile Road) 

2010      DF=6 T-stat=10.92       DF=6 T-stat=3.66      DF=6 T-stat=4.05          DF=6 T-stat=7.63       DF=6 T-stat=5.28       
                         p<0.05                p<0.05                p<0.05               p<0.05                        p<0.05        
 
2011      DF=5 T-stat=7.28         DF=5 T-stat=10.50    DF=5 T-stat=2.06          DF=5 T-stat=-0.13      DF=5 T-stat=6.14          

p<0.05                p<0.05                p>0.05               p>0.05                         p<0.05        
13.8 miles (Main St, Battle Creek) 

2010       DF=6 T-stat=22.43      DF=6 T-stat=7.20      DF=6 T-stat=4.80          DF=6 T-stat=3.54        DF=6 T-stat=8.44      
             p<0.05               p<0.05                p<0.05   p<0.05                        p<0.05        
 
2011       DF=5 T-stat=4.72        DF=5 T-stat=8.71      DF=5 T-stat=3.55          DF=5 T-stat=-0.99       DF=5 T-stat=7.31       

            p<0.05               p<0.05                p<0.05  p>0.05                         p<0.05             
30 miles (Fort Custer Recreational Area) 

2010       DF=4 T-stat=1.60        DF=4 T-stat=2.30      DF=4 T-stat=- 2.14        DF=4 T-stat=-6.96       DF=4 T-stat=-0.29       
p>0.05               p>0.05                           p>0.05             p<0.05                          p>0.05  

 
2011       DF=5 T-stat=1.60        DF=5 T-stat=1.59      DF=5 T-stat=14.90        DF=5 T-stat=-3.72       DF=5 T-stat=4.83       

p>0.05               p>0.05                           p<0.05             p>0.05                          p<0.05  
34.5 miles (Galesburg, MI) 

2010    DF=5 T-stat=0.51       DF=5 T-stat=1.32       DF=5 T-stat=- 2.75        DF=5 T-stat=-10.5       DF=5 T-stat=-1.3      
P>0.05               p>0.05                           p>0.05  p<0.05                           p>0.05  

 
2011       DF=5 T-stat=0.50       DF=5 T-stat=2.02       DF=5 T-stat=16.19        DF=5 T-stat=-6.21       DF=5 T-stat=9.05        

p<0.05               p<0.05                           p<0.05             p<0.05                           p<0.05  
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Table 3.4 Individuals were arranged by functional feeing group in each site in 2010. Results of 
the Two Tailed T-tests performed for each functional feeding group to compare oil-impacted 
sites with the upstream reference site (Marshall, MI). Macroinvertebrates sampled from Hester 
Dendy samplers collected from the Kalamazoo River in 2010 (sites correspond with Figure 1). 

 

 

 

 

 

                                                     Shredder               Filter-Collector   Collector-Gatherer/Scraper Predator 

2.25 miles (15 Mile Road) 

2010        DF=6 T-stat=2.74        DF=6 T-stat=1.70       DF=6 T-stat=0.17            DF=6 T-stat=-1.02 
     p<0.05                p>0.05               p>0.05              p>0.05   
  
9.5 miles (11 Mile Road) 

2010         DF=6 T-stat=7.25        DF=6 T-stat=8.11       DF=6 T-stat=4.46         DF=6 T-stat=1.00  
     p<0.05                p<0.05                p<0.05              p>0.05   
  
13.8 miles (Main St, Battle Creek) 

2010        DF=6 T-stat=2.88        DF=6 T-stat=25.8       DF=6 T-stat=7.16         DF=6 T-stat=0.80  
     p<0.05                p<0.05                p<0.05              p>0.05   
  
30 miles (Fort Custer Recreational Area) 

2010         DF=4 T-stat=-6.03       DF=4 T-stat=2.42       DF=4 T-stat=-0.73          DF=4 T-stat=0.11 
     p<0.05                p<0.05                p>0.05              p>0.05   
  
34.5 miles (Galesburg, MI) 

2010         DF=5 T-stat=-9.04        DF=5 T-stat=0.11       DF=5 T-stat=-1.34          DF=5 T-stat=1.98 
     p<0.05                p>0.05                p>0.05             p>0.05   
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Table 3.5 Results of the Two Tailed T-tests performed to compare oil-impacted sites with the upstream reference site (Marshall, MI) 
for leaf pack samplers collected from the Kalamazoo River (sites correspond with Figure 3.1).  
 
Leaf Pack Samplers       

Hydropsychidae        Heptageniidae       Chironomidae            Total                     Plecoptera 
 
Above Talmadge     
                                   DF=10, T-stat=-7.04    DF=10, T-stat=-6.48  DF=10, T-stat=-1.93   DF=10, T-stat=-5.50   DF=10, T-stat=-8.51 
    p<0.05                  p<0.05             p>0.05                     p<0.05                            p<0.05 
 

 

 
2.25 miles (15 Mile Road)   

             DF=13 T-stat=-2.46     DF=13 T-stat=-5.67    DF=13 T-stat=-2.29    DF=13 T-stat=-2.97    DF=13 T-stat=-9.23   
              p<0.05                  p<0.05  p<0.05                      p<0.05                           p<0.05 
                
 
9.5 miles (11 Mile Road) 

2010             DF=13 T-stat=3.26      DF=13 T-stat=3.13      DF=12 T-stat=2.29     DF=12 T-stat=1.68     DF=12 T-stat=-2.29   
p<0.05                 p<0.05             p<0.05                     p>0.05                            p<0.05 

 
2011             DF=6 T-stat=3.21        DF=6 T-stat=3.23         DF=6 T-stat=10.14     DF=6 T-stat=6.54       DF=6 T-stat=-0.60    
                                               p<0.05                 p<0.05             p<0.05                     p<0.05                            p>0.05 
 
 
13.8 miles (Main St, Battle Creek) 

2010             DF=14 T-stat=2.67      DF=14 T-stat=3.78      DF=14 T-stat=3.94     DF=13 T-stat=-0.024   DF=14 T-stat=-11.9  
p<0.05                  p<0.05  p<0.05                     p>0.05                            p<0.05 

 
2011             DF=6 T-stat=1.34       DF=6 T-stat=3.59         DF=6 T-stat=11.30     DF=6 T-stat=5.86        DF=6 T-stat=-1.0      
    p>0.05                  p<0.05  p<0.05                    p<0.05                             p>0.05 
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Table 3.6 Results of the Two Tailed T-tests performed to compare oil-impacted sites with the 
upstream reference site (Marshall, MI) for a Hyalella azteca in-situ bioassay conducted in the 
Kalamazoo River (sites correspond with Figure 3.1). 

 

 

 

 

 

 

In-situ bioassays   

Survival                  Growth 

Above Talmadge      
Flow        DF=8, T-stat=-1.93              DF=7, T-stat=0.56 
    p>0.05         p>0.05     
 
Depositional       DF=8, T-stat=-2.61                   DF=6 T-stat=-0.46 
    p>0.05         p>0.05     
11 Mile Road 
 Flow                              DF=8, T-stat=-1.43     DF=7, T-stat=-2.41     

 p>0.05                                     p<0.05 
  
Depositional        DF=8 T-stat=-1.39                                    DF=6, T-stat 1.05 
                                                 p>0.05                               p>0.05 
Main St, Battle Creek 

Flow                               DF=8, T-stat=-0.021                   DF=7, T-stat=2.35 
 p>0.05                                p=0.05 

 
Depositional        DF=8 T-stat= -1.59             DF=6, T-stat=3.84 
                p>0.05                            p<0.05      
Galesburg, MI 

Flow                              DF=8, T-stat=--1.98                   DF=7, t-stat = 2.12 
 p>0.05                       p>0.05               

 
Depositional                     DF=8 T-stat=0.47                         DF=3, T-stat=1.98 
    p>0.05         p>0.05     
Inflow to Morrow Lake 

Flow                              DF=8, T-stat=-4.25                               DF=8, T-stat 1.38 
 P<0.05                     p>0.05     

 
Depositional                     DF=8 T-stat=-0.060              DF=4 T-stat=2.33            
                p>0.05                               p>0.05     
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Table 3.7 Results of in-situ bioassay lab and field controls. Field controls were taken into the 
field and then left in beakers over the length of the experiment. Lab controls were selected on 
day of experiment and kept in aerated beakers through the experiment. 
  

Date Lab Control Field Control 

August 8, 2011 

Finished August 17th 2011 

4 

 

Field Control- 9 on day of experiment and one 

alive 

Field Control- 6 on day of experiment and 0 at 

end 

 

August 9, 2011 

Finished August 18th 2011 

 

6 

Field Control-9 on day of deployment of 

experiment and 7 alive 

Field Control -7 on the day of experiment and 5 

alive 

August 10, 2011 

Finished August 19th 2011 

7 

 

Field control 9 on day of deployment and only 

one alive 

Field Control 9 on day of deployment and 8 alive 
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Figure 3.1 Map of the Kalamazoo River in southwest Michigan (inset shows the watershed). 
Black stars represent sampling sites, with the reference site above Talmadge Creek where the 
pipeline rupture occurred.  
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Figure 3.2 Results of in-situ Hester-Dendy artificial substratum samplers deployed in autumn 
2010 and 2011. Bars represent total number of invertebrates on the samplers at the sites, which 
are identified by mile points downstream of where the oil entered the river. Two tailed T-tests 
were performed to compare oil-impacted sites with the upstream reference site (* p<0.05 in 2010 
and * p<0.05 in 2011).  
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Figure 3.2 (cont’d) 
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Figure 3.3 Taxa arranged by functional feeding groups in 2010. Taxa were sampled by Hester 
Dendy samplers and deployed in September 2010. Bars represent total number of invertebrates 
as arranged by functional feeding groups. Heptageniidae (scraper) and Hydroptilidae were added 
to the Collector Gatherer functional feeding group. Sites are denoted by mile points downstream 
of where the oil entered Talmadge Creek, a tributary of the Kalamazoo River. Two tailed T-tests 
were performed to compare oil-impacted sites with the upstream reference site (* p<0.05). 
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Figure 3.4 Results of in-situ leaf-pack samplers deployed in late Fall 2010 (a.) and 2011 (b.).  
Bars represent macroinvertebrate abundances on the samplers at the sites, which are identified by 
mile points downstream of where the oil entered the river.   Two tailed T-tests were performed to 
compare oil-impacted sites with the upstream reference site (asterisks represent significant 
differences at p<0.05). Top figure represents (a.) 2010 and bottom is  (b.) 2011.  
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Figure 3.5 Numbers of macroinvertebrate taxa observed in the Rapid Bioassessment Procedure 
conducted by the Michigan Department of Natural Resources (Matousek and Walterhouse 2013). 
Previous sampling conducted by the Department of Natural Resources occurred in 2004 
Marshall, MI upstream reference site, no previous sampling occurred at the 2.25 mile site, in 
2008, multiple samples were collected but only one is presented here at the 9.5 mile site and 
2009 at the 21.25 mile site. No replicates were collected during the Rapid Bioassessment 
Procedure.  
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Figure 3.6 Results of in-situ bioassays using the amphipod Hyalella azteca, showing percent 
survival (a) and growth rate (b) in flowing water and depositional habitats. Two tailed T-tests 
were performed to compare oil-impacted sites with the most upstream reference site (Kalamazoo 
River at Marshall) (* p<0.05.). 
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Figure 3.7 Metal concentrations in tissues of crayfish (Orconectes sp.) at an oil-impacted site 
(mile 9.5) compared to an upstream reference site on the Kalamazoo River at Marshall. Tissues 
samples include muscle (a), hepatopancreas (b), and carapace (c). Samples are composites of ~10 
individuals. 
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Figure 3.7 (cont’d) 
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Figure 3.8 Total suspended solids concentrations from sites above and below the point of oil 
entry into the river at the confluence with Talmadge Creek (mile points 2.5 to 34.5) sampled 
post-spill in August 2010 and comparison of historical measurements of total suspended solids at 
30 and 34 miles downstream to measurements made during the years 2008 and July 2010. 
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Figure 3.9 Water clarity as measured by turbidity tube from sites at 2.5 to 34.5 miles downstream 
on the Kalamazoo River post oil spill (0 is the confluence at Talmadge Creek). Previous 
measurements (July 2010) include the most downstream sites at 30 and 34.5 miles downstream. 
Sites above the spill include Marshall, MI and just upstream of the confluence at Talmadge 
Creek.  
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Figure 3.10 Phosphorus fractions along the Kalamazoo, showing (a) samples collected before the 
spill in July 2010;  (b) samples collected on July 27th,  just after the spill reached the most 
downstream sections; (c) samples collected on August 4th and (d) samples collected at the end of 
August 2010. Note that in this figure 0 km represents Morrow Lake, and negative distances 
reflect sites upstream of Morrow Lake and positive distances are sites downstream towards Lake 
Michigan. 
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Figure 3.10 (cont’d) 
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Figure 3.11 Benthic algal chlorophyll-a accrual on artificial substrata at sites above and below 
the point of oil entry into the river at the confluence with Talmadge Creek (mile points 2.5 to 
34.5). Artificial substrata were collected late October 2010 after the oil spill on the Kalamazoo 
River and again in October 2011. 
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